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Bee diversity is declining globally. On a European scale, roughly 10% of the species are 
considered threatened, but the number may be even higher. The threatened status of bees 
depends on both the taxonomic and spatial scale. For instance, a relatively high proportion of 
species within the cold adapted Bombus are expected to decline due to global warning. 
Moreover, numbers may differ among regions and about 25% of the bee species in Norway are 
considered threatened. Halting or reversing this decline requires that we understand the main 
drivers of bee diversity within regions. Species-poor regions where the autecology of species 
are relatively well known may provide valuable model systems for studying the processes 
behind community assembly. Indeed, due to the low numbers of species and steep 
environmental gradients one may expect a relatively rapid species turnover over short 
geographic distances in Norway. 
The aim of this thesis was to identify important drivers of bee diversity in Norway. Bee-flower 
networks from different regions of the world were used to test for the influence of global scaled 
processes on community assembly (Paper I). We tested if the phylogenetic turnover among 
Bee-flower networks (i.e. bee communities) increased with geographic distances, thus 
indicating an influence of speciation and migration, and with dissimilarities in climatic 
conditions, thus indicating global ecological filtering. We also tested if the niche overlap, in 
terms of visitations to plant species, was determined by the bee phylogeny, thus indicating 
within community ecological filtering. We used bee communities sampled in power line 
clearings surrounded by boreal forests as model systems for studying the influence of dispersal 
limitation, ecological filtering and ecological drift on the distribution of species within the 
metacommunity (Papers II-V). We established an experiment within this system to test how, 
and under which conditions, different management practices could improve power line 
clearings for wild bees (Paper IV). 
Global scaled processes acting through speciation, migration and ecological filtering explained 
differences in the phylogenetic diversity of bees among regions. These results imply that the 
diversity within biogeographic regions is dominated by specific phylogenetic lineages. This 
dominance may have implications for how the regional biota is able to respond to global 
environmental change. Within the metacomunity, local bee diversity decreased with elevation 
and increased along a gradient of floral diversity, from ericaceous shrub dominated to 
floristically diverse and forb dominated. Clearing power line strips in forb-dominated sites 
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revealed that bees show strong behavioral responses to changes in local habitat quality. 
Moreover, the foraging niche overlap between species is related to their phylogeny. 
Maintaining a high floral diversity is therefore required to sustain a phylogenetically diverse 
bee species assemblage. In addition to trophic interactions with plants, we also found that non-
trophic interactions with cavity producing beetles play important roles in organizing bee 
communities. Through their production of suitable nesting sites, the diversity of these beetles 
likely facilitate the diversity of cavity nesting bees. 
Management implications: The findings in this thesis illustrate the importance of considering 
the environmental context prior to implementing cost-intensive habitat management plans. 
Moreover, since communities are dispersal limited managers should consider local habitats as 
parts of an interconnected metacommunity by developing management plans that allow species 
to recolonize restored habitats. For predictive outcomes of habitat management one should 
consider the role of ecological drift. Random extinctions may lead to the monodominance of 
one species (i.e. ecological drift). We found that high elevation sites show a greater tendency 
for monodominance of the regionally most common species. The diversity in low elevation 
sites therefore seem less susceptible to ecological drift and is more predictable indicating that 
conservation measures may be more successful at these sites.
Introduction
The bees (Hymenoptera: Apiformes) form a highly diverse taxon with approximately 20,000 
species existing today. Nearly all bees are phytophagous and collect pollen for their progeny 
(Michener 2007). Due to their foraging behavior, many bee species are important pollinators 
of wild (Ollerton et al. 2011) and domesticated plants (Gallai et al. 2009, Garibaldi et al. 2013) 
making declines in wild bee diversity (Potts et al. 2010, Ollerton et al. 2014) a matter of public 
concern. However, the vast majority of bee species, including the ones most negatively affected 
by agricultural expansion, are not efficient pollinators of crops (Kleijn et al. 2015). The 
conservation of bee diversity can therefore not be motivated solely by aims of preserving crop 
pollination in agricultural landscapes, but should also aim to preserve diverse bee species 
assemblages for their inherent value and the socio-cultural benefits of biodiversity 
(Senapathi et al. 2015).  
In order of promoting diverse wild bee communities one must understand their drivers. The 
theory of community assembly has undertaken a rapid conceptual development during the past 
two decades spurred partly by a critique of community ecology for being too case specific to 
produce general scientific laws, or theorems (Lawton 1999). This critique has increased the 
focus on how functional traits (Weiher and Keddy 1995, McGill et al. 2006, Weiher et al. 2011) 
of species and their phylogenies (Webb et al. 2002, Cavender-Bares et al. 2009) may predict 
how species respond to environmental conditions. There has also been an increased focus on 
incorporating the dependency of local scale processes on those related to dispersal and 
speciation (Ricklefs 2008, Vellend 2010) and thus synthesizing across the fields of ecology 
(Jenkins and Ricklefs 2011). Understanding the drivers of local bee diversity is therefore not 
only required for a successful conservation of wild bee communities but may also inform 
community ecology more generally. 
Evolutionary history and biogeography is essential to understanding the global distribution of 
species (Warren et al. 2014). The bees form a monophyletic group that evolved from a clade 
of predatory wasps (Spheciformes) c. 123 million years ago (Cardinal and Danforth 2013). 
Molecular phylogenies suggest that the oldest extant bee family is Melittidae 
(Danforth et al. 2013) and that it evolved in what is now Africa (Hedtke et al. 2013). Bees are 
typically thermophilic and the greatest diversity is found in xeric regions such as in the 
Mediterranean basin and it declines towards higher latitudes (Michener 2007). Long distance 
dispersals have allowed some bee taxa to expand their ranges across continents (Kayaalp et al. 
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2013) whereas others are still endemic to certain continents. For instance, the Stenotridae, a 
sister family to the Colletidae, evolved after Australia was separated from Gondwanaland and 
is endemic to Australia (Danforth et al. 2013). The timing of their origin has seemingly limited 
the emigration of the Stenotrids from Australia. In contrast, the Bombus genus which evolved 
on the Tibetan plateau c. 35 million years ago under a global cooling period (Hines 2008) has 
extended its range to the new world and all the way to southern Chile. Throughout their range, 
Bombus species are mainly confined to Temperate or Alpine areas (Michener 2007). The global 
distribution of Bombus thereby seems limited by an adaptation to cool climates. 
Within regions the distribution and diversity of bees depends on environmental conditions and 
the availability of nesting and foraging resources. Changes in human land use patterns during 
the past century has had detrimental consequences on the regional bee fauna 
(Biesmeijer et al. 2006, Potts et al. 2010) and is related to the regional extinction of some 
species (Ollerton et al. 2014). A recent assessment of the status for the 1,965 European bee 
species suggests that c. 15% of the continental fauna is threatened or near threatened, but this 
number may be higher as the status for roughly half of the fauna could not be assessed due to 
the lack of species distributions data (Nieto et al. 2014). The greatest threats to wild bees are 
related to the loss of and reduction in quality of habitats, resulting from the expansion of 
agricultural and urban areas, with particularly negative effects on habitat specialists (Nieto et 
al. 2014). However, the main threats vary among taxonomic groups and as many as 36% of the 
world’s Bombus species are expected to experience a contraction of over 80% of their home 
ranges due to climate change (Rasmont et al. 2015). Indeed, Bombus species have in general 
moved to higher latitudes and elevations during the past century (Kerr et al. 2015). In addition 
to taxon or trait-specific responses of bees to environmental change (Williams et al. 2010), 
there are considerable variations in the status of wild bees among regions within Europe. For 
instance, of the 203 species considered in the Norwegian red list c. 25% are considered near 
threatened or threatened and as many as 6% are expected to have gone regionally extinct 
(Henriksen and Hilmo 2015).  
That such a high proportion of the bee species in northern latitudes are threatened does not 
necessarily reflect their global status, but rather that these areas lie on the northern 
distributional limit of species (Nieto et al. 2014). These species would be expected to be 
confined to the southern-most parts of northern countries (e.g. Dasypoda hirtipes, Fig. 1).  
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Moreover, being on the 
distributional range limit also means 
that the regional extinction rates of 
bees may be partly offset by 
recolonizations of regionally extinct 
species and the colonization of new 
species (Ollerton et al. 2014). 
That Norway lies on the 
distributional range limits of many 
species means that the influence of 
environmental gradients, such as 
elevation, on habitat quality should 
be greater than in Southern regions. 
Moreover, although Norway has a 
relatively low diversity of wild bees 
(c. 205 species), even compared to 
that of Sweden (c. 284 species (Michener 2007)), the proportion of species within families is 
similar to that of Europe (Table 1). One might therefore expect that taxon specific responses of 
bees to environmental gradients in Norway are generally scalable to the situation in more 
specious areas. Furthermore, the low diversity of bees means that regional identification keys 
(Schmid-Egger and Scheuchl 1997, Amiet et al. 1999, Amiet et al. 2001, 2004, Amiet 2007, 
Amiet et al. 2010) and detailed information on the life histories (Westrich 1990) are available 
for most species. The steep gradients in environmental conditions and species turnover 
combined with the availability of detailed knowledge on the autecology of the regional fauna 
make species poor regions, such as Norway, ideal ‘field laboratories’ for studying the processes 
driving the assembly of bee communities. 
Four processes govern the assembly of communities: speciation; migration; ecological 
filtering; and ecological drift (Vellend 2010). In this context, competition can be viewed as an 
ecological filter that favors the strongest competitor (Lawton 1999). Speciation generates 
species diversity. Although the geographic location of speciation events clearly have a large 
influence on where species, and clades, occur (e.g. Stenotridae (Danforth et al. 2013)), 
speciation events occur on a timescale that is often not directly relevant to studies on the drivers 
Figure 1. Illustration of differing threatened status for
bees in Norway and Europe. The solitary bee
Dasypoda hirtipes is considered vulnerable (VU) in
Norway due to a reduction in its sandy habitats
(Henriksen and Hilmo 2015) which are confined to
the country’s southern coasts. In contrast, these
habitats are not as limiting a factor on a European
(Nieto et al. 2014) or even Swedish (ArtDatabanken
2015) scale where the species is considered of least
concern (LC). Photo: Sydenham, M.A.K. 
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of community assembly within regions. However, if life history traits are conserved within 
lineages and these are confined within geographic regions, biogeographic processes may still 
impose limitations on the ability of the regional fauna to respond to environmental change. 
On a regional scale, the migration rates of species determine their relative spatiotemporal 
distribution among communities (MacArthur and Wilson 1967, Leibold et al. 2004). However, 
ecological filtering may hinder species from establishing populations within communities if 
their life history traits do not match those required by the environment (Keddy 1992). Bees are 
central place foragers and must find: nest sites; nest building materials; nectar; and pollen 
resources within their foraging range, but often at different habitats (Michener 2007). Because 
of their dependence on each of these ‘partial habitats’ (Matheson et al. 1996), habitat 
disturbances can introduce ecological filters if resources available in pristine areas are lacking 
in disturbed areas. For instance, the availability of nesting sites for below ground nesting bees 
may be reduced in areas where intensive tilling occurs and thereby lead to an increased 
proportion of above ground nesting bees in local communities (Williams et al. 2010). 
Ecological filtering may also occur over elevational gradients as these select for species 
adapted to cooler climates (Hoiss et al. 2012). Moreover, within communities the diversity and 
type, of floral resources acts as an ecological filter on bees, due to different floral preferences 
Table 1. Comparison of the European and Norwegian bee fauna. The number and proportion
(prop.) of species found within the six bee families present in Europe and Norway (source:
(Nieto et al. 2014, Henriksen and Hilmo 2015)). A 2 test (df = 5, 2 = 0.01, p = 1) on the
proportion of species found within families shows that the representation of species from
different families does not differ substantially between the Norwegian and European
fauna.
 European fauna Norwegian fauna 2-test 
Family Species Prop. of fauna Species Prop. of fauna Exp. Prop. of fauna 
Andrenidae 465 0.24 42 0.20 0.22 
Apidae 561 0.29 65 0.32 0.31 
Colletidae 146 0.07 19 0.09 0.08 
Halictidae 314 0.16 36 0.18 0.17 
Megachilidae 442 0.22 39 0.19 0.21 
Melittidae 37 0.02 4 0.02 0.02 
4
among species (Potts et al. 2003). Later successional vegetation stages for instance, tend to 
select for large bodied, long tonged bees (Moretti et al. 2009).  
Whereas the process of ecological filtering is deterministic, in that it is related to differences 
in niches among species, the influence of ecological drift is neutral (Vellend 2010). Ecological 
drift is the change in the relative frequency of species due to random extinction events 
(Hubbell 2001). If there is no limitation to the migration among communities then the relative 
frequency of a species within local communities should mirror that of its regional abundance. 
In contrast, if the rate of migration is exceeded by that of random extinctions then species will 
eventually drift to extinction and one species will obtain monodominance (Rosindell et al. 
2011). Thus for interconnected communities the probability of a species occurring locally 
should be proportionate to, and predictable from its regional abundance. In contrast, in isolated 
communities the probability of relatively uncommon species occurring should be 
disproportionately low, compared to that of common species. The influence of ecological drift 
on bee communities has not previously been studied. The reason for this may be the need for 
studies that can inform habitat management to promote bee diversity (Matheson et al. 1996). 
However, in order obtain predictable outcomes of habitat management one needs to account 





The objective of this thesis was to study the processes that drive the diversity of bees in 
Norway. We used power line clearings that transect forests as a model system. Power line 
clearings are standardized in terms of: area as the width of the cleared areas are c. 40m per mast 
(i.e. c. 80 metres for double masts); have clearly defined edges; and a flora not found in the 
neighbouring forests (Eldegard et al. 2015). Moreover, power line clearings are found 
throughout Norway and the total area cleared in forests alone account for roughly 200 km2 
ensuring long gradients in elevation, site productivity and landscape context (Fig. 2). The 
standardized size of these areas together with the gradients in environmental conditions make 
them ideal for studying community assembly. Secondly, power line clearings have previously 
been shown to host diverse bee communities (Russell et al. 2005). However, unlike other 
introduced landscape elements, such as road sides (Hopwood 2008, Noordijk et al. 2009), field 
margins (Scheper et al. 2013) and hedgerows (Morandin and Kremen 2013), no habitat 
management practice that might improve these areas for wild bees has yet been suggested. 
Studying community assembly in power line clearings thereby also has the potential to provide 
bearings for management practices in these introduced landscape elements. 
 
Figure 2. Illustration of environmental conditions in power line clearings. Note the variation
in site productivity, forb diversity, landscape complexity and elevation. The lower portion
is more productive, has a higher forb diversity and landscape complexity and a lower
elevation than the upper part of the picture. Photo: Sydenham, M.A.K. 
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Main hypotheses posed in this thesis:
A: The bee phylogeny predicts community level niche overlap and biogeography ( I)
Both local ecological filtering as well as broad-scaled biogeographic processes determine local 
bee diversity. We tested if community phylogenetics provides a means to studying patterns of 
bee diversity, resulting from both within community ecological filtering as well as global 
distributional patterns stemming from speciation and long distance dispersal events. 
B: Hierarchically structured ecological filters drive bee diversity ( II)
The influence of ecological filters should be predictable from their place in the hierarchical 
order of filters (Region > Landscape > Local). Specifically, higher order ecological filters 
should be more important than lower level filters (Keddy 1992, Lawton 1999).  
C: The diversity of bees depend on non trophic interactions with non bee taxa ( III)
In addition to trophic interactions with plants, some species of bees may depend on cavity 
producing non-bee taxa for the provisioning of nesting sites. We tested if the diversity of nest 
site producing, wood boring beetles was related to the diversity of wood nesting bees. This 
would imply that a lack of wood boring beetles could act as an ecological filter. 
D: Effects of habitat management on bee diversity depend on ecological filters ( IV)
The effect of habitat management for bees in agricultural landscapes depends on the 
environmental context, such as availability of source habitats (Scheper et al. 2013). We 
established an experiment to test how differently managed parts of the power line clearing 
differed in their attraction of bees from the local community in addition, if the degree of 
attraction depended on elevation and the species richness of forbs. 
E: Both stochastic and deterministic processes drive community assembly ( V)
The aim of this study was to propose a novel framework allowing for a joint analysis of the 
influence of stochastic and deterministic processes on community assembly. We tested if bee 
communities in power line corridors are dispersal limited and if they are susceptible to 





Study system (Paper I)
In Paper I, we tested if the floral visitation patterns of bees was related to the bee phylogeny, 
as would be expected if flower type acts as an ecological filter. We also tested if the distribution 
of bees over large geographic distances and among different climatic regions was related to the 
bee phylogeny.  
We selected three sampling plots near Skedsmokorset in SE Norway. All sampling plots were 
within 1,000 metres of each other and thereby within the maximum foraging range of most bee 
species (Gathmann and Tscharntke 2002, Greenleaf et al. 2007). We walked random transect 
walks within each sampling plot and collected all bees foraging on flowers. On each day of 
sampling, one hour was spent, per sampling plot, collecting bees and noting the flower on 
which they were sampled, discounting handling time. Sampling was only conducted on sunny 
days with little or no wind and always between 11:30 and 18:00. A total of 39 days of sampling 
was conducted within each sampling plot during the flowering season of 2013 (May-
September). Observations of the flower visitations of bees were pooled across the three 
sampling plots to create one bee-flower network. In addition to the bee-flower network 
collected for this study, we also extracted the bee-flower networks included in previously 
published insect-flower networks (Rezende et al. 2007, Hegland et al. 2010, Nielsen and 
Totland 2014).  
Dataset and explanatory variables
We removed species that had not been identified to the species level and updated the species 
names so that recently synonymized pairs of species were given their correct species name. 
This resulted in a total of 26 bee flower networks and 592 species. We clustered species 
according to published phylogenies to create a proxy of a phylogenetic tree that encompassed 
all 592 species. Only the 18 bee-flower networks with  10 species were included in subsequent 
analyses. We used non-metric multidimensional scaling (NMDS) to separate the bees in each 
bee-flower network according to their floral visitation patterns. For each bee-flower network, 
all species were assigned the scores corresponding to their loadings on the different axes in the 
multidimensional floral visitation space. We calculated the geographic distances and the 
dissimilarity in climatic conditions (following Kottek et al. (2006)) between the locations 
where the 18 bee flower networks had been sampled. 
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Statistical analyses
We tested if the position of bees in the floral visitation space (NMDS) was related to the 
phylogeny of bees. This was done to test if niche-overlap is phylogenetically conserved so that 
the distribution of species among resource types (flowers) within the community can be 
explained by the evolutionary history of species. We also tested if the fraction of the phylogeny 
shared between bee-flower networks was related to the geographic distance and dissimilarity 
in climatic conditions between them. See Table 2 for an overview of statistical tests applied in 
Paper I. 
  
Table 2. Overview of hypotheses and statistical tests applied in Paper I.  
Response variable Model Note 
Hypothesis 1: The niche overlap between bee species is determined by their phylogeny 
Position of species in 




et al. 2003) 
The tests were run separately for each NMDS 
axis and for each bee-flower network. Only 
networks with at least 10 species were included 
in the analyses. 
  
Hypothesis 2: geographic distances and climatic conditions determine the phylogenetic 
distinctiveness of community members at a global scale. 
Phylogenetic beta 
diversity 
Mantel tests The phylogenetic turnover among sites was 
correlated against geographic distances and 
dissimilarities in climatic conditions. A. 
melifera was excluded as its global distribution 
reflects beekeeping and not natural dispersals.    
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Study system (Papers II-V)
The last four papers in this thesis are based on bee species assemblages sampled in 46 power 
line clearings (sites) in SE Norway (Fig. 3). Bees were sampled using windows traps installed 
following snowmelt, emptied once per month and removed in September at the end of the 
flowering season, totaling four sampling periods. Data from the power line clearings were used 
to test the multi-level filter hypothesis (Paper II), if wood boring beetle diversity facilitates 
bee diversity (Paper III), if management can increase preferred habitats for bees (Paper IV) 
and to characterize the influence of stochastic processes on bee diversity (Paper V). Two 
different sampling protocols were used across the 46 sites. 
In ‘dataset 1’ (n = 27) bees were sampled using four window traps installed along the centre of 
the power line clearings (sites are marked with blue, orange and green in Fig. 3). We randomly 
removed one trap from the first and fourth sampling period in all sites since the material in two 
sites had been lost during these sampling periods. This ensured an equal sampling intensity 
across all sites i.e. 3, 4, 4 and 3 traps in the first, second, third and fourth sampling period, 
respectively.  
The sites sampled in 2009 and 2010 (n = 17) were used in Paper II. We sampled an additional 
ten sites in 2013 and identified all beetles sampled across all sites to test the hypotheses in 
Paper III (n = 27). In ‘dataset 2’ (n = 19), three window traps were installed in each of three 
experimental treatment plots (sites are marked in black in Fig. 3); Uncut; the treatment plot 
was left uncleared, Cut; trees in the treatment plots were cleared and left on the ground and 
Cut+Remove; trees in the treatment plots were cleared and removed from the plot. The 
treatment plots, measured 30 m × the width of the power line clearing and were separated by 
at least 20 metres.  
The 19 sites in ‘dataset 2’ were used for the study in Paper IV and combined with the 27 sites 
in ‘dataset 1’ for the study in Paper V. The elevation (m. a.s.l.) was recorded at all sites and 
plant surveys were conducted by visually estimating the percentage cover of plant species in 
1m2 subplots placed within the power line clearings. However, the arrangement of subplots 




Figure 3. The location of study sites included in Papers II-V. The sampling year and study
design applied are shown for each site. Sites marked with blue and orange were included
in Paper II (n = 17). Sites marked in blue, orange and green were included in Paper III (n =
27). Sites marked in black were included in Paper IV (n = 19) and all sites were included in
Paper V (n = 46). Plant surveys were conducted within 1 m2 subplots in all sites, but the
arrangement of subplots differed. In sites marked with black circles, each treatment plot
was randomly allocated one of three experimental treatments; Uncut, Cut and
Cut+Removal of debris. See text for details. 
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Functional traits included in Papers II-V 
We included analyses on species-specific functional traits within bee species assemblages. This 
allowed us to identity potentially mechanistic relationships between specific traits and 
ecological filters (Weiher and Keddy 1995, McGill et al. 2006). The traits included (Table 3) 
were chosen as they have previously been shown to determine the responses of bees to 
landscape disturbance (Williams et al. 2010, Ricotta and Moretti 2011) and ecological filtering 
(Hoiss et al. 2012). Body size measurements (ITD) were taken from female bees sampled 
during this study. Other life history traits such as nesting behavior, sociality and lecty status 
were obtained through the literature (Westrich 1990). M.K., S.G.P. and S.P.M.R. provided 
traits data used for Paper V.  
Table 3. List of the functional traits applied in papers II-V and their description. See the
appendices of each paper for the assignment of traits to individual species. 
Functional trait Description Paper 
Intertegulae distance 
(ITD) 
The width of the thorax in mm. The ITD is correlated 
with the maximum foraging distance (Greenleaf et al. 
2007) and the minimum size of nesting holes a species 
can utilize. 
II-V 
 Foraging range Estimated from the ITD following (Greenleaf et al. 
2007) 
V 
Nesting behaviour Categorical for above vs. below ground nester.  II-V 
Sociality Categorical for social vs. solitary II 
Phenology Numeric for the emergence month of a species II, IV 
Activity period Numeric for the number of months a species is active II 
Lecty status Categorical for if a species is a pollen specialist 
(Oligolectic) or generalist (Polylectic).  
II, IV-V 
 Host plant taxa Categorical variable used to differentiate among 
oligolectics based on the plants they collect pollen. 
Polylectics were assigned the value FALSE. In papers 
I and IV Ericaceae specialists were treated separately.  
II, IV, V 
Clepto parasitic Categorical for cleptoparasitic vs. non-cleptoparasitic IV 
 Host genus Categorical, used to differentiate among cleptoparasites 
based on the genera of their hosts. Non-cleptoparasites 
were assigned the value FALSE 
IV 
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Methods specific to Paper II 
Dataset and explanatory variables
We tested the influence on bee diversity of ecological filters operating at one of three 
hierarchical levels: regional; landscape; and local. We used elevation as a regional ecological 
filter and the landscape diversity surrounding each site as a landscape-level filter. As local 
ecological filters, we used the species composition and the total cover of flowering plants. The 
plant species composition was related to a gradient in forb diversity, from species poor and 
dominated by shrubs too species rich and dominated by forbs. Total plant cover was related to 
the cover of ericaceous shrubs. Cleptoparasites were excluded from this study as they only 
indirectly rely on the resources sought by their hosts. 
Statistical analyses
We tested the influence of ecological filters on the species richness and abundance of bees and 
on the phylogenetic and functional diversity in bee species assemblages. This was done since 
closely related species are expected to be more functionally similar, making the phylogeny a 
proxy for ecological similarity (Webb et al. 2002, Weiher et al. 2011). We followed 
Hoiss et al. (2012) and constructed a polytomous proxy for a phylogenetic tree by clustering 
species according to their subgenera (Michener 2007). The phylogeny was built using the 
R library APE (Paradis et al. 2004) with the p-parameter (Grafen 1989) set to one. We 
calculated the net relatedness index (NRI) and the nearest taxon index (NTI) for all sites. In 
addition to these tests, we also tested if the species, phylogenetic and functional dissimilarity 
among sites varied according to inter-site distances or if northern sites were more dissimilar 
than southern sites. See Table 4 for an overview of statistical tests applied in Paper II. 
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Table 4. Overview of statistical tests applied in Paper II. All models were fitted using forward
selection of variables corresponding to the expected hierarchy of the ecological filters. We
first entered Elevation, then Landscape diversity followed by plant species composition and
Plant cover. 
Response variable Model Note 
Species diversity   
 Species richness Poisson GLM Bombus included 
 Bee abundance Negative binomial 
GLM 
Bombus included 
Phylogenetic diversity   
 NRIspecies weighted, NRIabundance 
weighted  
Linear regression The NRI and NTI were 
standardized according to 
a null distribution allowing 
comparisons of values 
among sites with different 
species richness 
 NTIspecies weighted, NTIabundance weighted Linear regression 
Functional composition   
 CWM ITD; CWM activity period; 









scaled to zero-one. 
The analyses were run 
both as species and 
abundance weighted and 
including/excluding 
Bombus species. 
Dominant trait values   
 Average ITD Linear regression Models were run as both 
abundance and species 
weighted, including and 
excluding species from the 
Bombus genus. 
 Average activity period Linear regression 
 Proportion of aboveground-
nesters 
Linear regression 
 Proportion of oligolectics Linear regression 
 Proportion of spring emergers Linear regression 
 Proportion of social bees Linear regression 
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Methods specific to Paper III 
Dataset and explanatory variables
We tested if the diversity of wood boring beetles was related to the diversity of cavity nesting 
bees within the 27 sites (Fig. 3). All beetles were identified and categorized as either wood 
boring or non-wood boring. We assigned all wood boring beetles a trait value corresponding 
to the diameter of the exit holes they excavate when leaving their nest chamber (Ehnström and 
Axelsson 2002). We considered beetles that produced cavities above ground with diameters  
3 mm able to produce potential nesting sites for cavity nesting bees. For each site, we calculated 
a tree regrowth index. The regrowth index was included as an ecological filter on belowground 
nesting bees as we expected densely vegetated sites to contain fewer nest sites for these species. 
Statistical analyses
We calculated three site-specific functional diversity indices based on the cavity diameter 
produced by large wood boring beetles and the body size of cavity nesting bees. The indices 
were: the functionally singular species richness (FSSR); the functional dispersion (FDis); and 
the community weighted mean (CWM). The indices were calculated for both beetle cavities 
and bee body sizes using the FD library in R (Laliberté and Legendre 2010). These indices 
allowed us to test if the functional diversity of beetles was related to the diversity of cavity 


















































































































































































































































































































































































































































































































































































































































































































































Methods specific to Paper IV 
Dataset and explanatory variables
Three treatment plots were placed in the 19 power line clearings sampled in 2013 (Fig. 3). Each 
treatment plot was randomly allocated one of three treatment types. In the Cut treatment, all 
woody vegetation was cleared and left on the ground. In the Cut+Remove treatment, all woody 
vegetation was cut and subsequently removed from the plot. The Uncut treatment was left 
untouched. We used the species richness of forbs within treatment plots as an explanatory 
variable. Elevation was also included as an explanatory variable as sites were distributed along 
an elevational gradient. We tested if the attraction of bees differed among treatment types and 
if this effect was modulated by the environmental context (i.e. forb species richness and 
elevation). 
Statistical analyses 
We tested the effect of treatment type and its interaction with the environmental context on 
both species, phylogenetic and functional bee diversity. This allowed us to test if the outcome 
of the treatments showed any bias towards specific phylogenetic or functional groups of bees. 
We clustered bees according to a recently published phylogeny of bees (Schmidt et al. 2015) 
which included all but two of the species in our survey. We calculated the: phylogenetic species 
richness (PSR); phylogenetic species variability (PSV); phylogenetic species evenness (PSE); 
and phylogenetic species clustering (PSC). This allowed us to test if specific treatment types 
mainly attracted a subgroup of closely related bee taxa resulting in a change in PSV and PSE 
or if clearing treatment plots attracted species from different taxa, resulting in an increased 
PSC. We also tested the outcomes of treatment types on the functional diversity of bees. This 
allowed us to assess if bees were attracted to certain treatment types based on their life history 
traits. See Table 6 for an overview of hypotheses and statistical tests applied in Paper IV  
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Table 6. Overview of hypotheses and statistical tests applied in Paper IV. Explanatory variables
were: treatment × forb species richness; treatment × elevation; forb species richness ×
elevation; and their main effect terms. The sampling intensity was included as an offset
variable to account for differences among treatment plots in the number of traps successfully
sampled. Site identity was included as a random effect to account for site specific differences
in community size and its effects on the response variable. We performed a backward
elimination of variables using likelihood ratio tests. Abbreviations used are: functionally
singular species richness (FSSR); functional dispersion (FDis); community weighted mean
(CWM); intertegulae distances (ITD); and negative binomial (Neg.Bin.). All models were fitted
using generalized linear mixed effect models (GLMMs). 
Response variable Model Note 
Hypothesis 1: Management of power line clearings alters the species richness and abundance 
of bees 
Species richness Poisson GLMM Analyses were also run with 
cleptoparasites excluded from the 
data. Bee abundance Poisson GLMM 
Hypothesis 2:  Management of power line clearings alters the phylogenetic diversity of bees 
Phylogenetic species richness 
(PSR) 
Gamma GLMM Analyses were run without 
cleptoparasites as the habitat 
affiliation of these species is tied to 
their host and not their phylogeny. Phylogenetic species variability 
(PSR), evenness (PSE) and 
clustering (PSC) 
Gaussian GLMM 
Hypothesis 3:  Management of power line clearings alters the functional diversity of bees 
FSSR Neg.Bin. GLMM Cleptoparasites were excluded from 
analyses on the proportion of below 
ground nesters and oligolectics as 
these only indirectly depend on the 
resources sought by their hosts. 
FDis, CWM ITD and CWM 
emergence 
Gaussian GLMM 
Proportion of below ground 
nesters and oligolectics 
Binomial GLMM 
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Methods specific to Paper V 
Dataset and explanatory variables
We included all 46 datasets on solitary bees sampled in power line clearings (Fig. 3). We 
derived a univariate variable allowing us to test the influence of dispersal limitation in a 
univariate framework. The variable ‘distance to source habitat’ was calculated by first 
calculating the Euclidean distance between all sites. For each site × species combination, we 
then calculated the distance to the nearest site in which that species had been found. We also 
calculated the number of each species sampled across all sites, i.e. the metacommunity 
abundance. By subtracting the abundance of a species within a given site from the 
metacommunity abundance, we calculated the number of individuals of each species found 
outside the focal community, i.e. the regional abundance. The distance to source habitat and 
regional abundance were included to test the influence of stochastic processes on community 
assembly. We also included elevation and forb species richness as these variables had 
previously been shown to be important determinants of bee diversity within our system (e.g. 
Paper II and Paper IV) to illustrate how the influence of ecological filtering (e.g. deterministic 
processes) could be included in our suggested framework. 
Statistical analyses 
We used Binomial GLMMs to test the influence of stochastic and deterministic processes on 
the assembly of bee communities. We included random effect terms to account for 
pseudoreplication of sites and species and to account for differences in bee and plant survey 
protocols used in the two different datasets (i.e. the 19 experimental, and the 27 non-






Table 7. Overview of hypotheses and statistical tests applied in Paper V. Explanatory variables
were: ericaceae affiliation × forb species richness; distance to source habitat × foraging range;
distance to source habitat × nesting behavior; elevation × regional abundance; and their main
effect terms. Site identity and species identity were included as random effects to account for
multiple testing on the same sites and species. Study design was included as a random effect
term to account for the differences between ‘Dataset 1’ and ‘Dataset 2’ in the number of traps
per site. We also included forb species richness × ericaceae affiliation as a random slope to
account for the differences in plant survey protocols between study designs (Fig. 3). The
model was fitted with a Binomial GLMM and a cloglog link to account for the high proportion
of zeros in the response variable. 
Response variable Model Note 
Hypothesis 1: Stochastic and deterministic processes drive the assembly of bee communities 
Presence of species Binomial GLMM Cleptoparasites were excluded from the data. 
We first conducted a backward elimination of 
random effect terms using the Bayesian 
Information Criterion (BIC). We then used 
likelihood ratio tests (LRTs) to conduct a 
backward elimination of fixed effect terms by 
sequentially dropping the least significant term, 
until all variables were significant (p < 0.05). 
Species occurring in < 2 sites were excluded 
from the analyses. 
  
Hypothesis 2:  The rarest species in the metacommunity mainly occur at low elevations. 
Presence of species Binomial GLMM We ran a separate analysis with the presence of 
single site inhabitants as a response variable 
and elevation as the explanatory variable. This 
was done since these species were excluded 
from the main analysis but accounted for as 




The following discussion of the results from this thesis is structured according to Vellend’s 
(2010) conceptual syntheses of the four processes behind community assembly. Bee 
communities are assembled through the dispersal histories of species and speciation events, 
which determine the global distribution of phylogenetic lineages. Within a region, migration 
limitation, ecological filtering and ecological drift determine the species composition of 
communities. At the community scale, the distribution of species is determined through non-
trophic interactions and behavioral responses of individuals to the quality of resource patches 
and phylogenetically conserved floral preferences (Fig. 4). 
 
 
The global distribution of
species and lineages is
determined by their




ecological filter) drive bee
diversity on a global scale.
The regional distribution of species is
driven by dispersal limitation among
habitats (Paper V). Hierarchically
structured ecological filters
determine which species establish
within habitats (Paper II). The
relative probability of a species
occurring locally is related to its
regional abundance (Paper V)
suggesting an influence of ecological
drift.
The local diversity of










Figure 4. Graphical overview of the findings in this thesis. Maps produced from Google satellite
imagery ©NASA 2016. 
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Speciation and dispersal limitation (Papers I and V)
 Communities are not enclosed entities (Ricklefs 2008) but are embedded in a regional network 
of communities (i.e. the metacommunity (Leibold et al. 2004)), connected through the dispersal 
of individuals. That the phylogenetic turnover among bee communities increases with 
geographic distance and with dissimilarity in climatic conditions at a global scale (Paper I) 
shows that regional species pools are also systematically connected through the biogeography 
of clades. This may have important implications for how well the species within a region adapt 
to environmental change if the adaptability of species varies among clades of bees. This has 
been shown for long tonged bees (i.e. Apidae and Megachilidae) which have generally been 
more adversely affected by land use change than short tonged bees (i.e. Andrenidae, Colletidae 
and Halictidae, Fig. 5) during the past century (Biesmeijer et al. 2006). Moreover, since 
Bombus species are adapted to cool climates (Hines 2008) they are particularly susceptible to 
global warming (Bartomeus et al. 2013, Rasmont 
et al. 2015). Indeed, northwards range shifts of 
Bombus (i.e. Apidae) species, in the northern 
hemisphere, expected to result from global 
warming occur across continents (Kerr et al. 2015). 
The proportion of Bombus species increases with 
elevation and latitude (Paper II, Hoiss et al. (2012) 
and of Norway’s 205 bee species as many as 17% 
belong to this genus. Communities situated in areas 
with cool climates may therefore experience a 
relatively larger species and phylogenetic turnover 
due to global warming than communities situated 
in warmer climates. Importantly the results in 
Paper I underline the importance of establishing a 
syntheses among hierarchies (e.g. community 
ecology and biogeography) in the organization of 
biodiversity (Jenkins and Ricklefs 2011). 
Within the metacommunity, communities are 
connected through the dispersal of individuals 
(Leibold et al. 2004, Logue et al. 2011). Bees are 
central place foragers with foraging ranges 
Figure 5. The short tonged
foraging on
. Short tonged
and long tonged bees have responded
differently to changes in land use
during the past century (Biesmeijer et
al. 2006). Long tonged bees in
particular have declined, together with
the plants on which they forage. Thus
understanding what determines the
floral associations of bees is important




typically restricted to about 1,000 m, albeit this depends on their body size (Gathmann and 
Tscharntke 2002, Greenleaf et al. 2007). Indeed, the abundance of bees show a pronounced 
decrease as the distance to source habitats increases, contrasting that of the more ephemerally 
distributed hoverflies (Syrphidae) (Jauker et al. 2009). Bees may therefore be particularly 
vulnerable to habitat fragmentation. In Paper V, we show that the probability of a species 
occurring within a local community decreases with the distance to the nearest community 
harbouring that species. These results show that species are not randomly distributed across the 
landscape and suggest the bee communities in our study system are dispersal limited. Similar 
patterns have been found for protected areas in Ireland where the species turnover between 
communities increases with geographic distance (Murray et al. 2012).  
The vulnerability to habitat isolation, e.g. the dispersal ability, seems to vary among species 
and in bees depend on their life history traits (Williams et al. 2010). We found no such influence 
of the nesting biology of bees nor of their maximum foraging range on their degree of dispersal 
limitation (Paper V). This may have been because the distances among our study sites were 
too large to allow the detection of trait specific differences in dispersal capabilities. For 
instance, although the spatial scales at which bees respond to landscape change varies with the 
size of bees (Steffan-Dewenter et al. 2002), all respond to differences in landscape composition 
well within 5,000 metres (the minimum distance among sites in this study, i.e. Fig. 3). 
Nonetheless, the results presented in Paper V demonstrate the importance of accounting for 
the connectivity among communities for accurate predictions of the local species pool. 
Ecological filtering (Papers I-V) 
In Paper II, we show that the influence of regional filters on bee diversity within communities 
is more pronounced than that of local filters. Specifically, as bee diversity declines with 
elevation communities become increasingly dominated by Bombus species. Indeed, elevation 
was also found to be a more important driver of bee diversity in grasslands than floral diversity 
and habitat management (Hoiss et al. 2012). This supports the hypothesis that the assembly of 
communities is governed by a hierarchy of ecological filters as also found in plant communities 
(de Bello et al. 2013). Within bees, the abundance and species richness of cold adapted taxa, 
such as Bombus, would be expected to show a less steep decrease with elevation, relative to 
that of taxa not adapted to cool climates. Indeed, we only found elevation to be related to 
changes in the dominant functional trait values when Bombus species were included in the 
analyses (Paper II). This suggests that among non-Bombus species, elevation did not select 
24
for species based on their functional traits. Instead, the influence asserted by elevation on non-
Bombus species in our system was a general reduction in bee species richness and abundance. 
In contrast, when excluding Bombus species, Hoiss et al. (2012) found an increased proportion 
of non-cleptoparasitic species and individuals, as well as an increased proportion of social 
species of taxa. We did not include clepto-parasites in Paper II. However, it would have been 
interesting to test if the findings of Hoiss et al. (2012) also applies to our system. A decreased 
proportion of cleptoparasitic bees with elevation could result from lower densities of potential 
hosts at high elevations and lead to a reduced parasitism rate. When Bombus species were 
excluded, the only remaining facultative social species in the 17 sites included in Paper II were 
Lasioglossum calceatum and Halictus rubicundus. The low number of social non-Bombus 
species in our system may explain why we did not find that the proportion of social species 
increased with elevation when Bombus species were removed. 
Landscape level ecological filters also influenced the functional diversity within bee 
communities in our system (Paper II). However, this influence was confounded by that of 
elevation. In our study system (Fig. 3), power line clearings situated at intermediate to high 
elevations tended to be surrounded by a more homogeneously forested landscape whereas low 
elevation landscapes contained more farmland and open semi-natural grasslands. We may 
therefore not have been able to disentangle the direct influence of landscape composition on 
the diversity of bees within power line clearings. Moreover, bee diversity increases with 
landscape disturbance in forested landscapes (Winfree et al. 2007) but decreases in agricultural 
landscapes (Steffan-Dewenter et al. 2002, Williams et al. 2010). There may therefore have been 
contrasting effects on bee diversity of landscape diversity in different portions of the study area 
in Paper II. For instance, in a study conducted within an agricultural landscape in South East 
Norway, Sydenham et al. (2014) found that areas with a high proportion of semi natural 
landscape elements contained more phenologically diverse bee communities. This may 
suggests that the influence of landscape diversity is more context dependent within our region 
than elevation.  
At the local level, we found a strong sorting mechanism of forb diversity on the functional 
diversity of solitary bees (Paper II, IV-V). Specifically, sites dominated by Ericaceous shrubs 
had a poorer solitary bee fauna containing mainly the Ericaceae specialists: Andrena fuscipes, 
A. lapponica (Fig. 6) and Colletes succinctus together with a high proportion of Bombus 
species.  
25
As the forb diversity increases, at the expense of 
shrubs, so does the solitary bee diversity. The 
gradient from forb poor and dominated by 
shrubs to forb species rich has also been found 
to explain gradients in bee diversity in forested 
ecosystems in the south eastern USA (Hanula et 
al. 2015). This gradient is likely related to the 
floral preferences and phenology of bees. 
Indeed, bees show distinct floral affiliations 
which are often related to their taxonomy and 
describe their spatial (Potts et al. 2003) and 
successional distribution (Moretti et al. 2009, 
Ricotta and Moretti 2011). In Paper I, we found 
that closely related species tend to have a larger 
niche overlap than distantly related species. This 
may explain why we found a packing of closely 
related species in cleared treatment plots with a 
high diversity of forbs (Paper IV), if these plots were able to cater for a wide array of taxa, 
due to taxon-specific floral preferences. Importantly, the solitary bee faunas in areas with a 
high diversity of forbs were also the most responsive to habitat management (Paper IV). This 
suggests that improving the habitat quality for bees in power line clearings will be most cost 
efficient if management schemes are implemented in areas with a relatively high diversity of 
forbs. That the outcome of management schemes depends on the environmental context has 
also been found for agri-environmental schemes that have been adopted over large areas 
(Scheper et al. 2013). Managers should therefore account for the influence of local ecological 
filters during the planning phase and aim to identify areas in which the outcome of habitat 
improvement schemes will be greatest. 
In addition to floral diversity being an important ecological filter, the availability and diversity 
of nest sites also drive local bee diversity (Potts et al. 2005, Murray et al. 2012). Bees display 
a dazzling variety of nesting habits ranging from below ground nesting species that excavate 
their nests in soils to bees that excavate their own cavities in suitable nesting substrates above 
ground (Michener 2007). The nesting habits of bees are related to how they respond to 
landscape disturbance (Williams et al. 2010). Many bee species depend on pre-existing cavities 
Figure 6. an Ericaceae
pollen specialist here on
. A. lapponica is one of the most
common solitary bee species in Norway
and one of the dominant species in
Ericaceous shrub dominated power line
clearings. Photo: Sydenham, M.A.K. 
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such as abandoned beetle burrows in dead wood (Westerfelt et al. 2015). However, modern 
silviculture has reduced the amount of large woody debris in the forested landscape with 
detrimental effects on wood boring beetle diversity (Grove 2002). This may have indirectly 
affected the diversity of cavity nesting bees as it increases with the diversity of cavity producing 
beetles (Paper III). Wood boring beetles thereby function as allogenic ecosystem engineers 
(Lawton 1994) by producing cavities in dead wood so this nesting substrate becomes available 
for secondary cavity nesting bees. Managing forests to sustain these ecosystem engineers may 
benefit the diversity of bees since the availability of nest sites limits the population size of 
cavity nesting bees (Steffan-Dewenter and Schiele 2008). Moreover, that the a greater 
functional diversity of wood boring beetles is related to an increased size diversity of cavity 
nesting bees (Paper III), suggest that forest managers should aim to preserve enough large 
woody substrates for a variety of beetles to occupy. Importantly, these findings illustrate that 
management of bee habitats requires a community wide approach that also includes the 
management of habitats for non-bee taxa. 
Ecological drift (Paper V)
While the influence on bee diversity of local ecological filters such as floral diversity can be 
managed by mowing and sowing wild flower mixes (Hopwood 2008, Noordijk et al. 2009) the 
influence of stochastic processes cannot. However, by limiting the establishment of costly 
management regimes to areas where the outcome is predictable it should be possible to increase 
their cost-efficiency. We found that the diversity within bee communities was generally less 
predictable at high latitudes than at low latitudes (Paper II). This was further elaborated on in 
Paper V where we found that while the probability of a solitary bee species occurring within 
a community on average decreased with elevation, the rate of decrease depended on the 
regional abundance and was most pronounced for regionally rare species. These results 
suggests that ecological drift plays an increasingly important role at marginal (high elevation) 
habitats. The increased role of ecological drift at high elevations would be expected if high 
elevation sites are more isolated (Rosindell et al. 2011) for instance by foraging resources being 
more sparsely distributed and less abundant (Hoiss et al. 2013). Indeed, a decreasing degree of 
connectivity has been found to be related to a decrease in the evenness of species abundance 
distributions (Marini et al. 2014) suggesting that as habitats become more isolated the species 
composition tends towards monodominance of regionally abundant species. These results 
suggest that habitat management aimed at promoting solitary bee diversity should generally 
produce the most predictable outcomes in areas at low elevations. 
27
Methodological limitations of the present studies and prospects for future studies
A notable omission of the approaches used in this thesis is the influence that competition 
between species may have one local species diversity. Although the outcomes of competitive 
interactions may be unpredictable when evaluating entire species assemblages (Lawton 1999) 
it has been shown that high densities of A. melifera can suppress the development of Bombus 
colonies (Elbgami et al. 2014) and are related to a decrease in floral visitation by wild bees 
(Torné-Noguera et al. In Press). Species may co-exist within communities if differences in 
competitive abilities among species are counterweighted by density dependent, stabilizing 
mechanisms such as resource portioning and predation (Chesson 2000, HilleRisLambers et al. 
2012). Within bees, nest sites may be more limiting than foraging resources (Steffan-Dewenter 
and Schiele 2008). Therefore, although we found that closely related bee species tend to have 
a larger niche overlap in terms of floral visitation patterns than distantly related species (Paper 
I) a low availability of nest sites may hinder a depletion of foraging resources. If bee species 
are more specialized in terms of their nesting-habitats than their foraging-habits this may 
prevent competitive exclusion from occurring. However, I am unaware of any studies 
documenting how bee species differentiate along different behavioral niche axes. Such studies 
might allow a more direct inference of the effect of competition on bee community assembly 
Trait diversity is measured at the species level in most studies on the drivers of the functional 
diversity in bee communities (Greenleaf et al. 2007, Williams et al. 2010, 
Kremen and M'Gonigle 2015 and 
Papers II-V). However, there may 
be considerable intraspecific trait 
variation (Fig. 7). Future studies 
should aim to include the 
intraspecific trait variation in studies 
of the assembly of bee communities. 
Indeed, it has been suggested that 
this may also more generally allow 
for more accurate predictions in 
community ecology (Violle et al. 
2012). A potential solution would be 
to use the approach we propose in 
Paper V but with the presence of 
 
Figure 7. Illustration of intraspecific variation in
functional traits. The body size of the cavity nesting
bee Chelostoma florisomne varies considerably
among individuals. It is unknown how this may affect
the foraging range and preferred nest site diameters
of individuals. Photo: Sydenham, M.A.K. 
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individuals, instead of species, as the response variable. Doing so would allow the inclusion of 
intra-specific trait variation and testing if this converges across taxa due to ecological filtering, 
or dispersal abilities due to dispersal limitation. 
A limitation for the interpretation of the results in papers that included phylogenies 
(Papers I, II, IV and V) is that the phylogenies were not produced directly from molecular 
data. Instead, we clustered species according to recently published phylogenies introducing the 
need to use arbitrary branch lengths and not ones based on relative differences in the molecular 
markers. All phylogenetic diversity indices used in this thesis assume that ecological 
dissimilarly between species increases monotonically, following a Brownian motion, over 
evolutionary time. The phylogenetic tree used in such analyses should therefore ideally be 
based on neutral markers. However, the motivation for including phylogenetic diversity indices 
in community ecological studies is based on the assumption that closely related species are 
more ecologically similar than distantly related species (Webb et al. 2002, Vamosi et al. 2009). 
If the evolution of a certain niche has evolved at different rates in different lineages, a 
phylogeny based on neutral markers may not accurately account for this. An example could be 
sociality which is predominant in the Bombus genera but has evolved several times in Halictus 
and Lasioglossum (Danforth 2002). The evolution of certain traits may even change the 
evolutionary rate and both eusociality and cleptoparasitism are related to an increased pace of 
molecular changes in the Hymenoptera (Bromham and Leys 2005). Using neutral molecular 
markers and assuming a Brownian motion mode of trait evolution does therefore not seem like 
an optimal choice for community phylogenetics if the aim is to relate patterns in phylogenetic 
diversity to the timing of trait divergence. However, using phylogenies based on such markers, 
or with arbitrary branch lengths (as done in this thesis) may still provide important information 
on whether or not the topology of the tree changes according over ecological gradients or if 
members of different clusters on the tree differ in their niches. The low resolution of the 
phylogenies and arbitrary branch lengths meant that the results should be interpreted with some 
caution. We were for instance unable to determine if speciation events or historical migrations 
drove the increased phylogenetic beta-diversity with geographic distance (Paper I). 
Concluding remarks
The diversity and spatio-temporal distribution of biodiversity is determined by four processes 
(Vellend 2010) that create variation (e.g. speciation); translocate and reorganize variation 
(e.g. dispersal); decrease variation (e.g. ecological filtering); and purely stochastic events 
29
(e.g. ecological drift). The bees are an enormously specious and functionally diverse taxon. As 
central-place foragers, with relatively short home ranges bees are ample model organisms for 
community ecology. In this thesis, it has been shown that the distribution of bee species in 
Norway is predictable from how their life history traits determine their responses to ecological 
filters but that stochastic processes, related to dispersal and ecological drift, need to be 
accounted for in order to form accurate predictions of species distributions and the outcome of 
habitat management. 
Ecological filters operate at the individual or population level meaning that inferring their 
influence based on properties of diversity indices that aggregate information from species or 
individuals may not be problem free (e.g. Leinster and Cobbold 2012, Warren et al. 2014, 
Warton et al. 2015). In Paper V, we expanded on previous univariate approaches (Leinster and 
Cobbold 2012, Kremen and M'Gonigle 2015) and developed a novel framework for testing the 
influence of dispersal limitation, ecological filtering and ecological drift on the probability of 
a species occurring within a site. An important aspect of this approach is that because it is based 
on the occurrence of species and can be adapted to the occurrence of individuals it is scalable 
to population level processes. Moreover, applying the approach to sets of communities sampled 
at varying spatial scales should allow the incorporation of biogeographic and metacommunity 
ecological processes into the same analytical framework. 
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ABSTRACT 
Aim To test if phylogenies provide a common currency for the processes involved in community 
assembly, i.e. niche overlap, environmental filtering, speciation and migration. 
Location Global
Methods We clustered 592 bee species that occurred within 26 bee-flower networks according 
to their phylogenetic relationships. Each network consisted of a matrix of bee and plant species 
and information on whether or not a bee species had been observed visiting flowers of a given 
plant species. We used Bloomberg’s K-value to examine whether the floral associations (niche 
overlap) of bees within networks displayed a significant phylogenetic signal and, whether the 
phylogenetic beta-diversity increased with geographic distance and dissimilarity in climatic 
conditions between networks. We focused on bees because they are monophyletic, central place 
foragers with limited foraging ranges, which make them good model organisms for community 
ecology. 
Results We found a phylogenetic signal (Blomberg’s K-value close to or larger than 1) for niche 
overlap in 15 of the 18 bee-flower networks. Randomization tests showed that the phylogenetic 
signal was statistically significant for all eight of the bee-flower networks that had > 20 species,
which is the minimum number of species required to obtain a sufficiently high statistical power 
for such tests. On a global scale, the phylogenetic beta-diversity increased with geographic 
distances up to approximately 5,000 km and with climatic dissimilarity between sites.  
Main conclusions Our findings show that local bee communities are structured by ecological 
filtering processes operating at the floral resource and global scales, through floral visitation 
and climatic conditions, respectively. The influence of geographic distances suggest that 
regional speciation events and subsequent migrations are important determinants of local bee 
2
diversity. Our findings suggest that difficulties related to the interpretation of community 
phylogenetic patterns – resulting from either community level or biogeographical processes –
may be overcome by including explanatory variables describing processes operating on both 
local and global scales.
3
INTRODUCTION 
By studying the role of functional traits in organizing species assemblages community 
ecologists have become increasingly reductionistic in the search for general assembly rules
(Keddy 1992, McGill et al. 2006, Williams et al. 2010). Hypotheses about the ecological 
processes that influence the dispersion of functional traits (Weiher and Keddy 1995, de Bello 
et al. 2013) and the phylogenetic relatedness among community members (Webb 2000, Webb 
et al. 2002, Hoiss et al. 2012), have brought severalt important conceptual syntheses to
community ecology (Cavender-Bares et al. 2009, Vamosi et al. 2009, Weiher et al. 2011),
leading to a new mechanistic theoretical framework. The suggested theory of community 
ecology states that the species composition of local communities is the product of speciation, 
migration, ecological filtering and ecological drift (Vellend 2010).  By focusing on the 
phylogenetic composition of communities, it is possible to use the same ‘currency’ to measure 
the influence of each of the four processes, although they may operate on different spatial and 
temporal scales.
The use of phylogenies in community ecology has a long history (Elton 1946) and can 
be traced back to Darwin. Darwin (1859) stated that since closely related species generally are 
more functionally similar than distantly related species, they should compete more intensively. 
Competition should therefore result in communities in which species are less closely related 
than expected by chance (Webb 2000). However, interpreting the phylogenetic dispersion 
observed within communities (Webb et al. 2002) solely as a result of either competition (leading 
to over-dispersion) or environmental filtering (leading to under-dispersion) is problematic since 
these patterns may also arise due to regional speciation and dispersal processes (Warren et al. 
2014). Moreover, in contrast to sessile organisms that rely on spatially fixed resources, the 
observed patterns of co-occurrence of mobile species within an area need not be inherently 
linked to shared resources (Weiher et al. 2011). These issues may be overcome by sampling 
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species on a resource scale, thereby linking the phylogenetic signal to actual resource use, or 
on a biogeographic scale, thereby linking the phylogenetic signal to migration, and by selecting 
suitable model organisms. 
Wild bees are well-suited model organisms for community ecology since they form a 
monophyletic group and belong to the same trophic level (i.e. all bees visit flowers for nectar 
and females often also for pollen) (Michener 2007). Moreover as bees are central place foragers 
with typical foraging ranges within a 1 km radius from the nest (Darvill et al. 2004, Gathmann 
and Tscharntke 2002) their presence within an area suggests that suitable nest locations occur
nearby. The ecology of wild bees has received increasing attention during the past two decades 
due to documented declines in population sizes and diversity (Biesmeijer et al. 2006, Potts et 
al. 2010, Winfree et al. 2011). It is well documented that filtering processes operating at the 
habitat level through gradients in floral (Potts et al. 2003) and nest site (Potts et al. 2005, Murray 
et al. 2012) availability and variety are important determinants of the diversity of local bee 
species assemblages. The availability of these resources at the landscape scale is also an 
important driver of local bee diversity (Steffan-Dewenter et al. 2002, Williams et al. 2010).
Finally, differences in climatic conditions within a region, for example along gradients in 
elevation or latitude (Hoiss et al. 2012, Sydenham et al. 2015), act as important environmental 
filters on local bee diversity. To our knowledge, less is known about the drivers of resource 
partitioning within bee species assemblages and thereby ultimately the relationship between 
bee and floral diversity (but see, Potts et al. (2003)). The roles of migration history or 
environmental filtering at large spatial scales and their roles in shaping local bee species 
assemblages have also received limited attention (but see Hedtke et al. (2013)), although these 
processes are important precursors for the regional and thereby local species diversity (Vellend 
2010). We addressed these questions by hypothesizing that (1) the similarity in the floral 
associations of bee species is determined by their phylogenetic history. We therefore expected 
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to find that the relative position of species in a multidimensional niche space should reveal a
phylogenetic signal. Secondly, we hypothesized that (2) the phylogenetic turnover among bee 
species assemblages is driven by speciation and migration history as well as climate conditions 
(environmental filtering) at a global scale. We therefore expected that the degree of 
phylogenetic dissimilarity among bee species assemblages would increase with geographic 
distance as well as differences in climatic conditions.
METHODS 
We downloaded data on bee species and their floral associations from 26 previously published 
plant-pollinator networks (Appendix S1). Bees that had not been designated species epithets 
were removed from the datasets, and we thereafter updated the nomenclature of the species 
within each network according to the Integrated Taxonomic Information System (ITIS 2014)
and Ascher and Pickering (2014). Following the update, networks with fewer than 10 bee 
species were only included to supply species for the construction of the phylogeny, but 
otherwise excluded from the analyses. We added one unpublished bee-flower network from 
Norway (Appendix S2) to the collection, resulting in a total of 18 bee-flower networks with at 
least 10 bee species, covering climatic zones from the tropics to the boreal zone (Fig. 1). The 
networks consisted of binary information on the plant species each bee species visited 
(Qualitative networks).  
To quantify the relatedness among the 592 bee species included in our study, we 
constructed a polytomous, ultra-metric phylogenetic tree (Fig. 2) using the R package Picante 
(Kembel et al. 2010). The tree was structured by clustering species and higher level taxa 
according to published molecular and morphological phylogenies of bees (Danforth et al. 2006,
Larkin et al. 2006, Cameron et al. 2007, Praz et al. 2008, Almeida and Danforth 2009,
Kuhlmann et al. 2009, Gonzalez et al. 2012, Danforth et al. 2013, Hedtke et al. 2013, Kayaalp 
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et al. 2013, Sedivy et al. 2013a). Branch lengths were calculated in the Picante package (Kembel 
et al. 2010) in R following Grafen (1989) with the p-parameter set to 0.25. This relatively low 
p-parameter was chosen to account for the rapid diversification of bee families early in the 
evolutionary history of bees (Cardinal and Danforth 2013). 
Niche overlap vs. phylogenetic distance 
We tested if the degree of niche overlap between bee species displayed a phylogenetic signal 
by calculating and testing the significance of Blomberg’s K-value (Blomberg et al. 2003) with 
the floral associations of bees as ‘functional traits’. The floral associations of bees were 
calculated by placing all species in a non-metric multidimensional (NMDS) trait space defined 
by their Jaccard’s dissimilarities in resource use. This approach allowed us to quantify the 
dissimilarities among species on several uncorrelated gradients of resource use. We applied the 
NMDS analysis since it is suitable when the underlying data are binary (occurrence), in contrast 
to weighted average based approaches, such as correspondence analysis (CA) and detrended 
correspondence analysis (DCA). Species with proximate scores on a NMDS axes were 
interpreted to have overlapping niches in that niche-dimension. Prior to the NMDS analyses we 
removed disconnected species (i.e. bee species sampled on flowers that no other species were 
sampled on) from each network as these did not provide any information on dissimilarities in 
patterns of floral associations compared to other species. At the most two species had to be 
removed from a network to ensure connectedness among network members and thus it is 
unlikely that this influenced the results (network abbreviation = removed species/species in full 
network; M2 = 1/11, HN = 1/12, PA = 1/13, HR = 1/47, KT = 1/57, CO = 2/83, PD = 2/238).
Each resulting bee-flower network was combined with a pruned phylogeny to ensure that the 
order of the taxa were consistent for both the network of connected species and the phylogeny. 
The NMDS ordinations were run using the step-across function to account for 100% 
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dissimilarities within pairs of species. We set the maximum number of random starting points 
and iterations to 1000, which ensured that the final NMDS reached a convergent solution. For 
each bee-flower network, we initially ran the NMDS with three dimensions. If no solution was 
reached with a three dimensional NMDS we reduced the number of dimensions to two, and 
finally one if necessary. For the largest bee-flower network (236 species) a convergent solution 
could only be reached when the NMDS was conducted on four dimensions. Each NMDS 
gradient thus reflected a unique part of the niche-space covered by the bees in the bee-flower 
network.  
The species-specific scores on each NMDS axis were mapped onto the phylogeny for 
the species present in the bee-flower network. Subsequently we used the function phylosig in 
the R package Phytools (Revell 2012) to calculate the Blombergs K-value of each NMDS axis, 
which reflects if the position of traits on a phylogeny follows a Brownian motion mode of 
evolution. The K-value is scaled according to the underlying phylogeny, making comparisons 
of the phylogenetic signal of traits possible across phylogenies of different sizes (Blomberg et 
al. 2003). K-values close to zero are indicative of no phylogenetic signal, whereas values close 
to one are indicative of traits following a Brownian motion mode of evolution. K-values above 
one indicate that traits show a phylogenetic clustering stronger than that expected under a 
Brownian mode of evolution (Blomberg et al. 2003, Swenson 2014). The observed K-values 
were tested against a null-distribution based on 10,000 randomizations of the locations of traits 
on the phylogeny. Randomization tests have low power and increased risk of type-II errors 
when fewer than 20 species are present in the phylogeny (Blomberg et al. 2003). For the 
networks with fewer than 20 species we therefore interpreted non-significant K-values that were 
close to, or larger than, 1 as evidence of a weak phylogenetic signal. We calculated the standard 
deviation of the significant K-values. Non-significant K-values that were larger than one minus 
the standard deviation were considered to be close to (or larger than) one.    
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To remove the influence of the most generalist species we repeated the analyses on a 
subset of the data consisting of the most dissimilar species, in terms of floral associations. Only 
species belonging to one of two clusters i.e. with scores along the first, second and third NMDS 
axes with either lower than the 25% or higher than the 75% quartiles were included in these 
analyses. This approach removed species that did not strongly diverge from either of the two 
clusters. Networks with less than ten species, following the sub-setting, were excluded from the 
analyses. The observed K-values were tested against a null-distribution based on 10,000 
randomizations of the locations of NMDS axis scores on the phylogeny. 
Geographic and climatic influences on biogeography 
We analysed how the phylogenetic beta-diversity was related to both geographic distance (a 
proxy for migration distance) and dissimilarities in climatic conditions (an environmental 
filter). We used the function ‘unifrac’ in the Picante library in R to calculate the fractions of 
unshared branch-lengths between bee-flower networks as a measure of phylogenetic turn-over 
(beta-diversity) between networks (Lozupone et al. 2006, Kembel et al. 2010). We included the 
17 networks with at least ten species, excluding Apis mellifera (L.), and used only the ten most 
widely sampled species in each network (i.e. with the highest rank-abundance, in terms of 
number of plants visites). This was done since the relative occurrences and niche-width of 
flower visiting species, in terms of the number of plant species visited, tends to be relatively 
stable, irrespective of sampling intensity (Hegland et al. 2010). In five cases, the number of ties 
in frequency-classes prevented us to rank the ten most common species. In these cases we 
included all species with the same frequency as the species ranked as number 10, assuming 
their detectability was qualitatively similar. Although this selection criterion may have removed 
some common, but highly specialized (monolectic) species, we deemed it as appropriate since
specialization on a single plant species rarely occurs. Indeed, specialization is generally 
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confined to the family or generic level (oligolectics) of plants (Michener, 2007). The final 
dataset consisted of 17 networks and 165 bee species. 
The geographic distance between each network-pair within the 17 networks was 
calculated based on their GPS locations (WGS 84) using the fossil package in R (Vavrek 2011).
In cases where the exact GPS-locations of the study sites were unavailable we used the 
coordinates of the nearest known location obtained from the site-descriptions in the studies. 
Information on climatic conditions at each location, based on a 0.5 degree grid system, was 
extracted from Kottek et al. (2006). The climatic conditions at each site were defined according 
to the three categories; ‘main climate’ with factor levels; Snow, Warm temperate and Arid,
‘precipitation’ with factor levels; Summer dry, Steppe and Fully humid and ‘temperature’ with 
factor levels; Cold arid, Hot summers, Warm summers and Cool summers (Kottek et al. 2006).
We calculated the Gower distances (Gower 1971) between pairs of sites according to the 
climatic conditions using the cluster package in R (Maechler et al. 2014) and used the distances 
between pairs of sites as a proxy for dissimilarities in climatic conditions.
We tested if the phylogenetic beta-diversity increased with the geographical distance 
between bee-flower networks and dissimilarity in the climatic conditions where the bee-flower 
networks had been sampled. The relationships between phylogenetic beta-diversity and 
geographic distance and climatic conditions were tested using Mantel tests with Spearman’s 
correlation coefficient and 10,000 permutations. The analyses were done with the R package 
Vegan (Oksanen et al. 2013). In addition to the Mantel tests, we conducted a multiple regression 
on distance matrices (MRM) with rank correlations, allowing us to estimate the explanatory 
power of the geographic distance and climatic conditions. The MRM was conducted using the 
R package Ecodist (Goslee and Urban 2007). Finally, an average based hierarchical clustering 
method was used to visualize how the phylogenetic beta-diversity related to the geographical 
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locations – in terms of countries – of the bee-flower networks. All statistical analyses were done 
with R version 3.1.1 (R development core team 2014).
RESULTS 
Nice overlap vs. phylogenetic distance 
The niche overlap, in terms of floral associations among bee species, was related to the 
phylogenetic distance among them (Fig. 3, Table 1). This relationship was most prevalent for 
the first niche dimension (NMDS1) and 10 of the 18 networks showed statistically significant 
K-values (Fig. 3A). In contrast, when evaluating the niche overlap among bees on the second 
(Fig. 3B) and third (Fig. 3C) niche dimensions (NMDS axes 2 and 3) a significant phylogenetic 
signal was only found in four of 17 and five of 12 networks, respectively.  
The proportion of bee-flower networks displaying a significant phylogenetic signal 
depended on the dimensionality of the underlying dissimilarity matrix. When only networks 
with at least three niche dimensions (NMDS axes) were evaluated, the NMDS1 displayed a 
significant phylogenetic signal in 75% (i.e.12) of the networks, compared to 61% (i.e. 18) of 
the networks, when all networks were included (Table 1). In addition to the dependence on the 
niche dimension, the significance of the phylogenetic signal in the floral associations of bees 
also depended on the number of bee species sampled. We found a significant phylogenetic 
signal in niche overlap among bees in only two of the ten bee-flower networks with fewer than 
twenty species and only on the first NMDS axis (Fig. 3A). In contrast, the niche overlap 
displayed a significant phylogenetic signal on at least one of the NMDS axes in all networks 
with more than 20 bee species. However, the K-values in six of the eight networks with non-
significant K-values on the first NMDS axis were larger than 0.78 (e.g. one minus the standard 
deviation of the significant K-values) and had a p- , suggesting the presence of a 
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phylogenetic signal also in these networks. These findings therefore suggest the presence of a 
phylogenetic signal in niche-overlap in 15 of the 18 examined networks. 
Among the networks with > 20 species, the K-values were consistently slightly lower 
than one, indicating a slightly weaker phylogenetic signal than that expected under a Brownian 
motion mode of evolution. However, when only the most dissimilar bee species in terms of 
floral associations (i.e. NMDS scores < 25th or >75th quantiles) were included in the analysis,
all the six significant K- (Fig. 4A). For NMDS2 and NMDS3 the 
results were more varied (Fig. 4 B-C).
Geographic and climatic influences on biogeography 
The biogeographical analyses based on the ten most generalist bee species in each network 
showed that geographic distance and climatic conditions influenced the global distribution of 
bee taxa. The phylogenetic beta-diversity between bee-flower networks increased with 
geographic distance, but this increase was only present at distances up to about 5,000 km 
(Mantel rho = 0.43, p = 0.001, Fig. 5). The phylogenetic beta-diversity also increased with the 
dissimilarity in climatic conditions (rho = 0.42, p < 0.001, Fig. 5). The multiple regression on 
distance matrices (MRM) revealed that the geographic distance and the dissimilarity in climatic 
conditions together explained 35 % of the variation in phylogenetic beta-diversity among bee-
geographic distance dissimilarity in climatic conditions = 0.43, p < 
0.001, R2 = 0.35, p-model < 0.001). The geographic distance among bee-flower networks and 
their dissimilarity in climatic conditions were not correlated (Mantel rho = 0.02, p = 0.38). The 
hierarchical clustering of the average pairwise phylogenetic beta-diversity between bee-flower 
networks revealed a weak split between northerly located networks and networks from the 
Canary Islands, Spain, Greece and South-America (Fig. 6). The northern group was further 
divided into a North American and a Eurasian group, which did not include the Mediterranean 
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but did include New Zealand. The southern group was divided into a South-American and a 
Mediteranean/east Atlantic group.    
DISCUSSION 
The resource use by bees within species assemblages (bee-flower networks) displayed a 
phylogenetic signal, which was significant for all networks with > 20 species. Moreover, in six 
of the eight networks with < 20 species the phylogenetic signal tended towards a Brownian 
motion mode of evolution (i.e. K-values were close to, or larger than, one). The biogeographic 
analyses showed that the presence of taxa within species assemblages was partly determined by 
speciation events and the migration history of species and climatic conditions. Our findings 
suggest that Vellend’s (2010) theory of community ecology provides a useful conceptual 
framework. Moreover, we show how phylogenies can provide a common currency for at least 
three of the four processes involved in community assembly (i.e. speciation, migration, 
ecological filtering).
Nice-overlap vs. phylogenetic distance 
We found that the niche overlap among bee species – in terms of floral associations within 
species assemblages (bee-flower networks) – displayed a phylogenetic signal (Table 1, Fig. 5A-
C). Our findings are in accordance with Darwin’s (1859) hypothesis that ecological similarity 
is related to the evolutionary history of the species. Following this hypothesis, it is predicted 
that competitive exclusion should prevent the co-occurrence of closely related species within 
species assemblages, unless other environmental filters select for ecologically similar species 
(Webb 2000). However, this is contingent on resource limitation. Since bees depend on both 
nesting (Potts et al. 2005) and foraging resources, which may be further subdivided into nectar 
and pollen resources, it is possible that competitive exclusion only occurs between species that 
share resources on several niche dimensions. Additionally, the tendency for closely related 
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species to utilize the same resource may be due to filtering processes operating on resource 
acquisition, as found for mammalian ecto-parasites (Krasnov et al. 2014) and flower-visitor 
networks spanning across several taxonomic orders (Rezende et al. 2007). In this case, one 
would expect bee species ensembles (sensu Fauth et al. (1996)) to be phylogenetically under-
dispersed. Our results suggest that phylogenetically conserved traits govern the partitioning of 
foraging resources within bee communities. Such traits include tongue-length, which determine
whether bees can access the nectar from concealed flowers, such as legumes (Michener 2007);
phenology, which determines if the bees are active during the flowering of particular plant 
species (Oertli et al. 2005); foraging preferences related to floral rewards (Potts et al. 2003),
and the capability of digesting pollen toxins (Sedivy et al. 2013b). 
The tendency for floral associations to be phylogenetically confined within taxa offers 
a mechanistic explanation for the frequent finding that the diversity in bee species assemblages 
is associated with different aspects of floral diversity (Potts et al. 2003, Roulston and Goodell 
2011, Winfree et al. 2011). Importantly, our results suggest that entire clades of bees may be 
negatively affected if the predicted impact of land-use and climate change on plant diversity 
(Pompe et al. 2008) shifts the floral composition towards plants not accessible to those bee taxa. 
Such changes have historically included the introduction of soil fertilizers and industrial 
fixation of atmospheric nitrogen, which both reduced legume rotations in agriculture. These 
changes coincided with an increased rate of bee extinctions in both Britain (Ollerton et al. 2014)
and the Netherlands, where long-tongued bees have declined more than short-tongued bees 
during the past century (Biesmeijer et al. 2006).  
We found that the statistical significance of the phylogenetic signal depended on niche 
dimension (Fig. 3A-C), the dimensionality of the underlying data, and on the number of bee 
species recorded (Table 1). Network size has previously been found to influence the probability 
of observing significant relationships between phylogenetic distance and ecological similarity
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(Rezende et al. 2007, Slingsby and Verboom 2006). Moreover, Blomberg et al. (2003) showed 
that the statistical power of phylogenetic randomization tests is most robust in networks with > 
20 species. Indeed, all except two networks with < 20 species showed K-values that were close 
to (> 0.78), or larger than, one, suggesting that a phylogenetic signal in floral visitation
equivalent to that expected under a Brownian motion mode of evolution was present. However, 
the lack of statistical significance from the randomization tests may also reflect the nature of 
the ecological patterns in the data. For instance, small networks tend to be dominated by 
relatively common and highly inter-connected species, while larger networks include a higher 
proportion of rare and less-connected species (Hegland et al. 2010). It is therefore possible that 
functionally or behaviourally different groups of bees are underrepresented in the smaller 
networks, as well as in the networks in which the niche width of species has been 
underestimated (i.e. displays a low dimensionality) and do not fully account for the niche 
differentiation among species. Indeed, among the bee-flower networks with at least three niche 
dimensions, 75% showed a significant phylogenetic signal on the first NMDS axis. Moreover, 
the strength of the phylogenetic signal (K-value) increased when only the two clusters of bees 
with the most dissimilar niches were included in the analyses (Fig. 4A). These results suggest 
that species within bee species assemblages can be grouped into three categories, depending on 
their floral associations and phylogenetic relatedness to the other group members. Two of the 
groups consist of closely related species for which niche overlap is confined within each group 
(i.e. species ensembles sensu Fauth et al. (1996)). The third group consists of a cluster of bee 
species with varying degrees of relatedness and where resource use is not phylogenetically 
constrained. 
Geographic and climatic influences on biogeography 
The phylogenetic beta-diversity among bee species assemblages increased with geographic 
distance up to ca. 5,000 km (Fig. 5). The increase in phylogenetic beta-diversity with distance 
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likely reflects the migration history (Cavender-Bares et al. 2009) and regional radiations of bee 
taxa. Although the low resolution of our phylogeny did not allow us to distinguish between 
these two processes (e.g. speciation and migration) these results do suggest a high degree of 
regional endemism that ultimately creates the foundation for speciation as well as dispersal 
events within this functionally important group of taxa. However, some of the observed 
relationships between phylogenetic beta-diversity and distance were caused by the presence of 
introduced taxa in non-native regions. For instance, whereas the presence of Hylaeinae species 
in networks in New Zealand and Japan (Appendix S1 T1) can partly be explained by natural 
dispersal events from Australia (Kayaalp et al. 2013) the presence of Bombus in New Zealand 
is due to anthropogenic introductions in the 20th century (Michener 2007). The clustering of 
individual pairs of sites according to their phylogenetic beta-diversity should therefore be 
interpreted with some caution. Despite this potential limitation we view the split between the 
two northern groups and the southern group as robust since the two northern regions (North-
America and North-Eurasia) do share many Holarctic taxa from the genera Hylaeus (Kayaalp 
et al. 2013), Andrena (Michener 2007) and Bombus (Hines 2008), due to past speciation and
migration events. 
We also found a significant increase in phylogenetic beta-diversity with dissimilarity in 
present day climatic conditions (Fig. 5), suggesting that environmental filtering pose barriers to 
the global distribution of bee taxa. The increase in phylogenetic beta-diversity with 
dissimilarities in climatic conditions may reflect past migrations of bee taxa into areas of 
favourable climates. For instance, the predominantly northerly-distributed genus Bombus 
originated at high altitudes and migration events between and across continents coincide with 
global cooling periods and subsequent habitat expansions (Hines 2008). Moreover, Bombus
species seem less affected by climatic filters associated with altitude and latitude than other 
bees within the regional species pool (Hoiss et al. 2012, Sydenham et al. 2015). However, it is 
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possible that the climatic gradient used in this study was too coarse to capture climatic 
differences at intra-continental spatial scales < 5,000 km. Indeed, environmental filters, such as 
elevation (Hoiss et al. 2012) and latitude (Sydenham et al. 2015), are important determinants 
of the composition of local bee species assemblages. Environmental filters operating at a 
regional scale may therefore have selected for some closely related species partly resulting in 
the observed positive relationship between phylogenetic beta-diversity and distance.
CONCLUDING REMARKS 
The inclusion of community phylogenetics into the theory of community ecology allows for a 
predictive community ecology that is theoretically reducible to mechanisms operating at the
population level. This study demonstrates that the degree of niche overlap between species-
pairs within species assemblages depends on the phylogenetic distance between them 
(hypothesis 1) and that speciation and migration history, as well as ecological filtering 
(hypothesis 2 and 3), are important determinants of community composition at the global scale. 
A further understanding of such distributional patterns will aid the conservation of 
phylogenetically diverse species assemblages of bees. Specifically, we suggest that future 
studies on bees on the local scale aim at investigating whether niche overlap in terms of other 
local resources, such as nesting substrates, are phylogenetically conserved. We also recommend 
more detailed community level approaches in order to separate the phylogenetic signals in the 
nectar and pollen preferences of bees. At the global scale, it will be important to separate the 
influence of speciation and migration events and their interaction on the phylogenetic turnover 
among bee species assemblages. This will help identify areas that act as global sources of bee 
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Table 1 Phylogenetic signal in the floral associations of bees along each NMDS axis in bee-
flower networks with 10 species. K-values close to or equal to one indicate that the floral 
associations of bees follow a Brownian motion mode of evolution. K-values below and above 
one indicate that the phylogenetic signal was weaker or stronger than expected under a 
Brownian motion mode of evolution, respectively. The statistical significance (p < 0.05) of the 
phylogenetic signal was tested by comparing the observed K-value to a distribution of K-values 
obtained from a one-sided randomization test. Significant values are marked in bold. 
Blomsberg’s K-value on individual NMDS axes
NMDS1 NMDS2 NMDS3 NMDS4
Network Sp Stress K P K P K P K P
M2 10 0.017 1.38 0.003 0.62 0.302 - - - -
NN 10 0.023 1.17 0.051 0.57 0.992 0.87 0.476 - -
DH 11 0.039 0.95 0.102 0.85 0.226 - - - -
HN 11 0.011 0.72 0.812 0.78 0.593 0.99 0.154 - -
SA 11 0.001 0.38 0.899 0.41 0.754 - - - -
DI 12 <0.001 1.03 0.060 0.81 0.316 - - - -
DO 12 0.052 1.20 0.010 0.70 0.910 0.99 0.118
PA 12 0.014 0.50 0.579 0.45 0.742 - - - -
SL 15 0.081 0.81 0.091 0.75 0.152 0.64 0.379 - -
SM 16 0.064 0.89 0.074 - - - - - -
A1 25 0.090 0.89 0.004 0.50 0.416 0.56 0.232 - -
BE 28 0.042 0.78 0.048 0.75 0.078 0.65 0.298 - -
MT 31 0.067 0.80 0.035 0.72 0.131 0.78 0.049 - -
SH 35 0.105 0.93 0.002 0.76 0.036 0.82 0.009 - -
HR 46 0.126 0.77 0.008 0.76 0.008 0.54 0.537 - -
KT 56 0.148 0.69 0.014 0.72 0.006 0.75 0.004 - -
CO 81 0.151 0.77 <0.001 0.54 0.282 0.65 0.004 - -




Figure 1 World map coloured according to climatic conditions (after Kottek, M. et al. (2006)) 
and the geographic locations of the bee-flower networks included in this study. Dark pins show 
the locations of the networks used for both the global and community scale analyses, two 
networks are in the same location on the map but at different elevations. Bright pins show the 
locations of the networks that were used exclusively in the community scale analysis (i.e. the 
Apis mellifera. Blue pins show the locations of the five 
networks with <10 species that were only included in the construction of the phylogeny. See 




Figure 2 The hypothesized phylogenetic relationships between the 592 species of bees sampled 
in 26 bee-flower networks. Two species belonged to the Melittidae. The long tongued bees 
included 130 and 175 species within the Megachilidae and Apidae families, respectively. 
Within the short tongued bees, 112 species belonged to Halictidae, 56 species to Colletidae and 
117 to Andrenidae. 
28
 
Figure 3 Phylogenetic signal of the similarity in floral associations of bees when including all 
species in bee-flower networks bee species). The phylogenetic signal within each network 
was quantified by means of Blomberg’s K-value and tested against a null distribution of K-
values obtained by shuffling the species scores on the first (A), second (B) and third (C) NMDS 
axis. The statistical significance of the K-values are indicated by open (p > 0.05), grey (0.025 
< p < 0.05) and black (p < 0.025) circles. The phylogenies on the right show the scores on the 
first, second and third NMDS axes for the bee-flower network SH with 35 bee species. Positive 
and negative scores on the NMDS axes are shown as outward and inward pointing bars, 
respectively. The heights of the bars indicate the numeric value of the scores on the NMDS 
axes.
29
Figure 4 Phylogenetic signal of the similarity in floral associations of bees in bee-flower 
networks followed the Brownian motion mode of evolution when considering only species with 
scores outside the 25th or 75th quantiles on the first (A), second (B) and third (C) NMDS axes . 
The statistical significance of the K-values are indicated by open (p > 0.05), grey (0.025 < p < 
0.05) and black (p < 0.025) circles. The phylogenies on the right show the species scores on the 
first (18 species), second (19 species) and third (18 species) NMDS axes for the bee-flower 
network SH. Positive and negative scores on the NMDS axes are shown as outward and inward 
pointing bars, respectively. The heights of the bars indicate the numeric value of the scores on 
the NMDS axes.
30
Figure 5 Phylogenetic beta-diversity among bee-flower network pairs increased with both 
geographic distance and dissimilarity in climatic conditions. The two scatterplots inside the 
three dimensional box show the relationships between the phylogenetic beta-diversity (y-axis 
range: 0.4-1) and geographic distance and climatic dissimilarity. The dotted reference line 
shows how the increase in phylogenetic beta-diversity with geographic distance seemed to 
saturate at ca 5,000 km. 
31
Figure 6 Average pair-wise phylogenetic beta-diversity between clusters of the 17 bee-flower 
Apis mellifera. The country of origin is displayed 
together with the abbreviation used for each network (Table A1). The hypothesized phylogeny 
for the 165 species included in the analysis is shown in the figure’s bottom right corner. 
32
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are the result of a Brownian-motion mode of evolution, 
the strength of interactions between community-members 
should decrease as the phylogenetic distance between them 
increases (Webb 2000, Blomberg and Garland 2002). 
Following this rationale, Elton (1946) concluded that 
competitive exclusion shapes local communities causing the 
relatively low species-to-genus ratio observed in local spe-
cies assemblages, compared to that of the regional species 
pools. However, if strong competitive interactions between 
species drive the process of species assembly, one should 
expect the species richness of local communities to saturate 
along a gradient of regional species richness. Th is is rarely the 
case because local richness tends to increase proportionately 
with regional species richness, suggesting that environmental 
and biogeographic factors, rather than species interactions, 
structures community composition (Cornell and Lawton 
1992, Lawton 1999, Gaston 2000). 
 One potential explanation for the seemingly weak link 
between species interactions and community assembly 
may be that other processes have a stronger eff ect (Lawton 
1999). Keddy (1992) suggested that communities consist of 
Ecography 38: 140–153, 2015 
doi: 10.1111/ecog.00938
 © 2014 Th e Authors. Ecography  © 2014 Nordic Society Oikos 
 Subject Editor: Ken Kozak. Accepted 2 June 2014 
 A main goal in ecology is to develop general theories that 
explain how and why biodiversity varies among regions, 
landscapes and communities. For instance, communities 
always consist of a few abundant and many rare species 
(McGill et  al. 2007). However, despite being an area of 
intensive research for at least three decades, attempts to 
determine the factors driving the structure of communities 
has yielded few general rules, partly due to the frequent focus 
on only a few species (Lawton 1999). A community is 
defi ned as a group of species found within a geographic 
boundary. Within the community, monophyletic groups of 
species, such as bees, are referred to as species assemblages. 
Further, a group of community members that share resources 
are defi ned as a local guild when composed of a polyphyletic 
group and a species ensemble if members have a common 
ancestor (Fauth et  al. 1996). 
 Both environmental constraints and species interactions 
structure communities (Cornell and Lawton 1992, Keddy 
1992). For instance, species belonging to the same local guild 
or species ensemble may compete for resources. Assuming 
that diff erences in the resource requirements of individuals 
 Does multi-level environmental fi ltering determine the functional 
and phylogenetic composition of wild bee species assemblages? 
 Markus Arne Kj æ r  Sydenham ,  Stein R.  Moe ,  Ø rjan  Totland  and  Katrine  Eldegard 
 M. A. K. Sydenham (markus.sydenham@nmbu.no), S. R. Moe,  Ø . Totland and K. Eldegard, Dept of Ecology and Natural Resource Management, 
Norwegian Univ. of Life Sciences, POB 5003, NO-1432  Å s, Norway. 
 A central goal in ecology is to develop theories that explain the diversity and distribution of species. Th e evolutionary 
history of species and their functional traits may provide mechanistic links between community assembly and the environ-
ment. Such links may be hierarchically structured such that the strength of environmental fi ltering decreases in a step-wise 
manner from regional conditions through landscape heterogeneity to local habitat conditions. We sampled the wild bee 
species assemblages in power-line strips transecting forests in south-eastern Norway. We used altitude, landscape diversity 
surrounding sites and plant species composition, together with total plant cover as proxies for regional, landscape and local 
environmental fi lters, respectively. Th e species richness and abundance of wild bees decreased with altitude. Th e reduction 
in species richness and abundance was accompanied by a phylogenetic clustering of wild bee individuals. Furthermore, 
regional fi lters followed by local fi lters best explained the structure of the functional species composition. Sites at high 
altitudes and sites with Ericaceae-dominated plant communities tended to have larger bees and a higher proportion of 
social and spring-emerging bees. When  Bombus species were excluded from the analysis, the proportion of pollen specialists 
increased with the dominance of Ericaceae. Furthermore, we also found that the taxonomic, phylogenetic and functional 
compositional turnover between sites was higher in the northern region than in the southern part of the study region. 
Altogether, these results suggest that regional fi lters drive the species richness and abundance in trait-groups whereas local 
fi lters have more descrete sorting eff ects. 
 We conclude that the model of multi-level environmental fi lters provides a good conceptual model for community 
ecology. We suggest that future studies should focus on the relationship between the biogeographical history of species 
and their current distribution, and on the assumption that closely related species do indeed compete more intensely than 
distantly related species. 
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a subset of species from the regional species pool that have 
successfully passed through a series of environmental fi lters 
acting at diff erent spatial scales. Furthermore, he suggested 
that species interactions could be integrated into the model 
by viewing competition as a local fi lter that favoured strong 
competitors. Following the concept of multi-level fi lters, 
Lawton (1999) suggested that species interactions may be of 
lower importance in the structuring of species assemblages, 
and that attention should be on higher level fi lters. Although 
they did not include competition as a local variable, the 
claims of Lawton were partly supported by de Bello et  al. 
(2013). Th ey found that large-scale fi lters, such as altitude, 
were related to diff erences in the central tendency of func-
tional traits between plant assemblages. In contrast, local 
fi lters, such as soil conditions, were primarily related to the 
functional dispersion between species assemblages. 
 Th e most commonly used measures in assessing com-
munity changes along environmental gradients are species 
richness and abundance, although these metrics do not 
provide complete ecological information (Cadotte et  al. 
2011). Th erefore, diff erent measures of functional diversity 
have been proposed to improve the theory of community 
assembly (McGill et  al. 2006, Petchey and Gaston 2006). 
Since functional traits provide more mechanistic links 
between species and their environment (Cadotte et  al. 2011), 
they may improve our understanding of general patterns in 
community ecology (McGill et  al. 2006). 
 Th e development of the  ‘ net relatedness index ’ and 
the  ‘ nearest taxon index ’ allow the degree of phylogenetic 
relationship between species within communities to be incor-
porated into community ecology, as opposed to the rela-
tively coarse species-to-genus ratio (Webb 2000). Webb et  al. 
(2002) suggested that four possible scenarios of phylogenetic 
structure could be defi ned, based on the phylogenetic his-
tory of traits and species. Each scenario reveals whether the 
community is structured by competition or environmental 
fi lters, assuming that ecologically similar species compete 
more intensely than ecologically diff erent species. 1) If traits 
are conserved within sister clades, a clustered phylogenetic 
structure within communities suggests that environmental 
fi lters  ‘ force ’ closely related species together. Conversely, 2) 
if the phylogenetic distance between community-members 
is large, interspecifi c competition limits the coexistence 
of ecologically similar species. 3) If the same traits are not 
evolutionarily fi xed within clades, but appear frequently in 
sister clades; large phylogenetic distances between commu-
nity members suggest that environmental fi lters remove eco-
logically diff erent species from the community. 4) Following 
the same reasoning as in 3), phylogenetic clustering would 
be expected if competition, rather than environmental fi lters, 
shapes the community composition (Webb et  al. 2002). 
 Successful integration of phylogenetic relationships, 
life-history traits and environmental fi lters in community 
ecology requires a well-described species pool. In addition, 
the communities should consist of species that are relatively 
sedentary, to minimize the probability of migration mask-
ing links between life-history traits and environmental con-
ditions. As such, bees (Hymenoptera: Apiformes) provide 
good model organisms. Th eir phylogeny is relatively well 
resolved (Michener 2007), they are central place foragers and 
have relatively small home ranges (typically within 1 km) 
(Gathmann and Tscharntke 2002, Greenleaf et  al. 2007). 
Moreover, the life-history and ecology of northern Europe ’ s 
bee species have been described in detail (Westrich 1989). 
Furthermore, the factors aff ecting species richness, abun-
dance and diversity of bees has received increasing attention 
during the past decade (reviewed by Winfree et  al. 2011). 
Finally, recent studies have linked the life-history traits of 
bees to environmental perturbations (Williams et  al. 2010, 
Ricotta and Moretti 2011) and altitudinal gradients (Hoiss 
et  al. 2012). 
 Th e main aim of this study was to create a conceptual 
model of bee species assemblages based on the phylogeny 
and life-history traits of bees. Our hypothesized model 
(Fig. 1) conceptualizes the multi-level fi lters suggested by 
Keddy (1992) and others (Poff  1997, Webb et  al. 2002, de 
Bello et  al. 2013). Th e model suggests that any observed spe-
cies assemblage is the outcome of hierarchically structured 
environmental fi lters. Th e regional fi lters sort the entire 
regional species pool. Regional fi lters include broad scale 
constraints, such as climatic conditions (Hoiss et  al. 2012). 
Landscape fi lters may include the spatial confi guration 
of the landscape (Westrich 1996, Steff an-Dewenter et  al. 
2002, Williams et  al. 2010) and landscape diversity (Murray 
et  al. 2012). An important fi lter at the local level may be 
the availability of foraging resources (Steff an-Dewenter and 
Tscharntke 2001, Potts et  al. 2003, M ü ller et  al. 2006). In all 
cases, we expected the eff ect of the regional fi lter to be more 
pronounced than the landscape fi lter, which we expected to 
have a larger eff ect than the local fi lter. 
 In contrast to being a product of environmental fi lters, 
dissimilarities in species composition between species assem-
blages may be a result of the geographic distance between 

























 Figure 1. Th e hierarchy of environmental fi lters. Th e distance 
between species (circles) represents phylogenetic and/or ecological 
distance. Similar species are hypothesized to respond similarly to 
any given fi lter. Following the model a subset of the species (open 
circles) present in the regional species pool (a) are able to pass 
through the broad regional fi lters, such as altitude (b). Species that 
pass through (c) are subsequently subjected to fi ltering at the land-
scape level (d). Species that passed through (b) and (d) are then 
subjected to fi ltering processes at the local level (f ). Th e hierarchical 
fi ltering process results in a predictable species assemblage (g) where 
species interactions may further determine the fi nal species compo-
sition e.g. by strong competitors excluding weak competitors. Fol-
lowing each fi lter, species (crossed circles) that are not adapted to 
the present environmental conditions fail to establish populations 
within the species assemblage, and hence reduce the overall vari-
ability between species assemblages. 
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patterns in the distribution of lineages. For instance, within 
the bees the species richness within clades is often highest at 
the location of their origination as found for both the genus 
 Hylaues (Kayaalp et  al. 2013) and  Bombus (Hines 2008). 
Furthermore, despite habitat type being the most important 
factor, a substantial amount of the species species richness 
in Ireland could be attributed to species turnover between 
regions (Murray et  al. 2012). A secondary goal of our study 
was therefore to assess if species assemblages of bees located 
in the same climatic region were more similar than sites 
located in diff erent climatic regions and if the similar-
ity between species assemblages diff ered between climatic 
regions, as would be expected following the fi ltering model. 
 Firstly, we assessed the strength of each fi lter by predict-
ing that; 1) the strength of environmental drivers on bee 
species richness and abundance decreases from the regional 
to the landscape and the local level fi lters, 2) the phyloge-
netic structure of species assemblages becomes increasingly 
clustered following an environmental fi lter, 3) the strength 
of the environmental drivers on the distribution of life-
history traits within species assemblages decreases from the 
regional to the local level. Secondly, we investigated if 4) the 
taxonomic, phylogenetic and functional  β -diversity diff ered 
between spatial scales and climatic regions. 
 Methods 
 Site selection 
 We sampled bees and conducted vegetation surveys in 
20 sites in south-eastern Norway. Ten sites were sampled in 
2009 and ten in 2010. Th e 20 sites were haphazardly chosen 
within the extensive network of power-line strips in Norway 
(the regional and distribution grids stretch over a total of 
310 000 km). Th e sites were separated by at least 9 km, which 
is further than the foraging range of most bees (Gathmann 
and Tscharntke 2002) and were between 25 and 73 m wide. 
 We used power-line strips because they are valuable 
habitats for bees that provide abundant nesting substrates 
and foraging resources (Russell et  al. 2005) and because 
their borders are clearly defi ned by adjacent forest edges. 
Power-line strips transect a wide variety of landscapes, both 
in terms of productivity (e.g. soil nutrient levels associ-
ated with distinct plant species assemblages) and landscape 
complexity (e.g. the spatial confi guration of landscape types 
adjacent to power-line strips). Th us, sampling bees across 
a large spatial area within power-line strips enabled us to 
capture a variation in environmental conditions of potential 
importance for environmental fi ltering on large and small 
spatial scales. 
 Bee sampling 
 We sampled the bee species assemblages in each power-
line strip with four fl ight interception-traps placed 50 
m apart along the power-line. Th e traps were placed 1 m 
above ground in the center of the power-line strip. Traps 
were emptied four times during the activity period of bees 
(April – September). Th e traps consisted of two transparent 
plexiglas screens, measuring 370    210 mm, and assembled 
so that they formed a cross with a white funnel underneath. 
Flying insects are intercepted by the screen and collected in 
a bottle attached to the bottom of the funnel. Th e bottles 
were fi lled with green propylene glycol with a drop of deter-
gent (Zalo Ultra, Lilleborg, Norway). Pan-traps are the most 
commonly used passive method for sampling bees, although 
fl ight interception-traps have also been used in previous 
studies (Moretti et  al. 2009, Ulyshen et  al. 2010). We regard 
fl ight interception-traps a better method for our study since 
it allowed us to sample communities over an extensive area at 
the same time. In addition, since pan-traps attract foraging 
bees, their effi  ciency may decrease as the fl oral community 
becomes more complex during the season if the combined 
visual and chemical cues of true fl owers out-compete the 
visual cues of pan-traps. In contrast, fl ight intersection-traps 
do not actively attract bees, and their effi  ciency may there-
fore be more consistent across spatial and temporal gradients 
of fl oral complexity. 
 We removed three sites before data processing since they 
had lost    1 trap during one of the four sampling periods. 
Two of the remaining sites had lost one trap during sampling 
period 1 and 4. To ensure equal sampling eff ort from each 
site, we randomly selected and removed the data collected 
from one trap during the 1st and 4th sampling period from 
all other sites. After these corrections, our dataset consisted 
of 17 power-line strips sampled four times during the season 
with a sampling intensity of 3, 4, 4 and 3 traps. 
 All individuals of non- Bombus bees were identifi ed to 
species using regional identifi cation keys (Schmid-Egger and 
Scheuchl 1997, Amiet et  al. 1999, Scheuchl 2000, 2006, 
Amiet 2001, 2004).  Bombus species were identifi ed by a 
national expert. We grouped  Bombus cryptarum , B. terrestris 
and B. lucorum into one morpho-species;  ‘ B. lucorum aggr. ’ , 
due to the unreliability of morphological identifi cation 
within this cryptic group (Wolf et  al. 2010, Carolan et  al. 
2012, Williams et  al. 2012). All clepto-parasites and 
social-parasites were removed from all analyses since we 
assumed their presence depends on their hosts rather than 
the environment per se. 
 Functional traits 
 All species were assigned six functional traits (Supplementary 
material Appendix 1, Table A1) that are often included in 
studies of wild bees (Moretti et  al. 2009, Williams et  al. 2010, 
Hoiss et  al. 2012): body size, nesting behaviour (below- 
or above-ground nesters), sociality (social or solitary), 
phenology (spring or summer active), fl oral specialization 
(specialists or generalists), and activity period (number of 
months the species is foraging). We used the intertegulae 
distance (ITD) as a measure of body size for each species 
since it correlates with foraging range (Greenleaf et  al. 2007). 
Values of intertegulae distance were based on the average 
measurements taken from 2 – 10 individuals (depending on 
the number of available individuals of each species). Since 
female bees found and provide for the nests, we assumed 
that any environmental fi ltering acting on foraging range 
would aff ect the female rather than male individuals of a 
population. We therefore only used ITD values for females. 
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 We used the R-package vegan (Oksanen et  al. 2013) 
to conduct a principal components analysis (PCA) where 
we collapsed the variation in plant species composition 
between sites onto two principle component axes. In order 
to remove the eff ect of rare plant species, we only included 
species occurring at two or more sites. Th e remaining species 
abundances were scaled to a 0 – 1 range to allow equal 
treatment of all plant species according to their natural 
occurrences in our system. Axis 1 and 2 accounted for 
28.5 and 13.7% of the total inertia, respectively. We only 
included axis 1 in the following analysis (herafter reff ered to 
as plant axis one). 
 We used the average percentage fl owering plant-cover, 
pooled across all sub-plots, as plant cover correlates with bee 
abundance (Steff an-Dewenter and Tscharntke 2001). We 
only included plants occurring at more than two sites. In our 
system, plants cover was correlated to the cover of Ericaceae 
(r    0.78) and specifi cally the cover of  Vaccinium vitis-idaea 
(r    0.59) and  Calluna vulgaris (r    0.44). However, plant 
cover was only weakly correlated to plant axis one (r    0.27). 
We therefore interpreted plant cover as being related to plants 
visited mainly by  Bombus species and some pollen specialist 
Andrenids and Colletids. Th e plant species richness ranged 
from 6 to 19 per site, and the average cover ranged from 15 
to 46% per square metre. 
 We used a Pearson ’ s correlation matrix to evaluate the 
relationship between all explanatory variables. In order to 
avoid collinearity between explanatory variables within each 
fi lter we removed one variable from variable pairs that were 
highly correlated (Pearson ’ s r    0.5). Altitude increased with 
latitude (r    0.73) and therefore we retained only altitude in 
the analysis since this variable has been used in a previous 
study on wild bees (Hoiss et  al. 2012). Landscape diversity 
tended to decrease with altitude (r    – 0.48). Moreover, land-
scape diversity was positively associated with the amount of 
semi-natural areas (r    0.75), road sides (r    0.61), pastures 
(r    0.62), arable land (r    0.55), urban fabric (r    0.46), 
and negatively with forest cover (r    – 0.79). We therefore 
only included landscape diversity as a fi lter at the landscape 
level. At the local level, plant axis one was negatively related 
with both total (r    – 0.72) and herbaceous species rich-
ness (r    – 0.82) and abundance (r    – 0.88), and positively 
related to Ericaceae species richness (r    0.82) and abun-
dance (r    0.67). We therefore only included plant axis 
one, and total plant cover as fi lters at the local level. 
 All environmental variables (altitude, landscape diversity, 
plant axis one and plant cover) were zero-skewness stan-
dardized ( Ø kland et  al. 2001) before analyses and scaled 
to a 0 – 1 range to enhance comparability of eff ect sizes for 
variables measured on diff erent units. 
 Species richness and abundance 
 We used R (R Development Core Team) to conduct a 
multiple regression analysis to test if the species richness 
and abundance of bee communities were related to the 
environmental fi lters. Response variables were bee species 
richness (number of species) and bee abundance (number 
of individuals). We fi tted generalised linear models (GLMs) 
with log-link function, assuming a Poisson error distribu-
tion. Evironmental variables were selected by conducting 
a manual forward selection of environmental variables, 
Specimens for these measurements were obtained from the 
bee collection at the Natural History Museum at the Univ. 
of Oslo, Norway. We were unable to obtain measures of the 
body size of  Bombus ruderarius and  B. soroeensis and the soci-
ality for  Lasioglossum albipes ,  L. fratellum and L. punctatis-
simum these species was excluded from analyses on those 
traits (Supplementary material Appendix 1, Table A1). 
Information on each species was compiled from Westrich 
(1989). 
 Data preparation and statistical analyses 
 Environmental fi lters 
 We defi ned three levels at which environmental condi-
tions might determine the structure of species assemblages; 
 ‘ regional ’ refl ecting a gradient in climatic conditions, 
 ‘ landscape ’ refl ecting a gradient in the presence of source 
habitat types in the surrounding landscape, and  ‘ local ’ , 
refl ecting a gradient in local habitat conditions and potential 
forage resources in the power-line strip. 
 We used altitude (m a.s.l.) and latitude (UTM32 
coordinates) as measures of regional climatic conditions. 
Th e altitudinal gradient ranged from 31 to 380 m a.s.l. 
Th e average monthly temperature decreases by 0.7 ° C for 
every 100 m from March – August (Supplementary material 
Appendix 2, Fig. A2). Th e distance between the northern-
most and the southernmost localities was 131 km. 
 We used digital maps (AR5  © geovekst ) provided by the 
Norwegian Forest and Landscape Inst. (Bj ø rdal and Bj ø rkelo 
2006) to extract GIS information on landscape context 
within a 2000 m radius of each site. Th e digital maps were 
the most accurate maps available in Norway at the time the 
study was conducted. We used ArcGIS (ESRI, CA, USA) 
to extract the percentage cover of arable land, non-tilled 
arable land, pastures, roads (i.e. road sides), urban fabric, 
semi natural areas, mires, water bodies, rocky surfaces and 
forests. We used the Shannon diversity (H ¢ ) index as an 
estimate of landscape heterogeneity (Nagendra 2002 and 
references therein). Th e index was calculated as; 
 H  ′    –  ∑ p ij    ln ( p ij ) 
 Where p i is the proportion of the landscape occupied by 
landscape type  i at the  j th site. All values of H ¢ were within 
the range of 0.24 and 1.04. Th e most dominant landscape 
type was forests, which covered between 30 and 96% of the 
landscape at the 2000 m radius. 
 We used the natural variation in the fl owering plant spe-
cies composition among power-line strips to obtain proxies 
for local environmental fi lters. We placed eight main plots of 
4    5 m within each site. Th e eight main plots were arranged 
so that four sets, consisting of two parallel plots, followed 
the direction of the power-line. Th e distance between the 
two nearest sets of plots was 50 m. Th e two parallel plots 
where placed so that one was in the center of the power-line 
and one was placed in the corridor along the forest edge. We 
placed fi ve 1 m 2 quadrats along the centre line of each of 
the eight main 4    5 m plots, and estimated the percentage 
cover of dwarf shrubs and herbaceous plant species within 
each quadrat by visual estimation. 
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 Drivers of the functional composition of bee species 
assemblages 
 We used a multivariate variation partitioning analysis to 
determine which environmental fi lters were most impor-
tant in sorting bee species assemblages in a multidimen-
sional trait-space. Response variables were average body 
size (ITD), average activity period, the number of social 
species, solitary species, spring active species, summer 
active species, aboveground nesting species, belowground 
nesting species, fl oral specialists and fl oral generalists. Th e 
analysis was conducted on both species richness and abun-
dance within each trait group and both with and with-
out  Bombus species. We rescaled all the responses to a 0 – 1 
range to ensure that all traits were on the same scale and 
received equal weights in the analysis. We used a redun-
dancy analysis (RDA) with manual forward selection to 
screen the environmental variables and select those to be 
included in the variation partitioning analysis. Th e vari-
ables were entered following the expected hierarchical 
order of the environmental fi lters, i.e. altitude, landscape 
diversity, plant axis one and plant cover. All variables with 
p    0.1 were kept in the models. 
 We used the varpart function available in the vegan 
package (Oksanen et  al. 2013) to partition the variation 
accounted for by each environmental fi lter after removing 
the eff ect of the other fi lters in the model (Peres-Neto et  al. 
2006). After variation partitioning, the signifi cance of each 
fraction was tested individually with a permutation test of 
the conditional RDA models, using 1000 permutations. 
 Proportionate shifts in trait-specifi c functional species 
richness and abundance 
 We ran a series of linear regression analysis with manual 
forward selection to test if the proportionate contribution 
of individual traits changed following the environmental 
fi lters. Reponses were the proportion of aboveground nest-
ers, fl oral specialists, spring-emerging and social bees. Th e 
average body size (average ITD) and average activity period 
(months) for species or individuals in the species assem-
blage were not proportions. Because the proportion based 
response variables were limited between 0 and 1, we initially 
fi tted models with a binomial distribution and logit link to 
these responses. Variables were entered into the model fol-
lowing the order described in the previous section. However, 
graphical diagnostics and the the generalised Pearson sta-
tistic, gPs    χ 2 /( N  –  p ), where  N    number of observations 
and  p    number of parameters (Crawley 2013) showed that 
the fi nal logistic regression models were under-dispersed, 
i.e. had gPs values substantially smaller than 1. Th erefore, 
we re-specifi ed the model using quasi-binomial rather than 
binomial errors, and this substantially improved the model 
fi t. However, since the results from these GLMs were quali-
tatively very similar to results obtained from standard linear 
regression models (assuming Gaussian distributions), we 
present results from the latter since this enabled calculations 
of true R 2 -values. All analyses were conducted with responses 
as both species richness and abundance within each trait cat-
egory. We fi tted models with and without  Bombus species 
since the measured life-history traits are highly conserved 
within this genus. 
including all variables where p    0.1. We entered the vari-
ables in the following order; altitude, landscape diversity, 
plant axis one and plant cover to account for the assumed 
hierachical structure of the fi lters (region – landscape – local). 
Since the model with bee abundance as a response was over-
dispersed we instead fi tted a negative binomial GLM with a 
log-link function. 
 Phylogenetic analysis 
 All bees were classifi ed to family following Danforth et  al. 
(2006). From family to subgenus we followed Michener 
(2007). We used the R-package APE (Paradis et  al. 2004) 
to build a polytomous, ultra-metric tree (Supplementary 
material Appendix 3, Fig. A3). Branch lengths were 
calculated by setting the p-parameter to 1 following Hoiss 
et  al. (2012). 
 We used the R-package Picante (Kembel et  al. 2010) to 
calculate the phylogenetic structure as both the net related-
ness index (NRI) and nearest taxon index (NTI) for each 
site (Webb et  al. 2002). We calculated the NRI and NTI 
as species and abundance-weighted to account for inter-
specifi c and inter-individual changes in phylogenetic 
composition (Kembel et  al. 2010). We generated 10 000 
null species assemblages for each site by randomly select-
ing species from the entire species pool, until the species 
richness of the null species assemblage matched the species 
richness at the target site. Th e use of this null-model removed 
the eff ect of species richness on the phylogenetic signal. We 
calculated the average and standard deviation from the null 
distribution of phylogenetic distances obtained for each site. 
Th e observed NRI and NTI values were compared to their 
corresponding null-distributions to test if individual species 
assemblages showed signifi cant phylogenetic over or under-
dispersion. 
 We calculated the phylogenetic independent contrast 
(PIC) for each of the functional traits included in the study 
to test if the functional traits displayed signifi cant phylo-
genetic signals. Th e observed PIC value was compared to 
a null distribution generated by randomly shuffl  ing the 
taxa names across the phylogeny, while leaving the func-
tional traits in place. We ran a total of 10 000 reiterations 
to ensure that the null-distribution of PIC values reached a 
stable state. If the observed PIC value for a trait was lower 
than 95% of the permuted PIC-values, we interpreted it as 
displaying a non-random phylogenetic signal. 
 We conducted one-sample t-tests on the NRI and NTI 
to tests if the average phylogenetic structure deviated signif-
icantly from zero. We tested for eff ects on both species and 
abundance weighted NTI and NRI and set the alpha value 
to 0.05. 
 We used a linear multiple regression analysis to test if 
the phylogenetic structure of bee communities was related 
to environmental fi lters. We selected variables by conduct-
ing a manual forward selection of environmental variables 
and included all variables with p    0.1. In order to account 
for the assumed hierachical structure of the fi lters (region – 
landscape – local), we entered the variables in the following 
order: altitude, landscape diversity, plant axis one and plant 
cover. Responses were; NRI species-weighted , NTI species-weighted , 
NRI abundance-weighted and NTI abundance-weighted . 
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for each. In total we calculated 10 000 group-dependent 
average  β -diversities for each group in the analysis on 
geographic distances, and 1000 group-dependent averages 
for the analysis on diff erences between the northern and 
southern region. We accepted diff erences between groups 
if the two distributions had non-overlapping 95% quartile 
distributions. 
 Results 
 Species richness and abundance 
 Th e removal of sites and traps, to standarzise the sampling 
intensity, reduced the total sample of wild bees from 2272 
to 1914 individuals and from 56 to 52 species. Th e most 
abundant genus was  Bombus , accounting for 87.7% of all 
wild bee individuals. Th e most abundant genera of non-
 Bombus species were  Hylaeus and  Andrena with a total of 
89 and 87 individuals, respectively (Table 1). Th e species 
richness and abundance of wild bees showed a pronounced 
decrease with altitude (Fig. 2a – b). 
 Phylogenetic structure 
 Most of the traits showed a signifi cant phylogenetic signal 
(Table 2). Th e largest bees were found within the genus 
 Bombus. Aboveground nesting was exclusive to the 
Megachilid genera  Megachile ,  Osmia and  Hoplitis , Bombus 
species belonging to the subgenera  pyrobombus , and the 
Colletid genus  Hylaeus . Pollen specialization did not display 
a strong phylogenetic signal. Sociality was largely confi ned 
to  Bombus species. However, some Halictid species also 
displayed sociality. Th e month of emergence was in general 
latest for Megachilids, Halictids and Colletids. However, the 
latest species-specifi c phenology seemed to be for  Andrena 
fuscipes and  Colletes succinctus , which are both specialized on 
late-blooming Ericaceae plants. Species within the genera 
 Bombus ,  Halictus and  Lasioglossum had the longest activity 
periods. 
 Does the compositional turn-over between species 
assemblages vary across spatial scales? 
 We used the function Rao provided by de Bello et  al. (2010) 
in R to calculate the unweighted, Jost-adjusted Rao ’ s index 
of  β -diversity for all site-pairs, since this index allows direct 
comparison of taxonomic, phylogenetic and functional 
 β -diversities. Trait-based distances between species were 
calculated using the Gower distance since this allowed inclu-
sion of both continuous and categorical traits (Gower 1971). 
Th e proportionate contribution of  β -diversity between 
sites was calculated on both the abundance and on the 
occurrence of species within bee species assemblages, since 
the occurrence-based index is less infl uenced by the most 
abundant species (de Bello et  al. 2007). 
 We calculated a matrix containing the Euclidian distance 
between all pairs of the 17 sites, based on their geographical 
eastern and northern-coordinates. We used the R-package 
cluster (Maechler et  al. 2013) to cluster sites according to 
their Euclidian distances. Th e clustering followed the aver-
age-based clustering method since this method produced 
inter-cluster distances that were highly correlated with the 
original spatial structure in the data (r    0.77). Th ere were 
six clusters with an average inter-cluster distance shorter 
than 20 km. We used this scale as our smallest spatial scale 
and compared it to a second scale with inter-site distances 
greater than a 100 km (large scale). Th e small scale con-
sisted of 12 site pairs, and the large scale of 26 site pairs. 
Sites within pairs at the small scale were on average more 
similar in terms of altitude than sites within pairs at the large 
scale (Supplementary material Appendix 4, Fig. A4). We 
also selected the fi ve northernmost and fi ve southernmost 
clusters of sites to assess if the degree of compositional simi-
larity between site pairs diff ered between climatic regions 
rather than spatial scale per se. For this we calculated new 
 β -diversity indexes for each cluster of fi ve sites an extracted 
the  β -diversity for each site-pair within each cluster. Th is 
was done since we were interested in the diff erence between 
the two groups of sites, disregarding all other sites. 
 We ran two separate analyses. First, we tested if the 
average  β -diversity between site-pairs diff ered between sites 
grouped according to their geographical distance (small vs 
large scale). Second, we ran the same analysis but with site-
pairs grouped according to their regional location (northern 
vs southern). For each analysis the observed diff erence was 
compared against null-models. We used the R-package per-
mute (Simpson 2012) to randomly allocate the  β -diversities 
within and among the two groups and calculate 10 000 new 
average diff erences for the analysis on spatial scales, and 
1000 new average diff erences for the analysis on interre-
gional. Th is method broke any link between group affi  liation 
and the observed diff erence in average  β -diversity between 
groups. We rejected the null hypothesis when the observed 
absolute diff erences between groups fell out-side the 95% 
quartile distributions of the null-model distributions (i.e. 
p    0.025). However, this method randomly allocated the 
potentially group-specifi c variation in  β -diversity between 
the two groups. We therefore also used the R-package boot 
(Canty and Ripley 2013) to boot-strap the distributions of 
 β -diversities within each group. We retained the number of 
site-pairs within each group but randomly selected site-pairs, 
with replacement, and calculated a new average  β -diversity 
 Table 1. Species richness and number of individuals of wild bees 
within genera in 17 power-line strips in southern Norway. Also the 
number of individuals belonging to the most abundant species 
within each genus is shown. Clepto- and social parasites included 
4 species of  Bombus , 2 species of  Nomada and 2 species of 




 Andrena 12 87  A. lapponica 41
 Anthidium 1 1  A. punctatum 1
 Bombus 13 1680  B. lucorum aggr. 895
 Colletes 2 3  C. daviesanus 2
 Halictus 1 4  H. rubicundus 4
 Hoplitis 1 1  H. tuberculata 1
 Hylaeus 5 89  H. confuses 48
 Lasioglossum 6 26  L. fratellum 13
 Megachile 2 2  M. nigriventris 1
 Nomada 2 2  N. fl avoguttata 1
 Osmia 5 15  O. nigriventris 8
 Sphechodes 2 4  S. hyalinathus 3
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 Drivers of the functional composition of bee 
species assemblages 
 Th e functional composition, in terms of the species richness 
in each trait, was best explained by altitude and landscape 
diversity (Fig. 4a). Variance partitioning revealed that 14% 
of the variance explained by landscape diversity was shared 
with altitude, and that the individual contribution of land-
scape diversity was negligible. In contrast, the individual 
contribution of altitude was signifi cant. Th e functional 
composition in terms of species abundance within each 
trait was best explained by altitude, followed by plant cover 
(Fig. 4b). Variance partitioning revealed that the two 
predictors shared only 2% of the total explained variation, 
and that the individual contributions of plant cover and 
altitude were signifi cant. 
 Analyses without  Bombus showed that altitude and 
landscape diversity together explained 28% of the varia-
tion in the functional composition of species assemblages, 
in terms of species richness (Fig. 4c). However, 10% of the 
explained variation was shared between the two variables, 
and only altitude signifi cantly contributed to explain variation 
 Th e bee species assemblages in power-line strips varied in 
terms of phylogenetic clustering (Table 3). Although there 
was a large variation between species assemblages in terms of 
the strength of the phylogenetic structure, individuals within 
8 sites displayed signifi cant phylogenetic clustering in terms 
of NRI. On average there was a weak tendency for phylo-
genetic clustering. Although the average species-weighted 
net relatedness index (NRI) did not diff er signifi cantly from 
zero, the nearest taxon index (NTI), the abundance weighted 
NRI, and the NTI did. 
 We found no relationships between the species 
weighted NRI or the NTI and the environmental fi lter 
variables. However, the abundance-based NRI and NTI 
had contrasting relationships with the measured envi-
ronmental conditions. Th e NRI between individuals in 
power-line strips decreased with altitude (p    0.11) and 
increased with plant cover (p    0.1). However, although 
the p-value of the model was low it was not statistically 
signifi cant (R 2    0.33, p    0.063). In contrast, the mean 
nearest taxon index between individuals and their closest 
hetero-specifi c relative increased with altitude, but had no 
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 Figure 2. Species richness and abundance of wild bees decreased with altitude. (a) A generalized linear model (GLM) with Poisson distribu-
tion of errors showed that wild bee species richness decreased with altitude (p    0.001). (b) A GLM with negative binomial errors revealed 
that bee abundance decreased with altitude (p    0.001). Th e explanatory variable (Altitude) was transformed to achieve zero scewness 
before scaling to a zero to one scale. Altitude ranged from 30 to 380 m a.s.l. 
 Table 2. The phylogenetic signal in the life-history traits of wild bees. The traits included in the analysis were; body size (inter tegulae dis-
tance, ITD), above ground nesting, pollen specialists (Oligoletic), social nesting behavior (Social), time of emergence (Spring active) and the 
duration of fl ight activity in months (Activity length). Each trait was analyzed separately to account for the varying number of missing infor-
mation on species. Note that the Blomberg K statistic should be interpreted only for ITD and Activity length as they were the only traits not 
coded as factors. The test of the signifi cance of the phylogenetic independent contrasts (PIC) were based on the comparison between the 
variance of the observed contrasts (PIC.var.obs) and the mean variance in contrasts obtained by randomizing the relationship between the 
trait and the phylogeny (PIC.var.rnd.mean). The relationship between the two provided a z-value (PIC.var.Z). The signifi cance test was based 
on the quartile of the null distribution. Thus if the PIC.var.obs for a trait was smaller than the 0.05 quartile of the PIC.var.rnd distribution we 
concluded that the trait displayed signifi cant phylogenetic signal. 
Bloomberg K PIC.var.obs PIC.var.rnd.mean PIC.var.P PIC.var.Z
ITD 1.04475 3.052119 25.80521    0.001  – 4.34601
Above gr. nesting  – 0.62378 3.157584    0.001  – 4.8469
Oligolectic  – 1.143914 1.741085 0.057  – 1.58268
Social  – 0.241383 2.450231    0.001  – 4.52819
Spring active  – 1.224459 2.952992    0.001  – 3.58726
Activity length 0.290396 12.95246 30.30397    0.001  – 3.14616
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(ITD) of species and the average foraging period increased 
with altitude. Th e average body size (ITD) of individuals 
decreased with landscape heterogeneity and increased with 
plant cover within power-line strips. Th e decrease in aver-
age activity period of individuals was not signifi cantly related 
to altitude, although the p-value was low. Th e proportion of 
social species in the assemblage increased with altitude and 
plant axis one, whereas the proportion of social individuals 
increased with plant cover. Moreover, the proportion of spring 
emerging bee individuals also increased with plant cover. 
 Analyses without  Bombus showed no relationships bet-
ween the individual functional traits and altitude (Table 4). 
However, the average activity period of species decreased 
with plant cover. Moreover, the average body size of individ-
uals increased with plant axis one and plant cover, whereas 
the average activity period of bee individuals decreased with 
plant axis one and plant cover. Furthermore, the proportion 
of specialized individuals increased along plant axis one. 
 Does the compositional turn-over between species 
assemblages vary across spatial scales? 
 Sites located within 20 km of each other did not diff er 
signifi cantly from sites located more than 100 km from 
another in terms of the average taxonomic, phylogenetic or 
functional  β -diversity between site pairs within each cluster. 
(Supplementary material Appendix 5, Fig. A5). However, 
species assemblages located in the northern part of the 
study-region were on average less similar than species assem-
blages located in the southern part (Fig. 5). Th is was true 
for the taxonomic, phylogenetic and functional measure of 
 β -diversity and for both abundance and occurrence-based 
calculations. However, the diff erences were more pro-
nounced when information on species abundances was used. 
in the model. Moreover, the functional composition in terms 
of species abundance within each trait was signifi cantly 
explained by altitude, landscape diversity and plant axis one 
(Fig. 4d). Altitude and landscape diversity shared a large part 
of their explanatory power and their unique contributions 
were not signifi cant. Th e unique contribution of plant axis 
one was signifi cant. 
 Proportionate shifts in trait-specifi c functional 
species richness and abundance 
 Th e environmental fi lters changed the proportionate distri-
bution of individual traits (Table 4). Th e average body size 
 Table 3. The phylogenetic structures of the bee species assemblages. The average phylogenetic relatedness between species and individuals 
in each site was estimated as the net relatedness index (NRI) and the nearest taxon index (NTI). The analysis was run with species abundances 
(ab) and occurences (sp) so that the indexes could be interpreted as measurements of either the average phylogenetic distance between 
individuals or between species in the community, respectively. The corresponding p-value for each comparison is listed to the right of the 
phylogenetic index. Indexes revealing signifi cant (p    0.05) phylogenetic clustering are marked in bold letters. The observed values were 
tested against null models produced by 10 000 permutations. At the bottom of the table a 95% confi dence interval and the corresponding 
p-value shows the general tendency for each index obtained through a one-sample t-test. 
Site id NRI sp p NRI ab p NTI sp p NTI ab p
1  – 0.515 0.640  1.971  0.050 1.494 0.066  – 0.153 0.573
2 0.270 0.284  2.486  0.008 0.788 0.215 0.138 0.476
3  – 0.516 0.644  2.091  0.013 1.286 0.099 0.287 0.419
4  – 0.384 0.562  2.360  0.015 0.089 0.477  – 0.415 0.650
5 0.149 0.316 1.345 0.123 0.232 0.382 0.214 0.441
6 1.622 0.065  2.272  0.029 0.294 0.392 0.235 0.447
7 0.750 0.148 0.979 0.175  1.811  0.032  – 0.197 0.575
8  – 0.333 0.500  – 1.234 0.918 0.405 0.316 0.383 0.389
9  – 0.333 0.550 1.244 0.126  – 0.310 0.557 0.566 0.310
10  4.334  0.008  2.761  0.002  – 1.444 0.933 0.405 0.361
11  – 0.474 0.595 1.744 0.061 0.842 0.193 0.439 0.359
12 0.242 0.242  1.938  0.049  – 0.902 0.826  – 0.014 0.524
13  – 0.491 0.605 0.356 0.328 0.745 0.228 0.469 0.337
14  – 0.201 0.429 1.950  0.031 0.989 0.157 0.191 0.460
15  – 0.263 0.458 0.158 0.323 0.318 0.371 0.614 0.277
16 1.703 0.056  2.533  0.013  2.082  0.021 0.722 0.253
17  – 0.008 0.346 0.967 0.175 0.903 0.186 0.726 0.231



























 Figure 3. Th e phylogenetic relatedness between wild bee indivdi-
uals and their closest hetero-specifi c relatives increased with alti-
tude (R 2    0.55, p    0.001). Th e explanatory variable (Altitude) 
was transformed to achieve zero scewness before scaling to a zero to 
one scale. Altitude ranged from 30 to 380 m a.s.l. 
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 Figure 4. Infl uence of environmental fi lters on trait-composition of bee species assemblages. Bee species were categorized according to 
nesting behavior, fl oral specialization, sociality, body size, spring or summer active and the duration of their fl ight period. When all wild 
bees were included (a, b) the species richness in trait groups (a) was best explained by altitude (m a.s.l) and landscape diversity (Shannon ’ s 
index). Th e bee abundance in trait groups (b) was best explained by with altitude and plant cover. When  Bombus species were excluded 
from the analysis (c, d) the species richness in trait groups (c) was best explained by altitude and landscape diversity. In terms of bee abun-
dance in trait groups (d), the composition was best explained by with altitude, landscape diversity and plant axis one. All p-values were 
obtained through individual permutation tests of the RDA analyses. 
 Table 4. Results from the multiple linear regression analysis showing how the inter-site variation in life-history traits in bee communities relate 
to environmental fi lters. The analyses were run on both richness (number of species) and abundance (number of individuals) within trait-
categories as response variables, and both including and excluding the  Bombus species. Only signifi cant responses are shown. Responses 
were average body size measured as the intertegulae distance per species (ITD r ) and individual (ITD a ) in mm, the average number of active 
months per species (Months r ) and individual (Months a ), the proportion of social species (Sociality r ) and individuals (Sociality a ), the proportion 
of spring active individuals (Spring a ) and the proportion of pollen specialized individuals (Oligo a ). The analyses were run using manual for-
ward selection following the hypothesized hierarchy of the explanatory variables, i.e. in the order; m a.s.l., landscape diversity, plant axis 
one and fi nally plant cover. Only variables were the p-value was    0.1 prior to inclusion into the model are shown. All explanatory variables 






 plant axis one
Local fi lter:
 plant cover Model fi t:
Response: DF  β SE p  β SE P  β SE p  β SE p R 2 p
Richness weighted incl.  Bombus 
ITD r 15 0.85 0.40 0.05 0.23 0.049
Months r 15 0.74 0.25 0.01 0.375 0.009
Sociality r 14 0.19 0.10 0.08 0.17 0.09 0.07 0.35 0.047
Abundance weighted incl.  Bombus 
ITD a 14  – 0.36 0.35 0.33 0.84 0.42 0.06 0.41 0.026
Months a 15  – 0.37 0.19 0.07 0.20 0.071
Sociality a 15 0.26 0.09 0.01 0.36 0.010
Spring a 15 0.13 0.05 0.02 0.33 0.015
Richness weighted excl.  Bombus 
Months r 15  – 0.86 0.27    0.01 0.42 0.005
Abundance weighted excl.  Bombus 
ITD a 14 0.35 0.12 0.01 0.43 0.17 0.02 0.61 0.001
Months a 14  – 0.40 0.22 0.09  – 1.05 0.32    0.01 0.58 0.002
Oligo a 15 0.32 0.11 0.01 0.37 0.009
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signifi cant relationships with landscape diversity, plant cover 
and plant composition. Th ese fi ndings suggest that broad 
level fi lters may be the most important in determining the 
overall structure of bee assemblages in our study system. A 
similar response to altitude was also found by Hoiss et  al. 
(2012), who used a gradient ranging from 600 to 2000 
m a.s.l., whereas our gradient was only 30 to 380 m a.s.l. 
However, the dominance of  Bombus and  Andrena lapponica 
in our study region correspond to the bee assemblages at 
high altitudes in the study by Hoiss et  al. (2012), suggest-
ing that the more northern positions of our study sites may 
have increased the eff ect of our relatively short altitudinal 
gradient. 
Th e boot-strapped distribution of averages revealed that 
the northern sites, in addition to being more dissimilar on 
average, also had a higher variation in inter-site  β -diversity. 
Although this diff erence in variation was also present when 
the analysis was run on occurrence data, it was not as 
pronounced. 
 Discussion 
 Species richness and abundance 
 Th e species richness and abundance of wild bees declined 
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 Figure 5. Showing the diff erences in average inter-site  β -diversity between the fi ve northern and fi ve southern species assemblages. Th e dif-
ferences were calculated for both abundance based and occurrence based  β -diversity indexes marked with (A) and (O) respectively. Th e left 
column displays the observed diff erences in the average  β -diversity between the northern and southern species assemblages (dashed line). 
Th e p-values specify the proportion of diff erences from the null distribution that are higher than the absolute diff erence in the observed 
values. Th e right column displays the 95% quartile intervals calculated from the bootstrapped distribution of the average  β -diversity 
between species assemblage-pairs in the southern region (fi lled lines) and the northern region (dashed lines). 
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is less frequent, with only few species of any given clade pres-
ent. In the latter case, strong phylogenetic clustering should 
be observed only at the tip of the phylogenetic tree. Th is 
pattern might also be expected if the tree includes several 
distantly related taxonomic orders (Kraft et  al. 2007, Silver 
et  al. 2012). Another explanation may be that since all the 
species assemblages in all our study sites showed at least a 
weak phylogenetic structure, the potential eff ect of altitude 
on broad taxonomic scales (NRI) may be weaker than oth-
erwise expected. Th is might be the case if one clade domi-
nates, as in our study region where  Bombus was the most 
abundant and the second most species rich genus (Table 1). 
Th e phylogenetic structuring of bees following the broad 
level fi lter (altitude), and the presence of only weak patterns 
when using lower level environmental fi lters, may suggest 
that environmental fi ltering can only explain phylogenetic 
patterns when fi lters encapsulate extreme environmental 
gradients at the local level. 
 Drivers of the functional composition of bee species 
assemblages 
 Environmental fi lters produce diff erences in the compo-
sition of life-history traits in the bee species assemblages 
(Fig. 4), in accordance with the hypothesized multi-level 
fi ltering model proposed by Keddy (1992) and others (Poff  
1997, Diaz et  al. 1998). Th e eff ects of individual fi lters seem 
to work hierarchically, with the broad-level fi lter having a 
larger eff ect than the local fi lters. 
 Altitude and landscape diversity were related to compo-
sitional changes in functional trait richness in the species 
assemblages. However, the variation accounted for by 
landscape diversity was shared with that of altitude. Th e 
same pattern was detected in analyses without  Bombus . 
Th ese patterns would be expected since species richness in 
general declined with altitude in our study. Since complex 
landscapes do not naturally occur in our study system but 
are found in agricultural landscapes at low altitudes, some 
correlation occurred between landscape diversity and alti-
tude. Nonetheless, the proportion explained by altitude 
exceeded that explained by landscape diversity, suggest-
ing that fi ltering eff ects in terms of species richness within 
functional groups are strongest at broad-level fi lters. 
 Compositional diff erences in functional trait abundance 
between species assemblages were related to altitude and 
plant cover. Th e eff ects of the two fi lters were largely unique. 
Analyses without  Bombus showed that altitude, landscape 
diversity and plant axis one were important drivers of the 
composition of functional traits within sites. Murray et  al. 
(2012) also found non- Bombus species to be more sensi-
tive to landscape diversity than  Bombus and attributed that 
to their shorter foraging ranges. Moreover, in this case, the 
largest unique fraction of variation was explained by plant 
axis one, while landscape diversity and altitude shared a large 
fraction of their contribution to the model. 
 Th ese results suggest that the eff ect of environmental 
fi ltering decreased from regional to the local level and 
that life-history traits determine which species pass through 
the environmental fi lters. However, they also suggest that 
the responses to fi lters may be taxon specifi c in that the 
 Disentangling the direct eff ect of altitude is problematic 
since it is often correlated with several abiotic and biotic 
environmental variables (K ö rner 2007). Indeed, landscape 
diversity decreased with the altitude, presumably due to less 
favorable agricultural conditions even at moderate altitudes 
in our study region. Moreover, a post hoc linear regression 
(not shown in result section) revealed that when landscape 
diversity was tested separately it explained 26% of the 
variation in log(species richness) (p    0.04) but very little, 
if any, of the variation in log(bee abundance) (R 2    0.13, 
p    0.16). 
 Landscape composition and diversity are important 
predictors of wild bee species richness (Steff an-Dewenter et  al. 
2002, Williams et  al. 2010, Murray et  al. 2012). However, 
the infl uences of landscape composition and diversity are 
highly context- and species-dependent (Winfree et  al. 2007). 
It is therefore likely that altitude infl uences wild bee spe-
cies richness both directly through climate conditions, and 
indirectly through its eff ects on land-use. However, the eff ect 
of land-use may be negligible in our system if power-line 
strips provide ample forage and nesting sites, and thereby 
meet the complex habitat requirements of bees (Westrich 
1996). 
 Phylogenetic structure 
 Th e majority of the functional traits for species included in 
this study displayed signifi cant phylogenetic signals but were 
often conserved within distantly related genera. In contrast 
the continuous trait Body size (ITD) seemed to follow a 
Brownian mode of evolution (K equal to or greater than 1). 
Th us, whether phylogenetic over or underdispersion refl ects 
environmental fi ltering may be trait dependent. For instance 
if ecologically similar species from distantly related taxa (e.g. 
the late emerging, solitary and Ericaceae specialized  Colletes 
succinctus and  Andrena fuscipes ) are present in species poor 
sites it may down-weigh phylogenetic signals in the species 
assemblages caused by the presence of closely related and 
ecologically similar species that are also present. 
 Some species assemblages were subjected to environ-
mental fi ltering, but the degree of this varied within our 
study region. Analysis of how the phylogenetic structure 
changed according to environmental fi lters showed that 
only the abundance weighted NTI had a signifi cant positive 
relationship to altitude while the NRI tended to decrease. 
High NTI values and low NRI value may refl ect a clustering 
of closely related species within clades of distantly related 
species (Webb et  al. 2002). 
 Contrary to our results, Hoiss et  al. (2012) found that 
both species and individual weighted NTI and NRI increased 
with altitude, suggesting a phylogenetic packing at low and 
high taxonomic levels. Th ere are several possible explanations 
for the contradictory fi ndings between their and our study. 
Th e diff erences may result from the higher bee diversity in 
their study region, which could yield a parallel response in 
NTI and NRI if higher bee diversity is followed by a more 
even distribution of taxa across clades. Th is would suggest 
that in diverse ecosystems, a gradual phylogenetic clustering 
will occur at multiple taxonomic scales whereas in simple 
ecosystems a parallel phylogenetic clustering between clades 
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be expected that they aquired such traits as they evolved in a 
cool climate (Hines 2008). 
 Does the compositional turn-over between species 
assemblages vary across spatial scales? 
 Th e average taxonomic, phylogenetic and functional 
 β -diversity between species assemblages did not diff er 
between the two spatial scales. Our results suggest that geo-
graphic distance per se does not infl uence the species assem-
bly process in power-line strips, at least within the scale of 
our study. However, Murray et  al. (2012) found that the 
compositional similarity, in terms of species, decreased with 
geographic distance in some habitat types, but not in others, 
suggesting that diff erent habitat types may diff er in terms 
of harbouring an equilibrium-type community. If habitats, 
such as power-line strips, contain mainly broadly distributed 
species, we may expect the species turnover between sites to 
be lower along a spatial gradient, than if habitats harbour 
mainly locally distributed species unable to disperse over 
even short distances. 
 In contrast, the northern-most sites had a higher aver-
age taxonomic, phylogenetic and functional  β -diversity and 
displayed a higher variation between site-pairs, than the 
southern-most sites. Th is pattern may have been caused by 
diff erences in the climatic conditions aff ecting the species 
assemblages located in each of the two clusters. For instance, 
latitude was strongly correlated with altitude in our study 
region (r    0.73). Th is could increase the relative impor-
tance of local factors in aff ecting the species composition in 
the northern-most localities, leading to a higher degree of 
patchiness, which in turn increases the species and func-
tional turnover between sites, even across relatively small 
geographical distances. Th is might explain why we found 
a negative relationship between NRI ab and altitude but a 
positive relationship with plant cover. In contrast, the 
southern-most species assemblages had a lower beta-diversity 
and also smaller variation between site-pairs, suggesting 
that these were more homogenous, as would be expected if 
resource levels and climatic conditions are similar across the 
landscape. 
 Conclusions and suggestions for future research 
 Our results suggest that local bee species assemblages are 
composed of species fi ltered from a regional species pool. 
Th e fi lters work hierarchically, where regional fi lters aff ect 
species stronger than the landscape and local fi lters, which 
mainly have a sorting mechanism. Th e environmental fi lters 
select species based on their phylogeny and their functional 
traits, and hence the composition of local species assemblages 
should be predictable if the regional species pool is known, 
and specifi c fi lters can be determined a priori. 
 Together with the fi ndings of others (Keddy 1992, 
Poff  1997, de Bello et  al. 2013), our results suggest that 
the multi-scale model of environmental fi ltering provides a 
good conceptual model for community ecology. It provides 
a logical framework for integrating biogeography, landscape 
ecology, community ecology and population ecology into a 
abundance non- Bombus individuals within trait-groups 
were strongly aff ected by local fi lters. Moreover, it should 
be noted that the eff ect of the local fi lter may have been 
underestimated as we did not study the eff ect of nest site 
availability which has been shown to be an important deter-
minant of species assembly within bees (Murray et  al 2012). 
However, the gradient in plant community composition 
is likely to be related to environmental factors such as soil 
depth; e.g. dwarf-shrub dominated areas being situated in 
areas with a thinner soil-cover and hence reduced nesting sites 
for below-ground nesting bees, in contrast to the diverse 
plant communities located on deeper soils. 
 Proportional shifts in functional species richness 
and abundance 
 Th e analysis on individual traits revealed that altitude, 
high plant cover and low plant diversity favoured spe-
cies and individuals with large body size, long activ-
ity periods, social behavior and early emergence time. 
Th ese patterns point to the prevalence of  Bombus 
species and individuals in cool regions dominated 
by Ericaceae species, as in our system. Th is pattern was 
also found by Hoiss et  al. (2012) and would be expected 
since the genus  Bombus evolved in alpine areas of China 
(Hines 2008). Moreover, we did not fi nd any changes in 
the proportion of life history traits with altitude in analyses 
without  Bombus . Th is suggests that all non- Bombus species 
responded similarly to altitude in our system. However, 
non- Bombus species responded diff erently to local fi lters 
depending on their traits. Localities dominated by Ericaceae 
favored large bees with short activity periods and pollen 
specialization. Th ese fi ndings refl ect the dominance of 
 Andrena lapponica , a large spring-active  Vaccinium -specialist 
in  Ericaceae dominated plant communities. Indeed, a post 
hoc simple linear regression analysis (not shown in Results) 
revealed that the proportion of  Andrena lapponica increased 
with  Ericaceae -cover (R 2     0.41, p-value    0.006). 
 Unlike Hoiss et  al. (2012), we did not fi nd that altitude 
fi ltered against above-ground nesting bees. Th ere are several 
possible explanations for this. Power-line strips provide more 
potential nesting resources for above-ground nesting bees 
than grasslands (Russell et  al. 2005). Th e ratio of above- to 
below-ground nesting species and individuals may therefore 
be higher in our system than in the grasslands studied in 
southern Germany by Hoiss et  al. (2012). Th is might require 
a more extreme climatic gradient before any fi ltering on this 
trait occurs. Moreover, since our altitudinal gradient was 
shorter than that of Hoiss et  al. (2012), we may not have 
been able to capture any threshold values where fi ltering on 
nesting behavior occurs. Another explanation may be that 
nest site location is not a trait aff ected by altitude per se. 
For instance, Sedivy et  al. (2013) found that below-ground-
nesting behavior in  Hoplitis is most common in southern 
species, whereas northern species mainly nest above ground. 
Furthermore, in analyses without the predominately 
below-ground-nesting  Bombus , Hoiss et  al. (2012) found no 
relationship between altitude and nesting behavior suggesting 
that it may have been other traits inherent to  Bombus 
species that selected for them in high altitude areas. It might 
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general theory of species assembly. Furthermore, the con-
ceptual model provides guidelines for future studies on the 
distribution of biodiversity. 
 We suggest a need for model improvements on the 
above-regional and the below-local level to elucidate the 
eff ects on species assembly of migration history and com-
petition, respectively. As illustrated in our example with 
species from the genus  Bombus , it is likely that an improved 
knowledge on ecological links between major biogeographic 
distributional patterns and evolutionary history will increase 
our understanding of why and how species respond to 
regional, landscape and local fi lters. Moreover, at the local 
level it will be important to fi nd suitable signals for locating 
species ensembles within the species assemblage (Fauth et  al. 
1996). One possible trajectory would be to examine whether 
the degree of competition for important resources and niche 
overlap increases with phylogenetic similarity, by testing the 
 ‘ competition-relatedness hypothesis ’ (Cahill et  al. 2008). 
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Abstract
Inter-specific interactions are important drivers and maintainers of biodiversity.
Compared to trophic and competitive interactions, the role of non-trophic
facilitation among species has received less attention. Cavity-nesting bees nest
in old beetle borings in dead wood, with restricted diameters corresponding to
the body size of the bee species. The aim of this study was to test the hypothe-
sis that the functional diversity of cavity-producing wood boring beetles - in
terms of cavity diameters - drives the size diversity of cavity-nesting bees. The
invertebrate communities were sampled in 30 sites, located in forested land-
scapes along an elevational gradient. We regressed the species richness and
abundance of cavity nesting bees against the species richness and abundance of
wood boring beetles, non-wood boring beetles and elevation. The proportion of
cavity nesting bees in bee species assemblage was regressed against the species
richness and abundance of wood boring beetles. We also tested the relation-
ships between the size diversity of cavity nesting bees and wood boring beetles.
The species richness and abundance of cavity nesting bees increased with the
species richness and abundance of wood boring beetles. No such relationship
was found for non-wood boring beetles. The abundance of wood boring beetles
was also related to an increased proportion of cavity nesting bee individuals.
Moreover, the size diversity of cavity-nesting bees increased with the functional
diversity of wood boring beetles. Specifically, the mean and dispersion of bee
body sizes increased with the functional dispersion of large wood boring bee-
tles. The positive relationships between cavity producing bees and cavity nesting
bees suggest that non-trophic facilitative interactions between species assem-
blages play important roles in organizing bee species assemblages. Considering
a community-wide approach may therefore be required if we are to successfully
understand and conserve wild bee species assemblages in forested landscapes.
Introduction
In community ecology we tend to study the processes
related to the diversity within a single species assemblage
(Fauth et al. 1996; Lawton 1999) such as competition and
trophic interactions (Potts et al. 2003) or the impact of
environmental filters on the functional and phylogenetic
diversity of bee species assemblages (Hoiss et al. 2012). A
species assemblage is here defined following Fauth et al.
(1996) as those species found within a community that
belong to the same taxa. However, the diversity within
species assemblages may also depend on non-trophic
facilitative interactions with other species assemblages in
the same community through processes of ecosystem
engineering, whereby some species alter the environment
in ways that opens niches for other species to occupy
(Jones et al. 1994; Lawton 1994; Bruno et al. 2003).
Improving our understanding of the influence of such
interactions may have considerable bearing on the suc-
cessful management of habitats that host species assem-
blages of conservation priority.
Wild bees have received increased attention over the
last two decades due to declines in pollinator diversity
worldwide (Potts et al. 2010) and their expected impact
on seed production in domesticated (Klein et al. 2007)
and wild plants (Fr€und et al. 2013), where an estimated
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87.5% of wild angiosperms are pollinated by animals
(Ollerton et al. 2011). Indeed, the influences of many
important drivers on the diversity of wild bees in anthro-
pogenic landscapes are well documented (Winfree et al.
2011). Bees rely on forage resources, nest sites and nest
building materials, each of which are sometimes found in
separate habitats (Westrich 1996). The diversity of both
foraging (Potts et al. 2003; M€uller et al. 2006) and nesting
resources (Potts et al. 2005; McFrederick and LeBuhn
2006a,b; Murray et al. 2012) contribute to structuring
wild bee species assemblages at the local scale. At the
landscape scale a shortage of habitat types providing these
resources partly explains the variation in diversity
between bee species assemblages (Steffan-Dewenter et al.
2002; Hopfenm€uller et al. 2014). In addition to resource-
related habitat conditions, large-scale environmental filters
such as differing climatic and nesting conditions along
elevational gradients also play an important role in struc-
turing wild bee species assemblages (Hoiss et al. 2012;
Sydenham et al. 2015).
In the course of the past decade, there has been an
increased focus on the role functional traits play in orga-
nizing species assemblages (Weiher et al. 2011). Func-
tional diversity indices may reveal mechanistic links
between biodiversity and ecological processes (Petchey
and Gaston 2006; Laliberte and Legendre 2010; Ricotta
and Moretti 2011) which may not be found if one relies
solely on indices based on the species richness and abun-
dances of individuals (Cadotte et al. 2011). Indeed, the
consequences of land-use change for wild bee species
assemblages depend on the functional traits of bee species
such as nesting habits (Williams et al. 2010; Hopfenm€ul-
ler et al. 2014). One functional trait-group is the cavity-
nesting bees, here defined as solitary bees that nest in
pithy stems as well as abandoned beetle burrows in dead
wood. In meadows, the diversity of cavity-nesting bee
species assemblages is higher in sites containing old fruit
trees compared to sites lacking of old trees (Tscharntke
et al. 1998), suggesting that nesting substrates may be a
limiting factor for these bees (Steffan-Dewenter and
Schiele 2008).
During the past century, silviculture has reduced the
amount of dead wood in forests by as much as 90–98%
in some areas (Siitonen 2001), leading to the regional
extinctions of several species of wood boring beetles
(Grove 2002). In Norway, 40% of the red listed beetle
species depend on forest habitats and dead wood (Kalas
et al. 2010). Wood boring beetles play an important func-
tion in forested landscapes by excavating cavities in dead
wood, which - once abandoned - go on to be occupied
by other species of cavity-nesting insects such as bees
(Ehnstr€om and Axelsson 2002; Stokland et al. 2012).
Although many species of Hylaeine and Megachiline bees
(hereafter referred to as cavity-nesting bees) nest in aban-
doned beetle nests in dead wood (Westrich 1989), and
that some bee species are directly associated with forests
(Winfree et al. 2007), the influence of the diversity of
wood boring beetles on the diversity of cavity-nesting
bees has received little attention (but see Westerfelt et al.
2015). For instance, as cavity-nesting bee species vary in
body-size and prefer different diameters of potential nest-
sites (Gathmann et al. 1994; Tscharntke et al. 1998), they
are likely to nest in holes produced by different species of
beetles. Understanding the properties of such relation-
ships may be of high importance for the conservation of
bees if historical reductions of dead wood have had cas-
cading effects on cavity-nesting bees by initially reducing
the diversity of wood boring beetles. Moreover, compared
to artificial nests, only a small proportion of natural bee-
tle borings are occupied by bees and other Aculeates
(Westerfelt et al. 2015), suggesting that the quality of the
nesting substrate is of high importance when bees evalu-
ate the suitability of a nesting site. It is therefore possible
that the functional diversity of freshly emerged wood bor-
ing beetles provides an informative surrogate for the
availability and diversity of recently excavated, i.e. high
quality, cavities in an area. We formulated three hypothe-
ses allowing us to infer if the diversity of wood boring
beetles is an important determinant of cavity nesting bee
diversity.
Hypothesis 1: The species richness and abundance of
cavity nesting bees show a significant increase with the
species richness and abundance of wood boring bee-
tles. A similar relationship is not expected for the spe-
cies richness and abundance of non-wood boring
beetles or wood boring beetles that produce cavities
that are too small for bees to occupy. Additionally, the
influence of the species richness and abundance of cav-
ity producing beetles is not driven by a co-variation
with other environmental filters, such as elevation or
the area of similar habitat (i.e. width of the power line
clearing).
Hypothesis 2: The positive associations between cavity
nesting bees and cavity producing beetles are driven by
nest-site facilitation and not by shared positive
responses to underlying foraging resources, such as flo-
ral diversity, which should also favour non-cavity nest-
ing bees. An increased cavity-producing beetle species
richness and abundance should therefore lead to an
increased proportion of cavity nesting bees in local bee
species assemblages. This relationship should be signif-
icant even when the nesting conditions for ground
nesting bees are accounted for (i.e. the degree of shad-
ing due to regrowth).
Hypothesis 3: The occupation of beetle borings by cav-
ity nesting bees depends on the diameter of the boring,
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and the size of the bee. An increased species richness,
abundance and functional diversity (in terms of boring
diameters) of wood boring beetles in the forested land-
scape should provide a higher diversity of nesting
spaces and lead to a high size diversity (in terms of
body sizes) of cavity-nesting bees.
Materials and Methods
Study system and sampling
The study was conducted in 30 power line clearings
(mean width = 42 m, SD = 18 m) along an elevational
gradient (36–568 m a.s.l.) in a landscape dominated by
boreal forests with varying proportions of the main tree
species: Norway spruce Picea abies, Scots pine Pinus syl-
vestris and birch Betula spp. (Fig. S1, Supporting informa-
tion). Power line clearings are typically situated in areas
of low to intermediate productivity and cleared every 5–
10 years to prevent trees from encroaching on the aerial
lines. Establishing and maintaining power line clearings
creates “through corridors” of earlier successional vegeta-
tion and long, often sharply defined, permanent edges on
either side of the clearing (Eldegard et al. 2015). Edge cre-
ation and selective felling of tall trees leads to increased
tree mortality and a greater abundance of snags and logs
at edges (Harper et al. 2005, pers. obs.). It is therefore
likely that dead wood is less of a limiting factor for wood
boring beetles in these habitats than in the intensively
managed forests although dead wood is also found in
these habitats (e.g. in the form of stumps in recently
cleared forests). The system thereby creates a good
model-system for evaluating the role of wood boring bee-
tles as facilitators for cavity-nesting bees.
Sampling was conducted at 30 different sites in, respec-
tively, 2009 (10 sites), 2010 (10) and 2013 (10). Inter-site
distances (mean = 83 km, min = 9 km, max = 187 km)
were greater than the foraging range of the bees (Gath-
mann and Tscharntke 2002; Greenleaf et al. 2007) ensur-
ing independency among bee species assemblages. Beetles
and bees were sampled using flight-interception traps,
which allowed for a standardized sampling at several sites
covering a large geographic area. Flight interception traps
are commonly used to sample beetles (Økland 1996) and
have been especially recommended for the collection of
wood-nesting bees (Rubne et al. 2015). Each trap con-
sisted of two Plexiglas screens (370 9 210 mm) assem-
bled to form a cross attached to a white funnel with a
collecting bottle attached to it. The bottle was filled with
a 50:50 mixture of green propylene glycol and water plus
a few drops of detergent to break the surface tension.
Four traps were deployed along the centre of the power
line clearings in each of the 10 sites sampled in 2009 and
2010. Since some traps were destroyed during the sam-
pling periods in 2009 and 2010 the number of traps per
site was increased to five in 2013. The traps were installed
following snow-melt (April/May) and removed in the
early autumn (August/September). The traps were emp-
tied four times during the trapping season and the col-
lected material stored in 80% ethanol before pinning and
identification.
We placed four 4 9 5 m plots along the centre of the
power line clearing, following the direction of the corri-
dor. The distance between the two nearest plots was
50 m. Within each of the four plots, we recorded the
total number of tree species, the tree height and the
crown of all species taller than one metre. In addition to
the measures of tree numbers and sizes, we also recorded
the basal area (relascope sum) and site productivity (see
Eldegard et al. (2015)). For each site, we calculated the
following variables: The total number of coniferous, Nor-
way spruce, Scots pine and deciduous trees as well as the
total number of trees. We also calculated the average
height and crown width of trees within the sites as well as
the maximum tree height, crown width and productivity
recorded in any one of the four plots. Together these
variables described the amount of regrowth and produc-
tivity and hence shading within the site. To deal with
collinearity among these variables, we condensed them
into two principal components. The variables were scaled
to zero mean and unit deviance. Thereafter, the scaled
variables were run through a Principal Components Anal-
ysis (PCA) using the “vegan” library in R (Oksanen et al.
2013) whereby we extracted the two-first axes. The Eigen-
values and proportion variation explained were 5.54 and
50.4% and 2.45 and 22.5% for PCA axis one and two,
respectively. PCA axis one was positively related to all the
variables and thereby indicated a gradient in regrowth
(i.e. shading). PCA axis two was positively related to the
total number of trees, number of deciduous trees, number
of spruce trees as well as the site productivity and weakly
related to the maximum crown width, and negatively
related to the number of coniferous trees, pine trees, aver-
age and maximum tree height, basal area and crown
cover. It thereby separated sites according to productivity
and along a successional gradient being positively related
to regrowth of trees in the clearings (Table S1, Supporting
information). We extracted the site scores on the first two
PCA axes and used these as variables to explain the effect
of shading.
Statistical analyses
In order to compensate for traps lost during the sampling
periods, a subset of traps were randomly selected and
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removed from each sampling period so that the sampling
intensity within sites was equal across all sites and years.
Three sites had lost more than one trap during a sam-
pling period and were removed from the final dataset.
The final dataset consisted of 27 sites each sampled with
three traps during the first sampling period, four traps
during the second and third and three traps during the
final sampling period. All specimens collected in a site
were pooled and sites were used as sampling units in the
analyses. Cleptoparasitic bees were excluded from the
analyses as they only indirectly depend on the nesting
and foraging resources sought by their hosts.
The beetles were categorized into four groups. The first
group consisted of “all beetles” sampled in the study. The
second group consisted of all non-wood boring beetles.
The third group consisted of small wood boring beetles
that excavate cavities in dead wood with a diameter smal-
ler than 3 mm or in the roots of plants. The fourth group
consisted of large wood boring beetles that are known to
excavate cavities with a diameter >3 mm in wood (Ehn-
str€om and Axelsson 2002). The distinction between the
small and the large wood boring beetles was made
because only beetles making holes, above ground, with
diameters ≥3 mm are producers of possible nesting holes
for the cavity nesting bees in our region (Budrien_e et al.
2004; Westerfelt et al. 2015). All large wood boring beetle
species were assigned to a diameter class equal to the
diameter of the exit holes produced by the emerging
adults (Ehnstr€om and Axelsson 2002). Cavity nesting bees
were grouped according to their thorax width (Table S2,
Supporting information), since body size determines the
minimum diameter of cavities in which they nest.
Three metrics that together account for the size diver-
sity within bee and the functional diversity within beetle
species assemblages were used in order to assess whether
an increased functional diversity of wood boring beetles
leads to a high size diversity of cavity-nesting bees. The
functionally singular species richness (FSSR) is the num-
ber of unique size types found within the assemblage. As
such it is the functional equivalent of nomenclatural spe-
cies richness. The community weighted mean trait value
(CWM) is a measure of the dominant trait value within a
species assemblage. The functional dispersion (FDis) is a
measure of the variation in trait values within a species
assemblage (Laliberte and Legendre 2010). When the FDis
is based on a single, numerical trait, it equals the mean
absolute Euclidean distance of trait values found within
the species assemblage to the CWM. These metrics were
chosen since changes in both the dispersion of trait values
and the CWM have been shown to be informative metrics
for studies on functional bee ecology (Ricotta and Moretti
2011). Since an increase in the functional diversity of
wood boring beetles should lead to an increased diversity
and accessibility of nesting niches for bees, it should be
expected that an increase in the FSSR, FDis and CWM of
wood boring beetles would lead to an increase in FSSR,
FDis and CWM of cavity nesting bees. The R (R develop-
ment core team 2014) library “FD” (Laliberte and Legen-
dre 2010) was used to calculate the size class richness
(FSSRbees), the community-weighted mean size
(CWMbees) and the dispersion of size classes (FDisbees)
for the cavity nesting bees. For the large wood boring
beetles the CWM and the FDis were weighted according
to the abundance of each species. The measures for bees
were not abundance-weighted as doing so might decrease
the influence of the relatively large Megachilids. Although
species within this family were relatively rare, compared
to the most abundant Hylaeus species, their presence
within species assemblages provide important information
about the niche-space occupied by bees in the species
assemblage. However, the non-abundance weighted mea-
sures of both the FDisbees and the CWMbees were highly
correlated with their abundance weighted counterparts
(rho = 0.96, P < 0.001 and rho = 0.97, P < 0.001, respec-
tively) suggesting only a small influence of abundance
weighting the indices.
Due to the presence of multicolinearity among the
explanatory variables (Table S3, Supporting information),
the influence on response variables of each of the explana-
tory variables were analysed individually and the strengths
of significant relationships assessed based on the Nagelk-
erke R2, standardized effect sizes and P-values. This
approach allowed an evaluation of the direct influence of
each explanatory variable separately, in contrast to solely
evaluating its influence based on the marginal effect as
would be the case were it tested simultaneous with other
variables. Variables with P-values ≤0.10 were then
included in a full model which was subjected to a step-
wise backward elimination based on likelihood ratio tests
(LRTs) by dropping variables one at a time until all the
remaining variables were significant (P ≤ 0.05).
The species richness and abundance of
cavity nesting bees increase with the
species richness and abundance of large
wood boring beetles (Hypothesis 1)
The association between cavity nesting bees and large
wood boring beetles was compared to the association with
small wood boring beetles, non-wood boring beetles and
elevation. The individual influences of the explanatory
variables on cavity nesting bee species richness were tested
using generalized linear models (GLMs) with Poisson dis-
tributed errors. For the abundance of cavity nesting bees
over-dispersion was accounted for by using negative
binomial regressions in the “MASS” library (Venables
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and Ripley 2002) in R. Sampling year was included as a
categorical variable with three levels (2009, 2010 and
2013) to account for potential among-year differences in
cavity nesting bee species richness and abundance due to
inter-annual climatic variations. Model fit was assessed
from Nagelkerke R2 values. In addition to comparing the
influence of the explanatory variables based on their stan-
dardized effect sizes (z-values), Nagelkerke R2 values and
P-values a backward elimination of explanatory variables
was conducted to allow a formal comparison of variables
based on their marginal effects. Candidate models, con-
sisting of all explanatory variables with P < 0.10, were
subjected to backward elimination of variables. The rela-
tive importance of each variable was tested using likeli-
hood ratio tests. One by one the variables with the lowest
v2 score and highest P-value were removed from the
model until all variables in the final model were signifi-
cant (P < 0.05).
We also tested if the species richness and abundance of
cavity nesting bees and large wood boring beetles showed
significant relationships with the width of the power line
clearing. This was done to test the assumption that a pos-
itive association among cavity nesting bees and wood bor-
ing beetles was not driven by similar species-area
relationships. We used the width of the power line clear-
ing as an explanatory variable indicating the area of simi-
lar habitat conditions and the species richness and
abundance of either cavity nesting bees or large wood
boring beetles as response variables. The analyses with
species richness response variables were run using GLMs,
assuming Poisson distributed errors whereas the analyses
with abundances as response variables were run using
negative binomial regressions.
The proportion of cavity nesting bees in bee
species assemblages increases with the
species richness and abundance of large
wood boring beetles independent of
vegetation shading the ground
(Hypothesis 2)
For each site, the proportion of cavity nesting bee species
and individuals were calculated relative to the total num-
ber of non-cavity nesting bee species and individuals.
Since the cavity nesting bees in our study sites mainly for-
age on forbs rather than dwarf shrubs (Ericaceae), we also
calculated the proportion of cavity nesting bee species
and individuals for each site when the dwarf shrub (Eri-
caceae) specialists Andrena fuscipes, A. lapponica and Col-
letes succinctus were removed from the data, resulting in a
total of four response variables.
The relationships between the proportion of cavity
nesting bee species and individuals and the species rich-
ness and abundance of large wood boring beetles and
sampling year were assessed using binomial generalized
linear models (GLMs). We also included the two PCA
axes related to shading and site productivity to account
for potentially contrasting responses of cavity nesting and
ground nesting bees to regrowth, which might prevent
ground nesting bees from nesting in the site. The signifi-
cance of each explanatory variable was tested separately
using likelihood ratio tests. All explanatory variables with
P-values ≤ 0.10 were included in a full model and sub-
jected to a manual step-wise backward elimination until
all variables were statistically significant (P ≤ 0.05).
The functional diversity within beetle
species assemblages drives the size
diversity within bee species assemblages
(Hypothesis 3)
The relationship between the size diversity of cavity nest-
ing bees and the species richness, abundance and func-
tional diversity of large wood boring beetles was
compared to the relationship with the species richness,
abundance of non-wood boring beetles, small wood bor-
ing beetles and elevation. Response variables were the
number of unique bee size classes (FSSRbees), the commu-
nity-weighted mean (CWMbees) body size and the varia-
tion in body sizes (FDisbees) in each site. Explanatory
variables were the species richness, abundance, CWM and
FDis of large wood boring beetles, the species richness
and abundance of non-wood boring beetles and small
wood boring beetles and elevation. The sampling year was
included as a categorical variable with three levels (2009,
2010 and 2013).
Analyses with the FSSRbees as response variables were
conducted using GLMs with Poisson distributed errors.
The analyses with the CWMbees and the FDisbees as
responses were conducted using quasipoisson GLMs. The
models with CWM of large wood boring beetles (L WB
B) as explanatory variables were fitted using the second
order polynomial to account for the hump-backed rela-
tionship with the response variable, which was detected in
the exploratory analyses of the data. Since the size diver-
sity could not be calculated for sites where no bees were
sampled, two sites were omitted from these analyses. The
influence of the explanatory variables was assessed based
on to their Nagelkerke R2, z-values and their P-values
(a = 0.05).
Results
A total of 621 species and 14,609 individuals of beetles
and 47 species and 354 individuals of solitary and primi-
tively eusocial bees were sampled. Sixty-five species and
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1974 individuals of the beetles were woodborers. Of the
wood boring beetles, 18 species and 791 individuals pro-
duced cavities in wood with a diameter ≥3 mm in which
bees may nest (Table S2, Supporting information). Of the
bees 15 species and 147 individuals were cavity nesters,
and 9 species and 20 individuals were clepto-parasites
(Table S4, Supporting information).
The species richness and abundance of
cavity nesting bees increase with the
species richness and abundance of large
wood boring beetles (Hypothesis 1)
The species richness of cavity nesting bees increased with
the species richness (Fig. 1, df = 1, v2 = 8.85, P = 0.003)
and abundance (Fig. 1, df = 1, v2 = 12.01, P = 0.001) of
large wood boring beetles and decreased with elevation
(Fig. 1, df = 1, v2 = 5.09, P = 0.024). The abundance of
large wood boring beetles was the most important vari-
able explaining cavity nesting bee species richness and
was the only explanatory variable left in the final model,
following backward elimination (Table 1). In contrast the
species richness of cavity nesting bees was not influenced
by the species richness (df = 1, v2 = 2.31, P = 0.129) or
abundance (df = 1, v2 = 0.73, P = 0.394) of small wood
boring beetles or by the species richness (df = 1,
v2 = 0.52, P = 0.470) or abundance (df = 1, v2 = 2.39,
P = 0.123) of non-wood boring beetles. Nor were there
any significant difference in cavity nesting bee species
richness among years (df = 2, v2 = 3.99, P = 0.136).
The abundance of cavity nesting bees increased with
the species richness (Fig. 1, df = 1, v2 = 11.97, P = 0.001)
and abundance (Fig. 1, df = 1, v2 = 35.17, P < 0.001) of
large wood boring beetles, and the abundance of non-
wood boring beetles (Fig. 1, df = 1, v2 = 4.33, P = 0.037)
when each explanatory variable was tested separately.
However, the abundance of large wood boring beetles was
the most influential explanatory variable and the only
variable remaining in the negative binomial regression
model following backward elimination of variables
(Table 1). We did not find a significant change in cavity
nesting bee abundance with elevation (df = 1, v2 = 3.10,
P = 0.079) or among years (df = 2, v2 = 4.91, P = 0.086),
but the P-values were low. We found no effect on cavity
nesting bee abundance of small wood boring beetle spe-
cies richness (df = 1, v2 = 1.04, P = 0.307) or abundance
(df = 1, v2 = 1.07, P = 0.302) or non-wood boring beetle
species richness (df = 1, v2 = 0.16, P = 0.686). See
Table S5 (Supporting information) for test statistics and
parameter estimates for the individual explanatory vari-
ables and full models.
The significant relationship between cavity nesting bee
species richness and abundance and the species richness and
abundance of large wood boring beetles was not due to co-
variation with habitat area: we found no relationship
between the species richness of cavity nesting bees (df = 1,
v2 = 0.09, P = 0.762) or large wood boring beetles (df = 1,
v2 = 1.04, P = 0.307) and the width of the power line clear-
ing. Nor did we find any significant relationship between the
abundance of cavity nesting bees (df = 1, v2 = 0.12,
P = 0.728) or large wood boring beetles (df = 1, v2 = 0.27,
P = 0.605) and the width of the power line clearing.
The proportion of cavity nesting bees in bee
species assemblages increases with the
species richness and abundance of large
wood boring beetles independent of
vegetation shading the ground (Hypothesis 2)
The proportion of cavity nesting bee species in local bee
species assemblages did not change significantly according
to the species richness (df = 1, v2 = 1.19, P = 0.28) or
abundance (df = 1, v2 = 0.02, P = 0.89) of large wood
boring beetles. Nor did it vary among sampling years
(df = 2, v2 = 0.45, P = 0.80) or with vegetation shading
the ground (PCA axis one; df = 1, v2 = 1.95, P = 0.16,
PCA axis two; df = 1, v2 = 0.23, P = 0.63). Similarly, when
Ericaceae specialists were excluded from the data, the rela-
tive proportion of cavity nesting bee species remained
stable along the gradients in large wood boring beetle spe-
cies richness (df = 1, v2 = 0.86, P = 0.35) and abundance
(df = 1, v2 = 0.01, P = 0.93), among sampling years
(df = 2, v2 = 0.49, P = 0.78), PCA axis one (df = 1,
v2 = 2.80, P = 0.09) and two (df = 1, v2 < 0.01, P = 0.99).
In contrast, the proportion of cavity nesting bee indi-
viduals (abundance) increased with the species richness
(Fig. 2, df = 1, v2 = 5.08, P = 0.024) and abundance
(Fig. 2, df = 1, v2 = 6.29, P = 0.012) of large wood bor-
ing beetles. The abundance of large wood boring beetles
was the most important variable explaining the propor-
tion of cavity nesting bee individuals (Table 2). There
was no significant difference among sampling years
(df = 2, v2 = 2.52, P = 0.28) or along PCA axis one
(df = 1, v2 = 1.52, P = 0.22) and two (df = 1, v2 = 0.83,
P = 0.36). The results were qualitatively similar when Eri-
caceae specialists were removed from the data, except
from that the degree of tree regrowth and site productiv-
ity (PCA axes one and two) had a significant influence.
The proportion of cavity nesting bee individuals increased
with the species richness (Fig. 2, df = 1, v2 = 5.25,
P = 0.022) and abundance (Fig. 2, df = 1, v2 = 7.94,
P = 0.005) of large wood boring beetles and decreased
with PCA axis one (Fig. 2, df = 1, v2 = 4.17, P = 0.041)
but was not influenced by PCA axis two (df = 1,
v2 = 0.11, P = 0.74) and did not differ among sampling
years (df = 2, v2 = 1.67, P = 0.44). When included as
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explanatory variables in the same model the abundance of
large wood boring beetles (df = 1, v2 = 13.07, P < 0.001)
and PCA axis one (df = 1, v2 = 14.85, P < 0.001)
remained statistically significant whereas the species rich-
ness of large wood boring beetles did not (df = 1,
v2 = 0.23, P = 0.64). However, if the abundance of large
wood boring beetles was not included in the model, both
the species richness of large wood boring beetles (df = 1,
v2 = 6.68, P = 0.010) and PCA axis one (df = 1,
v2 = 5.60, P = 0.020) were significant. Thus, the most
important predictors of change in the proportionate
abundance of cavity nesting bees, when Ericaceae special-
ists were excluded, were the abundance of large wood
boring beetles and PCA axis one (Fig. 2).
The functional diversity within beetle
species assemblages drives the size
diversity within bee species assemblages
(Hypothesis 3)
The size diversity of cavity-nesting bees increased with
species richness (SR), abundance (Ab) and functional
Figure 1. The species richness (SR) of cavity nesting bees (top panel) was influenced by the abundance (Ab) and species richness (SR) of large
wood boring beetles (L WB B) which excavate cavities with diameters ≥3 mm and elevation (m a.s.l.). Similarly, the abundance of cavity nesting
bees (lower panel) was related to the L WB B Ab, L WB B SR but also the abundance of non-wood boring beetles (N WB B Ab). Enlarged plots
with solid regression lines show estimated values for the explanatory variables remaining after backward elimination (see text and Table 1 for test
statistics).
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diversity of wood boring beetles in the community
(Table 3, Fig. 3). Specifically, the number of unique size
clases (FSSR) of cavity-nesting bees increased with the
abundance of large wood boring beetles (df = 1,
v2 = 5.40, P = 0.020). We found no significant influence
of the large wood boring beetle (L WB B) species richness
(df = 1, v2 = 3.37, P = 0.066), FDis (df = 1, v2 = 2.68,
P = 0.101) and elevation (df = 1, v2 = 2.73, P = 0.098),
although the p-values were low. The FSSRbees was not
influenced by non-wood boring beetles (SR; df = 1,
v2 = 0.09, P = 0.759, Ab; df = 1, v2 = 0.56, P = 0.456),
small wood boring beetles (SR; df = 1, v2 = 0.07,
P = 0.798, Ab; df = 1, v2 = 0.01, P = 0.927), FSSRL WB B
(df = 1, v2 = 0.33, P = 0.566), CWML WB B (df = 2,
v2 = 3.90, P = 0.142) or sampling year (df = 2, v2 = 2.53,
P = 0.282). The strongest relationship was found between
the functionally singular species richness of cavity nesting
bees and the abundance of large wood boring beetles, and
the latter was the only explanatory variable included in
the final model following backward elimination (Fig. 3,
Table 3).
The community-weighted mean body-size of bees
(CWMbees) increased with the abundance (Fig. 3, df = 1,
scaled deviance (D) = 4.91, P = 0.027) and FDis (Fig. 3,
df = 1, D = 5.78, P = 0.016) of large wood boring beetles.
Although not statistically significant the results for the
influence of the CWML WB B (df = 2, D = 4.59,
P = 0.101) and elevation (df = 1, D = 2.71, P = 0.100)
also suggested a trend. The CWMbees was not influenced
by the species richness (df = 1, D = 1.38, P = 0.239) or
the FSSRL WB B (df = 1, D = 0.03, P = 0.872) of large
wood boring beetles. Nor was there any influence of non-
wood boring beetles (SR; df = 1, D = 1.38, P = 0.240,
Ab; df = 1, D = 0.10, P = 0.750), small wood boring bee-
tles (SR; df = 1, D = 1.20, P = 0.273, Ab; df = 1,
D = 0.358, P = 0.550) or among year differences (df = 2,
D = 3.63, P = 0.163). The FDisL WB B was the strongest
explanatory variable and the only explanatory variable
retained in the model following backward elimination of
variables (Fig. 3, Table 3).
The functional dispersion in terms of bee body-sizes
(FDisbees) decreased with elevation (Fig. 3, df = 1,
D = 4.08, P = 0.044), increased with the abundance of
large wood boring beetles (Fig. 3, df = 1, D = 4.14,
P = 0.042), showed a hump-backed relationship with the
community-weighted mean diameter-class (Fig. 3, df = 2,
D = 6.41, P = 0.041) of large wood boring beetles and
increased with the functional dispersion of wood boring
beetles (Fig. 3, df = 1, D = 9.58, P = 0.002). The FDisbees
was unaffected by the species richness (df = 1, D = 2.30,
P = 0.129) and FSSR (df = 1, D = 0.07, P = 0.789) of
large wood boring beetles. Also, the FDisbees was unaf-
fected by the species richness and abundance of non-
wood boring beetles (SR; df = 1, D = 0.10, P = 0.758,
Ab; df = 1, D = 0.16, P = 0.69) and small wood boring
beetles (SR; df = 1, D = 0.23, P = 0.63, Ab; df = 1,
D = 0.13, P = 0.72). There was no significant change in
the FDis between years (df = 2, D = 2.74, P = 0.25). The
FDisL WB B was the only variable included in the final
model after backward elimination of variables (Fig. 3,
Table 3).
The different measures of the size diversity within cav-
ity-nesting bee species assemblages were highly correlated,
showing that the most diverse bee communities, in terms
of body sizes, had more large bees (namely Megachilids),
while still containing the smaller Hylaeus species. Specifi-
cally, FSSRbees increased with both the FDisbees (Spear-
man’s rank correlation; rho = 0.93, P < 0.001) and
CWMbees (rho = 0.61, P = 0.001). Similarly, the FDisbees
also increased with the CWMbees (rho = 0.70, P < 0.001).
Moreover, the species richness of cavity nesting bees was
also strongly related to FSSRbees (rho = 0.90, P < 0.001),
FDisbees (rho = 0.84, P < 0.001) and CWMbees
(rho = 0.50, P < 0.011).
Discussion
Previous studies have identified the importance of nesting
substrates (Potts et al. 2005; Murray et al. 2012) in orga-
nizing bee species assemblages. Moreover, it has recently
been shown that cavities produced by wood boring bee-
tles provide nest sites for secondary nesting Aculeates,
including cavity nesting bees, but that the occupation of
nest sites depends on substrate characteristics (Westerfelt
et al. 2015). The present study shows that the species
diversity of cavity-nesting bees is related to the species
diversity of cavity-producing beetles and that this rela-
Table 1. Final models for cavity nesting bee species richness and
abundance following backward elimination of the explanatory vari-
ables with a P-value <0.10 (Table S5, Supporting information). The
model for bee species richness was fitted using GLMs with Poisson
distributed errors, while the influence of explanatory variables on bee
abundance was modelled using negative binomial regressions to
account for overdispersion. Large wood boring beetles excavate cavi-
ties with diameters ≥3 mm suitable for cavity nesting bees. Nagelk-
erke R2 values are shown.
df b SE z value R2 P-value
Cavity nesting bee species richness
Intercept 25 0.417 0.206 2.03 0.043
Large wood boring
beetles abundance
0.015 0.004 3.65 0.54 <0.001
Cavity nesting bee abundance
Intercept 25 0.658 0.216 3.04 0.002
Large wood boring
beetles abundance
0.027 0.005 5.73 0.80 <0.001
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tionship can be explained by the size diversity within both
taxa (Tables 1–3, Figs 1–3).
Importantly, the abundance of large wood boring bee-
tles was a more important determinant of cavity nesting
bee species richness and abundance than the abiotic filter
elevation (Fig. 1, Table S5, Supporting information). This
is somewhat surprising, because elevation has been shown
to exert a strong influence on bee species assemblages
(Hoiss et al. 2012; Sydenham et al. 2015). However, the
elevational gradient in the present study may not have
been long enough to enforce the strong filtering effect
found by Hoiss et al. (2012). Yet the elevational gradient
did drive a synchronous decrease in both cavity nesting
bee species richness (Fig. 1, Table S5, Supporting informa-
tion) and large wood boring beetles (species richness vs.
elevation; rho = 0.43, P = 0.001, abundance vs. eleva-
tion; rho = 0.40, P = 0.003) suggesting that elevation
did pose a filtering effect on the entire, beetle and bee,
community. Some of the variation in bee species richness
explained by large wood boring beetles may therefore have
been driven by a synchronous decline with elevation. Even
so, the variance explained by large wood boring beetles
was larger than that of elevation suggesting a substantial
influence of wood boring beetles per se.
Furthermore, that the cavity nesting bee species rich-
ness and abundance were not significantly related to the
Figure 2. The proportion of cavity nesting (CN) bee species richness (SR) and abundance (Ab) increased with the Ab and SR of large wood
boring beetles (L WB B) which excavate cavities with diameters ≥3 mm. The proportion of cavity nesting bees in the bee species assemblage was
calculated both with (incl. Eric. spec.) and without (excl. Eric. spec.) Ericaceae specialists. In both cases the L WB B Ab (fitted with solid lines) was
the variable, that exerted the stongest influence on the bee response (see text and Table 2 for test statistics). However, the proportion of cavity
nesting bee individuals also showed a decrease with the amount of shading (PCA one).
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species richness and abundance of small and non-wood
boring beetles and that cavity nesting bees and large wood
boring beetles did not co-vary with habitat area also sug-
gests that there was a guild specific link between cavity
nesting bees and large wood boring beetles. The hypothe-
sis that the relationship between cavity nesting bees and
large wood boring beetles was driven by nest site facilita-
tion rather than by a shared response to the availability
of forage resources was supported by an increase in the
proportion of cavity nesting bee individuals with the
abundance and species richness of large wood boring bee-
tles (Table 2). Indeed, the estimated proportion of cavity
nesting bee individuals increased with the abundance of
large wood boring beetles (min = 2, max = 92) from
34% to 55% when Ericaceae specialists were included and
from 44% to 70% when specialists were excluded
(Table 2, Fig. 2). Importantly, this relationship was not
an artefact of the productivity and regrowth in the site as
the positive relationship between large wood boring bee-
tles and the proportion of cavity nesting bees remained
significant when shade (PCA axis one) was included as
explanatory variable in the model. That shade was related
to a decrease in the proportion of cavity nesting bees
may have been due to an increased abundance of ground
nesting bees in areas with a high site index. This would
be expected if soils deep enough for ground nesting bees
to nest in are mainly found in the more productive sites
in our region. That secondary cavity-nesters depend on
cavity-excavators has previously been shown for other
functional groups of bees such as ground nesting bumble-
bees (Bombus sp.) that nest in rodent holes (McFrederick
and LeBuhn 2006a,b) as well as for the variety of non-bee
taxa dependent on abandoned wood-pecker nests (Martin
and Eadie 1999). Although our findings are based on cor-
relative and not experimental evidence, our findings con-
cur with the results of an experiment showing that the
availability of nesting resources pose a major limiting fac-
tor in the common cavity-nesting bee Osmia bicornis
(Syn. = O. rufa) (Steffan-Dewenter and Schiele 2008) and
also that nesting substrates are important drivers of bee
diversity (Potts et al. 2005; Murray et al. 2012). More-
over, of the cavity-nesting bee species found in this study
only Megachile nigriventris is able to excavate their own
cavities in dead wood (Westrich 1989). It is therefore
unlikely that the observed increase of cavity-nesting bees
with large wood boring beetles was caused by both species
groups responding in similar ways to the availability of
dead wood, an important driver of beetle diversity (Grove
2002; Lachat et al. 2012).
The relationships between the functional diversity of
large wood boring beetles and cavity nesting bees suggest
a mechanistic link between the two groups (Fig. 3,
Table 3). Indeed, Westerfelt et al. (2015) found that the
diameter of nest holes was an important determinant of
Table 2. The proportion of cavity nesting bee individuals in local bee
species assemblages increased with the species richness and abun-
dance of large wood boring beetles, which excavate cavities with
diameters ≥3 mm. When Ericaceae specialists were excluded the pro-
portion of cavity nesting bees also decreased with the degree of vege-
tation shading (PCA axis one) the ground. Models were fitted using
binomial GLMs, Nagelkerke R2 values are shown.
df b SE z value R2 P-value
Proportion of cavity nesting bee individuals (incl. Ericaceae specialists)





0.166 0.074 2.23 0.22 0.026




0.009 0.004 2.49 0.27 0.013
Proportion of cavity nesting bee individuals (excl. Ericaceae specialists)




0.184 0.081 2.27 0.21 0.023




0.012 0.005 2.77 0.31 0.006
Intercept 25 0.315 0.129 2.44 0.015
PCA axis one
(shade)
0.301 0.148 2.03 0.17 0.042
Table 3. Final models for the size diversity of cavity nesting bees fol-
lowing backward elimination of the explanatory variables with a P-
value <0.10 (Table S6, Supporting information). Models were fitted
using Poisson (Functionally singular species richnessbees) and
Quasipoisson (Community weighted meanbees and Functional disper-
sionbees) generalized linear models (GLMs). Large wood boring beetle
species excavate cavities with diameters ≥3 mm which may be used
as nest sites by cavity nesting bees. Nagelkerke R2 values are shown.
df b SE z value R2 P-value
Functionally singular species richnessbees




0.012 0.005 2.42 0.48 0.015
Community weighted meanbees
Intercept 23 0.279 0.114 2.44 0.023
Functional
dispersionbeetles
0.389 0.164 2.36 0.21 0.027
Functional dispersionbees
Intercept 23 3.391 0.948 3.58 0.002
Functional
dispersionbeetles
3.278 1.199 2.73 0.33 0.012
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nest occupancy by cavity nesting Aculeates. That the
number of different size classes (FSSR) of cavity-nesting
bees increased with the abundance of large wood boring
beetles suggests that the density of nest holes is an impor-
tant driver of the functional composition of cavity nesting
bee species assemblages. This was also supported by the
finding that the community-weighted mean bee size
(CWM) increased with the functional dispersion (FDis)
of large wood boring beetles, suggesting that the largest
bees were only able to find suitable nesting sites in the
most functionally diverse beetle assemblages. Indeed, the
functional dispersion (FDis) of cavity nesting bees also
increased with the most functionally diverse beetle species
assemblage. Interestingly, the FDisbees showed a hump-
backed relationship to the CWM of large wood boring
beetles (Fig. 3, Table S6, Supporting information). This
pattern would be expected if intermediate values of
CWML WB B indicated that all functional types of large
wood boring beetles were present and equally common
within an area, thereby supporting a high diversity of
nesting opportunities for cavity nesting bees. In contrast,
if low or high values of CWML WB B indicates the domi-
nance of either, relatively, small or large, large wood bor-
ing beetles, it might indicate situations where not all
niches are supported for cavity nesting bees. This would
be in line with Grime’s (1998) “biomass ratio hypothesis”
Figure 3. Enlarged plots showing the most important drivers of the functionally singular species richness (FSSR), community weighted mean
(CWM) and functional dispersion (FDis) of the body size of cavity nesting bees. Relationships in reduced plots, with dashed regression lines, were
significant when tested separately, but were not included following backward elimination of variables. The explanatory variables were the
abundance, functional dispersion and community weighted mean of large wood boring beetles (L WB B) which excavate cavities with diameters
≥3 mm and elevation (m a.s.l.).
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that the impact of species on ecosystem functioning is
proportionate to their abundance, so that the most domi-
nant species are the most influential.
Conclusions
The role of facilitation in organizing communities has
traditionally received less attention than competitive and
trophic interactions (Bruno et al. 2003). This study docu-
ments a strong relationship between wood boring beetles
and cavity nesting bees suggesting that non-trophic facili-
tative interactions among species assemblages likely play a
significant role in maintaining both size and species
diversity within cavity nesting bee species assemblages.
Indeed, identifying and managing for such interactions
may be of high importance for restoration ecology (Byers
et al. 2006) and conservation biology (Martin and Eadie
1999).
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dx.doi.org/10.5061/dryad.5r6pq
Acknowledgments
We wish to thank Sindre Ligaard for beetle identification.
Dag Slettebø, Are Endal Rognes, Adrian Rasmussen,
Hakon Celius, Lisbeth Nordtiller, Torbjørn Kornstad,
Morten Meland, Marte Lilleeng, Ronny Steen and John
Gunnar Dokk assisted in field and laboratory work.
Jonathan Howard Sydenham at JHS International ApS
helped to brush up our English. Two anonymous review-
ers and the assisting editor provided a constructive cri-
tique that greatly improved the manuscript. This study




Bruno, J. F., J. J. Stachowicz, and M. D. Bertness. 2003.
Inclusion of facilitation into ecological theory. Trends Ecol.
Evol. 18:119–125.
Budrien_e, A., E. Budrys, and Z. Nevronyt_e. 2004. Solitary
Hymenoptera Aculeata inhabiting trap-nests in Lithuania:
nesting cavity choice and niche overlap. Latv. Entomol.
41:19–31.
Byers, J. E., K. Cuddington, C. G. Jones, T. S. Talley, A.
Hastings, J. G. Lambrinos, et al. 2006. Using ecosystem
engineers to restore ecological systems. Trends Ecol. Evol.
21:493–500.
Cadotte, M. W., K. Carscadden, and N. Mirotchnick. 2011.
Beyond species: functional diversity and the maintenance of
ecological processes and services. J. Appl. Ecol. 48:1079–1087.
Ehnstr€om, B., and AxelssonR. 2002. Insektsgnag i bark och
ved. Artdatabanken, SLU, Uppsala.
Eldegard, K., Ø. Totland, and S. R. Moe. 2015. Edge effects on
plant communities along power line clearings. J. Appl. Ecol.
52:871–880.
Fauth, J. E., J. Bernardo, M. Camara, W. J. Resetarits, J.
VanBuskirk, and S. A. McCollum. 1996. Simplifying the
jargon of community ecology: a conceptual approach. Am.
Nat. 147:282–286.
Fr€und, J., C. F. Dormann, A. Holzschuh, and T. Tscharntke.
2013. Bee diversity effects on pollination depend on
functional complementarity and niche shifts. Ecology
94:2042–2054.
Gathmann, A., and T. Tscharntke. 2002. Foraging ranges of
solitary bees. J. Anim. Ecol. 71:757–764.
Gathmann, A., H. J. Greiler, and T. Tscharntke. 1994. Trap-
nesting bees and wasps colonizing set- aside fields:
succession and body size, management by cutting and
sowing. Oecologia 98:8–14.
Greenleaf, S. S., N. M. Williams, R. Winfree, and C. Kremen.
2007. Bee foraging ranges and their relationship to body
size. Oecologia 153:589–596.
Grime, J. P. 1998. Benefits of plant diversity to ecosystems:
immediate, filter and founder effects. J. Ecol. 86:902–910.
Grove, S. J. 2002. Saproxylic insect ecology and the sustainable
management of forests. Annu. Rev. Ecol. Syst. 33:1–23.
Harper, K. A., S. E. Macdonald, P. J. Burton, J. Chen, K. D.
Brosofske, E. S. Saunders, et al. 2005. Edge influence on
forest structure and composition in fragmented landscapes.
Conserv. Biol. 19:768–782.
Hoiss, B., J. Krauss, S. G. Potts, S. Roberts, and I. Steffan-
Dewenter. 2012. Altitude acts as an environmental filter on
phylogenetic composition, traits and diversity in bee
communities. Proc. R. Soc. B Biol. Sci. 279:4447–4456.
Hopfenm€uller, S., I. Steffan-Dewenter, and A. Holzschuh.
2014. Trait-specific responses of wild bee communities to
landscape composition. Configuration and local factors.
PLoS One 9:e104439.
Jones, C. G., J. H. Lawton, and M. Shachak. 1994. Organisms
as ecosystem engineers. Oikos 69:373–386.
Kalas, J., A. Viken, S. Henriksen, and S. Skjelseth. 2010. Norsk
rødliste for arter—Norwegian red list. Artsdatabanken,
Trondheim.
Klein, A.-M., B. E. Vaissiere, J. H. Cane, I. Steffan-Dewenter,
S. A. Cunningham, C. Kremen, et al. 2007. Importance of
pollinators in changing landscapes for world crops. Proc. R.
Soc. B Biol. Sci. 274:303–313.
Lachat, T., B. Wermelinger, M. M. Gossner, H. Bussler, G.
Isacsson, and J. M€uller. 2012. Saproxylic beetles as indicator
species for dead-wood amount and temperature in
European beech forests. Ecol. Ind. 23:323–331.
12 ª 2016 The Authors. Ecology and Evolution published by John Wiley & Sons Ltd.
Beetles Facilitate Cavity-Nesting Bees M. A. K. Sydenham et al.
Laliberte, E., and P. Legendre. 2010. A distance-based
framework for measuring functional diversity from multiple
traits. Ecology 91:299–305.
Lawton, J. H. 1994. What do species do in ecosystems? Oikos
71:367–374.
Lawton, J. H. 1999. Are there general laws in ecology? Oikos
84:177–192.
Martin, K., and J. M. Eadie. 1999. Nest webs: a community-
wide approach to the management and conservation of
cavity-nesting forest birds. For. Ecol. Manage. 115:243–257.
McFrederick, Q. S., and G. LeBuhn. 2006a. Are urban parks
refuges for bumble bees Bombus spp. (Hymenoptera:
Apidae)? Biol. Conserv. 129:372–382.
McFrederick, Q. S., and LeBuhn, G. 2006b. Corrigendum to
“Are urban parks refuges for bumble bees Bombus spp.
(Hymenoptera: Apidae)?” [Biol. Conserv. 129 (2006) 372–
382]. Biol. Conserv., 132, 277.
M€uller, A., S. Diener, S. Schnyder, K. Stutz, C. Sedivy, and S.
Dorn. 2006. Quantitative pollen requirements of solitary
bees: implications for bee conservation and the evolution of
bee–flower relationships. Biol. Conserv. 130:604–615.
Murray, T. E., U. Fitzpatrick, A. Byrne, R. Fealy, M. J. F.
Brown, and R. J. Paxton. 2012. Local-scale factors structure
wild bee communities in protected areas. J. Appl. Ecol.
49:998–1008.
Økland, B. 1996. A comparison of three methods of trapping
saproxylic beetles. Eur. J. Entomol. 93:195–209.
Oksanen, J., BlanchetF. G. , Kindt, R. , Legendre, P. , Minchin,
P. R., O’Hara, R. B. , et al. 2013. vegan: Community
Ecology Package. R package version 2.0-10, http://CRAN.R-
project.org/package=vegan.
Ollerton, J., R. Winfree, and S. Tarrant. 2011. How many
flowering plants are pollinated by animals? Oikos 120:321–326.
Petchey, O. L., and K. J. Gaston. 2006. Functional diversity:
back to basics and looking forward. Ecol. Lett. 9:741–758.
Potts, S. G., B. Vulliamy, A. Dafni, G. Ne’eman, P. Willmer.
2003. Linking bees and flowers: how do floral communities
structure pollinator communities? Ecology 84:2628–2642.
Potts, S. G., B. Vulliamy, S. Roberts, C. O’Toole, A. Dafni, G.
Ne’eman, et al. 2005. Role of nesting resources in organising
diverse bee communities in a Mediterranean landscape.
Ecol. Entomol. 30:78–85.
Potts, S. G., J. C. Biesmeijer, C. Kremen, P. Neumann, O.
Schweiger, and W. E. Kunin. 2010. Global pollinator
declines: trends, impacts and drivers. Trends Ecol. Evol.
25:345–353.
R development core team. (2014). R: a language and
environment for statistical computing. R foundation for
statistical computing. R development core team, Vienna,
Austria.
Ricotta, C., and M. Moretti. 2011. CWM and Rao’s quadratic
diversity: a unified framework for functional ecology.
Oecologia 167:181–188.
Rubne, D., M. Schroeder, and T. Ranius. 2015. Estimating bee
and wasp (Hymenoptera: Acuelata) diversity on clear-cuts in
forest landscapes – an evaluation of sampling methods.
Insect Conserv. Divers. 8:261–271.
Siitonen, J. 2001. Forest management, coarse woody debris
and saproxylic organisms: fennoscandian boreal forests as an
example. Ecol. Bull. 49:11–41.
Steffan-Dewenter, I., and S. Schiele. 2008. Do resources or
natural enemies drive bee population dynamics in
fragmented habitats? Ecology 89:1375–1387.
Steffan-Dewenter, I., U. Munzenberg, C. Burger, C. Thies, and
T. Tscharntke. 2002. Scale-dependent effects of
landscape context on three pollinator guilds. Ecology
83:1421–1432.
Stokland, J. N., J. Siitonen, and B. G. Jonsson. 2012.
Biodiversity in dead wood. Cambridge University Press,
Cambridge.
Sydenham, M. A. K., S. R. Moe, Ø. Totland, and K. Eldegard.
2015. Does multi-level environmental filtering determine the
functional and phylogenetic composition of wild bee species
assemblages? Ecography 38:140–153.
Tscharntke, T., A. Gathmann, and I. Steffan-Dewenter. 1998.
Bioindication using trap-nesting bees and wasps and their
natural enemies: community structure and interactions. J.
Appl. Ecol. 35:708–719.
Venables, W. N., and B. D. Ripley. 2002. Modern applied
statistics with S. Springer, New York.
Weiher, E., D. Freund, T. Bunton, A. Stefanski, T. Lee, and S.
Bentivenga. 2011. Advances, challenges and a
developing synthesis of ecological community assembly
theory. Philos. Trans. R. Soc. Lond. B Biol. Sci. 366:2403–
2413.
Westerfelt, P., O. Widenfalk, A. Lindel€ow, L. Gustafsson, and
J. Weslien. 2015. Nesting of solitary wasps and bees in
natural and artificial holes in dead wood in young boreal
forest stands. Insect Conserv. Divers. 8:493–504.
Westrich, P. 1989. Die Wildbienen Baden-W€urttembergs. E.
Ulmer, Stuttgart.
Westrich, P. 1996. Habitat requirements of central European
bees and the problems of partial habitats. Pp. 1–16 in A.
Matheson, I. H. Williams, S. L. Buchmann, C. O’Toole, P.
Westrich, eds. The conservation of bees. Academic Press,
London.
Williams, N. M., E. E. Crone, T. H. Roulston, R. L. Minckley,
L. Packer, and S. G. Potts. 2010. Ecological and life-history
traits predict bee species responses to environmental
disturbances. Biol. Conserv. 143:2280–2291.
Winfree, R., T. Griswold, and C. Kremen. 2007. Effect of
human disturbance on bee communities in a forested
ecosystem. Conserv. Biol. 21:213–223.
Winfree, R., I. Bartomeus, and D. P. Cariveau. 2011. Native
pollinators in anthropogenic habitats. Annu. Rev. Ecol. Evol.
Syst. 42:1–22.
ª 2016 The Authors. Ecology and Evolution published by John Wiley & Sons Ltd. 13
M. A. K. Sydenham et al. Beetles Facilitate Cavity-Nesting Bees
Supporting Information
Additional Supporting Information may be found in the
online version of this article:
Figure S1. Location of study sites in south east Norway.
Table S1. Results from Principal Components Analysis
(PCA) on variables related to regrowth and productivity
(i.e. shading) within power line clearings.
Table S2. List of the species richness and abundance of
large wood boring beetles and cavity nesting bees and the
diameter of the exit holes they produce and widths of
their thorax (ITD).
Table S3. Spearman’s rank correlation among explanatory
variables.
Table S4. Solitary bees sampled in power line clearings.
Table S5. Outputs from GLMs on the species richness
and abundance of cavity nesting bees and all explanatory
variables tested individually as well as the full models.
Table S6. Outputs from GLMs on the size diversity of
cavity nesting bees and all explanatory variables tested
individually as well as the full models.
14 ª 2016 The Authors. Ecology and Evolution published by John Wiley & Sons Ltd.



















The effects of habitat management on the species,
phylogenetic and functional diversity of bees are
modified by the environmental context
Markus A. K. Sydenham, Stein R. Moe, Diana N. Stanescu-Yadav, Ørjan Totland & Katrine Eldegard
Department of Ecology and Natural Resource Management, Norwegian University of Life Sciences, P.O.B. 5003, NO-1432 As, Norway
Keywords
Bees, biodiversity, functional diversity, habitat
management, phylogenetic diversity,
pollinators, power line clearings.
Correspondence
Markus A. K. Sydenham, Department of
Ecology and Natural Resource Management,
Norwegian University of Life Sciences, P.O.B.




This study was funded by Statnett.
Received: 8 October 2015; Revised: 9
December 2015; Accepted: 21 December
2015




Anthropogenic landscape elements, such as roadsides, hedgerows, field edges,
and power line clearings, can be managed to provide important habitats for
wild bees. However, the effects of habitat improvement schemes in power line
clearings on components of diversity are poorly studied. We conducted a large-
scale experiment to test the effects of different management practices on the
species, phylogenetic, and functional diversity of wild bees in power line
clearings (n = 19 sites across southeastern Norway) and explored whether any
treatment effects were modified by the environmental context. At each site, we
conducted the following treatments: (1) Cut: all trees cut and left to decay in
the clearing; (2) Cut + Remove: all trees cut and removed from the plot; and
(3) Uncut: uncleared. The site-specific environmental context (i.e., elevation
and floral diversity) influenced the species, phylogenetic, and functional diver-
sity within bee species assemblages. The largest number of species was found in
the Cut + Remove treatment in plots with a high forb species richness, indicat-
ing that the outcome of management practices depends on the environmental
context. Clearing of treatment plots with many forb species also appeared to
alter the phylogenetic composition of bee species assemblages, that is, more clo-
sely related species were found in the Cut and the Cut + Remove plots than in
the Uncut plots. Synthesis and applications: Our experimental simulation of
management practices in power line clearings influenced the species, phyloge-
netic, and functional diversity of bee species assemblages. Frequent clearing and
removal of the woody debris at low elevations with a high forb species richness
can increase the value of power line clearings for solitary bees. It is therefore
important for managers to consider the environmental context when designing
habitat improvement schemes for solitary bees.
Introduction
Human disturbance is currently reducing biodiversity
globally (Dirzo et al. 2014). Declining populations of ani-
mal pollinators (Potts et al. 2010) are of particular con-
cern, as they sustain sexual reproduction of an estimated
88% of wild angiosperm species (Ollerton et al. 2011).
The bees (Hymenoptera: Apiformes) is an important
group of pollinators, and intensified agriculture and other
land use changes during the past century have caused
increased extinction rates of wild bees (Ollerton et al.
2014) and declines in regional population densities and
occurrences (Biesmeijer et al. 2006). Currently, about 9%
of the European bee species are threatened (Nieto et al.
2014). The availability of suitable habitats is a limiting
factor for bees in modern agricultural landscapes, and a
positive relationship between the proportion of semi-nat-
ural habitats and bee diversity in these landscapes has
been reported in a number of studies (Steffan-Dewenter
et al. 2002; Winfree et al. 2011).
Semi-natural grasslands, such as calcareous grasslands,
provide important habitats for bees (Murray et al. 2012),
but are often lost due to changes in land use, particularly
reduced livestock grazing (Stoate et al. 2009). However,
other anthropogenic landscape elements, such as power
line clearings (Russell et al. 2005), hedgerows (Morandin
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and Kremen 2013), and agricultural field edges (Syden-
ham et al. 2014), may also provide important habitats for
bees in the agricultural landscape matrix. For example,
road verges may mimic semi-natural habitats if re-sown
with native plant species (Hopwood 2008) or managed to
promote the species richness of forbs (Noordijk et al.
2009). In addition, restoring hedgerows along fields
increases the occurrence of specialized bees, which typi-
cally decline in richness and density in agricultural land-
scapes (Kremen and M’Gonigle 2015). Thus, developing
ecologically sound management plans for marginal areas
is of high importance for bee conservation (Nieto et al.
2014). However, as the response of bees to habitat
improvement schemes in agricultural landscapes may
depend on the initial quality of the habitat (Scheper et al.
2013), the outcome of management practices should be
assessed under different environmental contexts before
widely implemented.
In many forested landscapes, the establishment and
maintenance of power line clearings have created exten-
sive networks of habitat of early successional vegetation
(Wojcik and Buchmann 2012). In Norway, where our
study is conducted, the area below the regional power
lines that transect forests covers approximately 200 km2.
The woody vegetation in these areas is cut every 5–
10 years to prevent trees from encroaching on the power
lines. If appropriately managed, these already disturbed
areas may benefit pollinators, such as bees (Wojcik and
Buchmann 2012) and butterflies (Berg et al. 2013), as
they contain a higher floral diversity than the neighboring
forests (Eldegard et al. 2015). Indeed, open-canopy areas
in forested landscapes increase the species richness and
abundance of many bee species (Winfree et al. 2007;
Hanula et al. 2015). However, while management strate-
gies that increase the sun exposure in power line clearings
may benefit thermophilic organisms, such as bees (Syden-
ham et al. 2014) and reptiles (Shine et al. 2002), organ-
isms that require humid environments (e.g., gastropods
and amphibians) may prefer more shaded habitats in late
successional stages of power line clearings. If the aim of
management is to improve habitat conditions for a wide
variety of organisms, and thus maximize the positive
effects on diversity, managers may therefore need to apply
a combination of different management strategies to
accommodate the habitat requirements of each organism
group.
Even among bee species, habitat requirements differ
substantially. Evaluating the success of management plans
based solely on the effect on bee species richness and
abundance is therefore not recommended as these indices
may provide limited ecological information. Instead, these
indices should be accompanied by measures of the func-
tional diversity within species assemblages (Cadotte et al.
2011) as the functional and species diversity indices may
reveal contrasting patterns to habitat conditions (Forrest
et al. 2015). Indeed, the response of bee species to land
use changes can be explained by functional traits, such as
nest-site locations, body size, floral specialization (Wil-
liams et al. 2010), and phenology (Sydenham et al. 2014),
which, together with the bee phylogeny, provide impor-
tant information about the distribution of bees along
environmental gradients (Hoiss et al. 2012; Sydenham
et al. 2015). Thus, an ideal outcome of habitat manage-
ment aimed at promoting the diversity of bees should be
an increased species richness and abundance, accompa-
nied by an increased (or at least an unchanged) phyloge-
netic and functional diversity. While these outcomes
should manifest themselves at the population level, the
initial response to altered habitat conditions occurs at the
behavioral level of individuals within the community
(Wong and Candolin 2015). Differences in the number of
species and individuals among treatments likely reflect
habitat use by bees from the local species pool. Given that
the individuals are free to choose habitat, a higher use of
one habitat over another likely reflects that the more used
habitat is more preferred and thus profitable. A contrast-
ing attraction or avoidance of species to differently man-
aged habitat patches within the spatial scale of the
community can therefore reveal which of the manage-
ment practices best accommodate the preferred habitat of
bees from the local species pool.
We established a large-scale field experiment to test
how the species, phylogenetic, and functional diversity of
wild bees responded to different management practices in
power line clearings in a varying environmental context.
At each study site (n = 19), we established three plots
and randomly assigned either of three treatments to each
plot: (1) Cut: all trees cut and left to decay in the clear-
ing; (2) Cut + Remove: all trees cut and removed from
the plot; and (3) Uncut: uncleared. The sites were dis-
tributed across a large geographic area covering an eleva-
tion gradient and a gradient in floral diversity. This
allowed us to study how the environmental context
affected the local species pool and thereby whether the
outcome of management practices depended on the envi-
ronmental context.
We sampled the bee community within each treatment
plot in each site and hypothesized that:
Cleared plots (i.e., treatments Cut and Cut + Remove)
should attract more bee species from the local species
pool than uncleared plots (i.e., Uncut) as sun exposure is
an important determinant of local bee species richness
and abundance in boreal forest ecosystems (Sydenham
et al. 2014). We expected to find the highest species
richness of bees in plots where the woody debris was
removed (Cut + Remove) and, consequently, a larger area
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of potential nesting sites exposed, as many bee species
nest in sun-exposed soils. Moreover, as local bee diversity
may be positively related to floral diversity (Potts et al.
2003), we expected that the relative difference in the
number of bee species and individuals between cleared
and uncleared treatment plots would increase with local
floral diversity. In contrast, as bee diversity normally
decreases with elevation (Hoiss et al. 2012; Sydenham
et al. 2015), we expected that the effect of clearing would
decrease with elevation.
As habitat improvement increases the presence of habi-
tat specialists in hedgerows (Kremen and M’Gonigle 2015),
we also expected an increase in the number of species and
individuals of bees after clearing plots with a high floral
diversity to be accompanied by an increased phylogenetic
and functional diversity. In contrast, we expected the phy-
logenetic and functional diversity to decrease with eleva-
tion because of reduced bee diversity with increasing
elevation (Hoiss et al. 2012; Sydenham et al. 2015).
Methods
Study design and data collection
We identified 19 sites within the main power line grid in
southeast Norway, which had a stretch of at least 200 m
with substantial regrowth of trees below the power lines.
Sites were located between latitudes 59.33°–61.12°N and
longitudes 08.95–11.36°E at 48–536 m.a.s.l. The clearings
varied in width from c. 40 to c. 80 m. All the sites had
been subjected to the same management regime with
manual clear-cutting of all woody vegetation every 5–
10 years, over large stretches of the corridor, where felled
trees were left on site.
At each site, three rectangular plots extending 30 m
along the power line clearing and covering the whole
width of the clearing were established at least 20 m apart.
During the late autumn 2012 (16 sites) and early spring
2013 (3 sites), we randomly allocated one of the plots to
three treatments: (1) Cut: all trees were cut and left to
decay in the plot; (2) Cut + Remove: all trees were cut
and immediately removed from the plot, that is, mimick-
ing harvesting of biomass for, for example, biofuels; and
(3) Uncut: the plot was left uncleared (Fig. 1).
In the center of each treatment plot, we placed nine 1-
m2 subplots 5 m apart in a regularly spaced grid pattern.
We visually estimated the total cover of all forb species in
the nine subplots within each of the three treatment plots
at every site. We also estimated the cover of four Eri-
caceae shrub species (Calluna vulgaris, Vaccinium myr-
tillus, V. vitis-idaea, and V. uliginosum), which are visited
by the regionally common pollen specialists Andrena fus-
cipes, A. lapponica, and Colletes succinctus. We focused on
forbs and ericaceous shrubs because the relative
dominance of these groups may be an important determi-
nant of bee species composition in forested ecosystems
(Hanula et al. 2015; Sydenham et al. 2015). We calculated
the species richness of forbs and ericaceous shrubs within
each treatment plot by pooling all species occurring in
the nine 1-m2 subplots. The abundance of forbs and eri-
caceous shrubs was quantified by calculating their average
cover per subplot in each treatment plot. The species
richness of forbs was strongly positively correlated with
the cover of forbs (q = 0.76) and negatively correlated
with both the cover (q = 0.60) and species richness
(q = 0.59) of Ericaceous shrubs. Thus, the gradient in
forb species richness represented a gradient in floral
diversity (from structurally simple, unproductive, Erica-
ceous shrub dominated; to structurally complex, produc-
tive, forb dominated), and we therefore only used species
richness of forbs within treatment plots (mean = 10.56,
min = 0, Q25 = 5, Q50 = 7, Q75 = 16, max = 30) to
represent floral resource abundance and diversity.
Bees were sampled in 2013 throughout the entire flow-
ering season, from snowmelt to the end of the foraging
activity-season in September. We installed three flight
interception traps within each treatment plot. All traps
were placed along the northernmost end of the treatment
plot to maximize sun exposure. The flight interception
traps consisted of two transparent Plexiglas screens
(370 mm 9 210 mm) that formed a cross, with a funnel
and collecting bottle attached to it. The collecting bottle
was filled with a 50:50 mixture of green propylene glycol
and a drop of detergent. Every month we collected the
bottles and immediately replaced them with new ones.
This procedure ensured a continuous, standardized
sampling among all sites throughout the entire season.
We pooled all specimens sampled within a treatment plot
and used the treatment plots as our sampling unit in the
statistical analyses.
Phylogenetic diversity indices
We constructed an ultrametric, polytomous, proxy of a
phylogenic tree for the bee species collected in this study
(Fig. S1) by clustering taxa according to published phylo-
genies (Danforth et al. 2013; Schmidt et al. 2015). Branch
lengths were calculated following Grafen (1989) with the
p-parameter set to 0.25 in order to place the divergence
of bee families early in the phylogeny as these evolved
early in the phylogenetic history of bees (Cardinal and
Danforth 2013).
We calculated the four indices (Table 1) proposed by
Helmus et al. (2007) as measures of the phylogenetic
diversity of bees occurring within the treatment plots.
The phylogenetic species variability (PSV) quantifies the
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evolutionary distinctiveness of the species in a sample.
The PSV equals one when all species in the community
are equally unrelated to one another (i.e., the phylogeny
is star shaped) and approaches zero as the species
become increasingly related. The PSV is calculated as one
minus the mean similarity in phylogenetic history (i.e.,
the mean off-diagonal values in a phylogenetic variance–
covariance matrix). The phylogenetic species richness
(PSR) is the phylogenetically corrected species richness.
It is calculated as the species richness multiplied by the
PSV. The phylogenetic species evenness (PSE) is the
abundance-based PSV and is a measure of how evenly
spread the individuals in a sample are, in terms of their
evolutionary history. If all species have the same abun-
dance, PSE equals PSV. Finally, the phylogenetic species
clustering (PSC) is the PSV modified to provide infor-
mation about how species in an assembly are clustered
toward the tip of the phylogeny. The PSC approaches
zero when the evolutionary distinctiveness of the nearest
relatives in the community increases. A strength of the
PSV-based indices is that they are standardized against a
star-shaped phylogeny and therefore are not dependent
on the regional species pool (Helmus et al. 2007). Prior
to analyses, we removed all cleptoparasitic species from
the data set as these species are highly host-specific and
therefore co-occur with their hosts, although many of
them (as in the case of the genus Nomada) are distantly
related to their hosts. Including these species in the anal-
yses could therefore obscure the effects of habitat condi-
tions on the phylogenetic diversity of bee species
assemblages. A total of 11 treatment plots were removed
as they then contained fewer than two species, making it
impossible to calculate the phylogenetic diversity indices.
We used the picante library (Kembel et al. 2010) in R (R
development core team 2014) to calculate the phyloge-
netic diversity indices (Table 1).
Figure 1. The geographic distribution of the 19 study sites located within power line clearings showing the three treatment plots (illustrated as
cross-sections of the power line clearing); (A) Cut: all trees cut and left to decay in the clearing, (B) Uncut: uncleared control and (C)
Cut + Remove: all trees cut and removed from the plot, thereby exposing the ground to direct sunlight. We sampled bees with three flight
interception traps (black crosses) in each treatment plot (D), and plant data in the nine 1-m2 subplots within each of the three treatment plots
(gray boxes).
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Functional diversity indices
To explore whether treatments differed with respect to
functional diversity, we tested whether the bees trapped
in the different treatment plots constituted only a subset
of the functional groups from the local (site) species
assemblage. The functional dissimilarity among bee spe-
cies was quantified based on five life-history traits related
to four main categories; foraging behavior, nesting behav-
ior, month of emergence, as a measure of phenology, and
the intertegular distance (ITD) as a measure of body size
(Table S2). These traits were chosen as they are related to
the responses of bees to disturbances (Williams et al.
2010; Sydenham et al. 2014; Forrest et al. 2015) and the
ITD as it determines their foraging range (Greenleaf et al.
2007). We calculated four indices of functional diversity
(i.e., FSSR, FDis, FEve, and CWM); the number of func-
tionally distinct species (hereafter; functionally singular
species richness; FSSR), which is the functional equivalent
of species richness. To quantify the variation in trait val-
ues within treatment plots, we followed the approach of
Forrest et al. (2015) and calculated the functional disper-
sion (FDis) of trait values. The functional evenness (FEve)
was calculated to test how the skewness of trait values dif-
fered within and among sites (Villeger et al. 2008). Non-
Euclidean distances, due to the inclusion of categorical
traits, were corrected using the Cailliez correction (Forrest
et al. 2015). We also calculated the community-weighted
mean (CWM) trait value to test whether the attraction of
bees to cleared sites depended on pollen specialization
(i.e., polylectics vs. oligolectics), nesting behavior (i.e.,
above vs. belowground nesters), month of emergence, and
body size (i.e., ITD). All the trait diversity indices were
calculated using the FD library (Laliberte and Legendre
2010) in R. The indices were abundance-weighted as we
were interested in the distribution of individuals, belong-
ing to different functional groups, among treatment plots.
Statistical analyses
We analyzed the effects of the treatments on the response
variables by fitting a generalized linear mixed effect models
(GLMM) using the R library lme4 (Bates et al. 2015). For
each response variable, we first fitted a full model which
included the treatment-specific interaction terms treat-
ment 9 forb species richness, treatment 9 elevation, and
the site-specific interaction term forb species richness 9 el-
evation as well as the main effect terms of each variable
and site identity as a random effect. The number of suc-
cessful trap-months (hereafter; sampling intensity) within
each treatment plot was included as an offset variable to
account for a difference in sampling intensity caused by
destroyed traps (27 trap-months missing of 684). We first
used chi-square tests in R to test whether including the
sampling intensity significantly reduced the model
deviance. If not, we refitted the model without sampling
intensity as an offset variable. We then used likelihood
ratio tests (LRTs) to conduct a sequential backward elimi-
nation of nonsignificant terms (P > 0.05, LRT statistics for
all variables dropped from models as well as outputs from
final models are listed in Tables S3, S5 and S6).
Analyses with either species richness or abundance of
solitary bees as the dependent variable were run using
GLMMs with Poisson-distributed errors and log-link
functions. We analyzed the data both with and without
cleptoparastic species (i.e., Coelioxys, Nomada, and
Sphecodes spp.). Analyses with the PSR as the dependent
variable were fitted using GLMMs with a Gamma distri-
bution and a log-link function, whereas the PSV, PSE,
and PSC were fitted using linear mixed effect models.
The analyses with the FSSR (Table 1) as the response
variable were run using negative binomial GLMMs
whereas linear mixed effect models were fitted to the
FDis, CWM ITD, and the CWM emergence. The propor-
tion of belowground nesting bees and oligolectics (i.e.,
pollen specialists) were fitted using GLMMs with bino-
mial distributions and logit-link functions. Cleptoparasitic
species were excluded from the single trait analyses on
nesting behavior and lecty status as these species only
indirectly depend on the resources sought by their hosts.
We did not include sampling intensity as an offset
variable in the analyses on proportions data, as these vari-
Table 1. Abbreviations used for phylogenetic (Helmus et al. 2007)
and functional (Villeger et al. 2008) diversity indices used in this
paper. See text for details.
Abbreviation
Phylogenetic diversity1
Phylogenetic species variability PSV
Phylogenetic species richness PSR
Phylogenetic species evenness PSE
Phylogenetic species clustering PSC
Functional diversity2




Proportion of oligolectics None used
Proportion of aboveground nesters None used
Intertegular distance (body size) CWM ITD
Month of emergence CWM emergence
1Cleptoparasites were excluded from analyses with phylogenetic diver-
sity indices as response variables.
2The FDis, FEve, and CWM indices were abundance-weighted as we
were interested in the preference of individuals for different treatment
plots. Cleptoparasites were excluded in the analyses on the propor-
tions of oligoletics and aboveground nesters.
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ables were already standardized by the abundance of bees
within treatment plots and therefore readily comparable
among treatments and sites. We tested for nonindepen-
dence among the main functional trait categories (ITD,
lecty status, month of emergence, and nest location) pos-
sessed by each species (n = 63 species) using Spearman’s
rank correlation tests in the Hmisc (Harrell et al. 2015)
library in R. This was carried out since the interpretation
of analyses on individuals traits might be confounded by
co-variation among traits.
Results
Influence of experimental treatments and
habitat conditions on species richness and
abundance
We collected a total of 617 individuals and 63 species of
solitary bees. The species richness (incl. cleptoparasites)
differed among treatment plots, but the magnitude
depended on the forb species richness within plots. This
shows that the effect of removing the debris after clear-
ings was strongest in the most productive (i.e., floristically
diverse) sites (Fig. 2, Tables 2 and S3). Results for bee
species richness were similar when cleptoparasites were
removed (Fig. 2, Table 2) and also for the abundance of
bees, regardless of the inclusion/exclusion of cleptopara-
sites (Table 2). There was also a decrease of species rich-
ness with elevation, but this did not differ among
treatments (Fig. S4). See Table S3 for likelihood ratio tests
statistics for dropped variables and the full GLMM out-
puts for the final models.
Influence of experimental treatments and
habitat conditions on phylogenetic diversity
The phylogenetic species richness (PSR) differed among
treatments within sites, but the differences depended on
the forb species richness within treatment plots and eleva-
tion (Fig. 2, Table 3). Inclusion of the interaction term
treatment type 9 elevation (Table S5) significantly
improved the model fit (v2 = 8.44, P < 0.038) and was
marginally significant (df = 2, LRT = 5.864, P = 0.053).
The increased PSR was not paralleled by a selective bias
against specific taxonomic groups as neither the phyloge-
netic species variability (PSV) or evenness (PSE) varied
systematically along the gradient in forb species richness,
elevation, or among treatments (Table S5). In contrast,
the phylogenetic species clustering (PSC) differed among
treatments and increased with forb species richness in the
Cut+Remove and Cut treatments but not in the Uncut
treatment (Fig. 2, Table 3). Moreover, the significant
Figure 2. The effects of treatments (Uncut,
Cut + Remove, and Cut) on the relationship
between species richness, phylogenetic species
richness (PSR), and phylogenetic species
clustering (PSC) and forb species richness. The
results were similar when cleptoparasites were
excluded (- Clept.). Plots show fitted lines and
95% confidence intervals for GLMMs on the
interaction term treatment 9 forb species
richness (see text and Tables 2 and 3 for
details).
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interaction between forb species richness and elevation
showed that the PSC increased with forb species richness
and that the slope of this relationship increased with ele-
vation (Table 3, Fig. S4). See Table S5 for likelihood ratio
test statistics from the backward elimination of variables
and full model outputs from the final models for PSR
and PSC.
Influence of experimental treatments and
habitat conditions on functional diversity
The functionally singular species richness (FSSR) increased
with forb species richness in the Cut + Remove treatment
whereas this relationship did not occur in the Cut and
Uncut treatments (Fig. 3, Table 4). There was also a posi-
tive interaction between forb species richness and elevation,
suggesting that the importance of forb species richness
for FSSR increased with elevation (Fig. S4, Table 4).
We found no systematic change in the FDis within or
among sites (Table S6). However, the FEve decreased with
forb species richness and increased with elevation so that
the individuals sampled in treatment plots at high
elevations with a low forb species richness had the most
evenly distributed functional trait distributions (Fig. S4,
Table 4). The CWM ITD of individuals increased with
elevation and decreased with forb species richness
(Fig. S4, Table 4). These responses were site-specific as no
interactions occurred between the environmental variables
and treatment (Table S6).
The proportion of belowground nesting bee individuals
was lower in the two cleared treatment types than in the
Uncut treatment (Fig. 4, Table 4), but was not related to
elevation or forb species richness (Table S6). The propor-
tion of pollen specialists (oligolectics) decreased with forb
species richness and increased with elevation and these
relationships were most pronounced in the Uncut treat-
ment type, indicating an effect of treatment. However, the
relationships between the proportion of oligolectic bees
and the interaction terms treatment 9 forb species rich-
ness (Fig. 3, df = 2, LRT = 0.36, P = 0.836) and treat-
ment 9 elevation (df = 2, LRT = 5.15, P = 0.076) were
not significant when Ericaceae specialists were removed
from the analysis. The CWM emergence increased with
elevation in the Uncut treatment plots but decreased with
elevation in the Cut + Remove and Cut treatment plots
(Table 4, Fig. 3). The CWM emergence also decreased
with forb species richness (Table 4, Fig. S4). See Table S6
for likelihood ratio test statistics from the backward elim-
ination of variables and full model outputs from the final
models fitted to the functional diversity indices.
Discussion
The effect of habitat management on bee diversity was
modified by the environmental context. The cleared
treatment plots in power lines (treatments Cut and
Cut + Remove) attracted more species and individuals
than noncleared plots (Uncut) and this effect increased
with forb species richness. Contrary to our expectations,
the effect of treatments did not change with elevation,
and the phylogenetic similarity among species increased
following the clearing of power lines in plots with a high
species richness of forbs. However, the increase in phylo-
genetic similarity was driven by a parallel packing of spe-
cies within several taxonomic groups. This was also
supported in that the Cut and Cut + Remove treatments
were slightly less dominated by belowground nesting bees
than the Uncut treatment and that the proportion of
oligolectic individuals was more stable along the forb spe-
Table 2. Likelihood ratio tests for final models on bee species rich-
ness and abundance. Models were fitted using Poisson GLMMs with
the number of successful trap-months as an offset variable and site
identity as a random effect. See Table S3 for LRT test statistics from
the backward elimination of variables and model outputs from the
final model.
Response Explanatory terms LRT df P
Species richness
(incl. Cleptoparasites)






















Table 3. Likelihood ratio tests for final models on the phylogenetic
diversity within treatment plots in power line clearings. The phyloge-
netic species richness (PSR) was fitted using Gamma GLMMs with site
identity as a random effect. The phylogenetic species clustering (PSC)
was fitted using a linear mixed effect model. See Table S5 for LRT test
statistics from the backward elimination of variables and model out-
puts from the final model.
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cies richness and elevation gradients in the two cleared
treatments, compared to the Uncut treatment. There was
a significant correlation among several of the trait cate-
gories (Table 5). Pollen specialists and aboveground
nesters generally emerged later in the season, and pollen
generalists tended to be smaller than pollen specialists.
These interdependencies meant that the single trait analy-
ses have to be interpreted in concert as some trait–envi-
ronment relationships might have been confounded by
other traits than the one being tested.
Influence of management practices on
species richness and abundance of bees
The cleared treatment plots attracted more bee species
and individuals from the local species pools than the non-
cleared plots, and the effect of clearing and debris
removal was greatest in sites with a high species richness
of forbs. In contrast, in the ericaceous shrub dominated
(i.e., low forb species richness) sites, the treatment effect
was negligible (Fig. 2, Table 2). This may indicate that
bee species in our study preferred different successional
stages, as previously shown for bees along temporal
gradients in fire history (Moretti et al. 2009; Ricotta and
Moretti 2011). In our system, this preference could be
related to floral specialization in that Ericaceae-affiliated
species are less affected by clearing regrowth than forb-
affiliated species. For instance, the common Ericaceae spe-
cialist Andrena lapponica is frequently foraging on bilberry
(Vaccinium myrtillus) in shaded Picea abies forests (pers.
obs.), whereas the majority of solitary bees prefer sun-
exposed areas in this ecosystem (Sydenham et al. 2014)
with a diverse flora (Hanula et al. 2015; Sydenham et al.
2015). This suggests that forb-dominated power line
clearings have a greater potential for boosting local bee
diversity than those dominated by ericaceous shrubs.
In addition to the influence of clearing and floral diver-
sity, elevation was negatively related to the species
Figure 3. The effects of treatments (Uncut,
Cut + Remove, and Cut) on the relationship
between the functionally singular species
richness (FSSR), proportion of oligolectics
(prop. oligo.), and community-weighted mean
month of emergence (CWM emerg.) and
environmental conditions (forb species richness
and elevation). Relationships are also shown
when Ericaceae specialists were excluded from
the analyses on Prop. Olig. (- Erica. spec.).
Plots show fitted lines and 95% confidence
intervals for GLMMs.
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richness and abundance of bees within treatment plots
(Table 2, Table S3, Fig. S4). The species and functional
diversity of wild bee species assemblages have previously
been shown to decrease with elevation (Hoiss et al. 2012;
Sydenham et al. 2015). In contrast to our expectations,
the influence of elevation on bee species richness did not
differ among the three experimental treatments (Fig. S4,
Table 2). Scheper et al. (2013) found that the effect of
habitat management in landscapes with little or no semi-
natural habitats was negligible due to low species densi-
ties. The same may have occurred in the power line clear-
ings at high elevations, where a low species richness in
sites could mask potential differences in habitat quality
among treatments.
Influence of management practices on the
phylogenetic composition
The attraction of bee species to cleared plots with a high
forb species richness also led to an increased phylogenetic
species richness (PSR, Fig. 2), as would be expected as
this index was correlated to species richness in our data
set. We expected the phylogenetic species variability
(PSV) and evenness (PSE) to change with forb species
richness, treatment, or their interaction, as long-tongued
bees prefer later successional habitats than distantly
related short-tongued bees (Moretti et al. 2009; Ricotta
and Moretti 2011), but we found no such relationships.
That the phylogenetic species clustering (PSC) increased
Table 4. Likelihood ratio tests for final models on the functional
diversity within treatment plots in power line clearings. The function-
ally singular species richness (i.e., FSSR; the number of functionally
unique species) was fitted using a negative binomial GLMM whereas
the functional evenness (FEve) and community-weighted mean body
size of bee individuals (ITD) were fitted using linear mixed effect mod-
els. Analyses with the proportion of belowground nesting and
oligolectic bee individuals were run using GLMMs with binomial distri-
butions. See Table S6 for LRT test statistics from the backward elimi-
nation of variables and model outputs from the final model.












Forb species richness 12.65 1 <0.001
Elevation 3.97 1 0.046































Figure 4. The proportion of belowground nesting bee individuals differed among treatment plots and was lowest in the two cleared treatment
plots (Cut and Cut+Remove). Black dots and whiskers are predicted values and 95% CI limits. Gray dots are observed values. The right panel
shows the mean number of belowground nesting (black) and aboveground nesting (gray) bee individuals per treatment type with 95% CI limits
estimated using individual Poisson GLMs for each of the six nesting behavior–treatment combination. See Table 4 for test statistics.
Table 5. Spearman’s rank correlations among the main functional
trait categories. P-values are given in parenthesis. The body size of
species (intertegular distance; ITD) and the month of emergence
(Emergence) are numerical values. The Lecty status and Nest location
are binary given the value 1 for polylectics and belowground nesters,
respectively.
Emergence ITD Lecty status
ITD 0.05 (0.70) 1 0.33 (0.01)
Lecty status 0.30 (0.02) 0.33 (0.01) 1
Nest location 0.35 (<0.01) 0.03 (0.79) 0.16 (0.22)
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with forb species richness in both clearing treatments, but
not in the Uncut treatment (Table 3, Fig. 2), suggests that
taxa did not discriminate between the clearing treatments
and that most clades were present in areas that had plots
with a high forb diversity. The preference for cleared
treatment plots could be caused by the increased solar
radiation in such plots, as sun exposure is an important
determinant of solitary bee species richness in field
margins along forest edges (Sydenham et al. 2014). In
addition to increased local temperature, the direct sun-
light could also increase the number of species flowering,
and their flower density, in cleared plots, thereby increas-
ing the diversity of foraging resources. As different taxa of
bees tend to show distinct floral preferences (Potts et al.
2003), an increased diversity of floral resources could
attract more species, from distantly related taxa, to the
same treatment plot.
Influence of management practices on the
functional diversity
The effects of treatments on the functional diversity of
bees depended on elevation and on the forb species
richness within plots. The response of the functional
diversity of bees to habitat conditions may contrast that
of species diversity if the habitat selects for bees with
certain traits (Forrest et al. 2015). Indeed, while the
response of the FSSR to treatments mirrored that of the
species richness and PSR (Figs. 2 and 3, Tables 2–4)
there were also trait-specific responses (Figs. 3 and 4,
Table 4). We found a lower proportion of belowground
nesting bees in the cleared plots despite these plots con-
tained a larger area of sun exposed soil, which is attrac-
tive to nest seeking females (Potts et al. 2005). The
preference for cleared plots may therefore have been dri-
ven mainly by foraging resources as floral diversity is an
important driver of bee diversity (Potts et al. 2003).
Moreover, differences among treatments in the relation-
ships between the proportion of oligolectic bees and ele-
vation and forb species richness were only significant
when Ericaceae specialists were included in the analyses
(Fig. 3). This suggests that Uncut treatment plots with a
low diversity of foraging resources and at high elevations
tended to be more dominated by Ericaceae specialists
than the cleared plots. Oligolectics tended to emerge
later in the season than polylectics (Table 5). That the
CWM emergence increased with elevation in the Uncut
treatment and decreased in two cleared treatment types
(Fig. 3) may therefore have been caused by early emerg-
ing, polylectic, bees preferring the cleared plots at high
elevations. At high elevations, this preference could be
due to an earlier onset of flowering, resulting from
increased sun exposure to the ground.
In addition to the effects of treatment, the functional
diversity was also influenced by environmental conditions
irrespective of treatments (Fig. S4). As the species richness
decreased with elevation (Fig. S4), it surprised us that the
FSSR increased with the interaction between elevation
and forb species richness (Fig. S4). However, the decrease
in functional evenness (FEve), with forb species richness
and increase with elevation suggests an even trait distribu-
tion at high elevation sites with a high forb species rich-
ness. This could lead to an increased FSSR in treatment
plots at high elevations areas with a diverse forb commu-
nity. That the CWM ITD increases with elevation
(Table 4, Fig. S4) was also found by Hoiss et al. (2012),
who suggested that the relationship could be caused by
large species being better at thermoregulating and able to
fly under poorer weather conditions or that large species
can forage over greater distances (Greenleaf et al. 2007).
A decrease in CWM ITD with forb species richness was
also found in another study in power line clearings in
Norway (Sydenham et al. 2015), and was likely caused by
sites with a high dominance of Ericaceous shrubs being
species poor and dominated by the relatively large Eri-
caceae specialists (mean ITD = 2.67  0.47 mm vs.
2.1  0.75 mm). This could also explain why the mean
month of emergence decreased with forb species richness
(Fig. S4) as sites with a high species richness of forbs
would be more likely to provide foraging resources for
earlier emerging polylectics.
Implications for habitat management
Different types of habitats host-specific bee species assem-
blages (Murray et al. 2012). Thus, it should be of high
conservation priority to develop habitat-type specific
management strategies in potentially bee friendly habitats,
such as power line clearings (Russell et al. 2005). In the
European Union (EU), the implementations of such man-
agement plans in agricultural landscapes are motivated
through the EU Agri Environmental Schemes. These
include establishing flower-strips along field margins and
restoring hedgerows, which increases local bee diversity
(Kremen and M’Gonigle 2015). In contrast, no environ-
mental schemes have been proposed for power line clear-
ings that transect forests, although they cover vast areas
and host diverse plant (Wagner et al. 2014; Eldegard et al.
2015), bee (Russell et al. 2005), and butterfly (Berg et al.
2013) species assemblages. However, the impact of man-
agement practices depends on the environmental context
and is greatest in landscapes of intermediate complexity
that contain source habitats from which species can recol-
onize restored areas (Scheper et al. 2013). Our findings
are in agreement with Scheper et al. (2013) in that the
largest increase in diversity occurs in sites with a high
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species richness and they highlight the importance of test-
ing management schemes under different environmental
conditions prior to establishment.
Our findings suggest that changes in management prac-
tices, that is, removing debris after clearing, create a pre-
ferred habitat for bees and whether these translate into an
increased pollen provisioning for offspring may enhance
bee diversity in power line clearings. However, it should
be noted that this study was limited to the diversity of
solitary bees, and the suggested management advice might
have different effects on other organisms. In order to mit-
igate negative effects on, for example, the local diversity
of decomposers, the woody debris could be left on site,
but collected in heaps, thereby creating a heterogeneous
environment that benefits both bees and organisms that
depend on dead wood. Moreover, the responses measured
in this study are likely to be a mixture of population-level
responses occurring at the site level, and behavioral-level
responses occurring within sites. Future studies of bees
should aim to test whether behavioral-level responses,
such as those documented in this study, manifest them-
selves at the population level.
One of our treatments mimicked an labor-intensive
management practice with removal of woody debris from
the area after management clearing. Unless the debris is
harvested and sold for biofuels or other products, remov-
ing the woody debris will increase the net cost of clearing
the power line clearings. The most cost-effective solution
would be to allocate this treatment to sites where the ben-
efit is expected to have the greatest positive effect on bee
diversity. Our results show that the largest effect is gained
in areas with a relatively high forb diversity. In boreal for-
est landscapes, these are typically areas with a high site
productivity and low soil moisture. Moreover, as the
decrease in species richness and abundance with elevation
was not affected by management practice, managers
should remove debris primarily at low elevations as these
areas have the highest bee diversity. Logistically, this will
likely reduce the cost of intensified management as low
elevational sites are generally more easily accessible.
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Both stochastic and deterministic processes drive community assembly. The relative influence 
of stochastic processes, i.e. dispersal and ecological drift, may determine how predictable the 
outcome of habitat management is. Since these processes operate at several spatial scales, 
understanding the determinants of local biodiversity requires syntheses among hierarchies of 
biological organization. We build on previous approaches testing the role of ecological filtering 
and develop a novel framework to characterize the influence of dispersal limitation and 
ecological drift. Using wild bee communities as an example, we show that the probability of 
species occurring within communities is dispersal limited. Moreover, regionally abundant 
species were relatively more likely to occur at high elevations than less abundant species 
suggesting that the role of ecological drift increases with elevation. In addition to stochastic 
processes, ecological filtering also influenced community assembly by selecting for species 
based on their floral preferences. 
 Our results show that an appreciation of stochastic processes can help inform decisions 
about habitat management. Specifically, the outcome of habitat management may be more 
predictable in areas of favorable climatic conditions. Moreover, the analytical framework we 
have developed here is scalable to the population and biogeographic levels and so can facilitate 
a synthesis among biological hierarchies. 
Keywords: Bees, community assembly, deterministic processes, dispersal, drift, stochastic 




Understanding the distribution of species diversity requires syntheses among hierarchies of 
biological organization (Jenkins and Ricklefs 2011) and that communities are understood in a 
regional context (Ricklefs 2008). Communities are embedded in a network of other 
communities, i.e. the metacommunity, connected through the dispersal of species (Leibold et 
al. 2004). Within this network, community assembly is influenced by both stochastic processes, 
related to immigration and ecological drift, as well as deterministic processes of ecological 
filtering (Fig. 1, Vellend (2010). Faced with current declines in species diversity (Dirzo et al. 
2014) the development of habitat management plans is required in order to conserve species 
rich communities. Identifying the influence of both stochastic and deterministic processes on 
community assembly is essential for the design of habitat management plans and predicting 
their success. However, disentangling the relative importance of these two processes remains 
a challenge (Logue et al. 2011). 
   β-diversity indices allow estimating the relative roles of dispersal limitation and 
ecological filtering (Pavoine and Bonsall 2011). However, their interpretation and the 
comparison of results from different study systems may be challenging since; patterns in β-
diversity are attributable to different processes across spatial scales (Warren et al. 2014) and 
the wide variety of indices available (Barwell et al. 2015); inter-site dissimilarity indices have 
been criticized for introducing statistical artefacts due to the mean-variance relationships in 
community data (Warton et al. 2012). An alternative approach to testing the influence of 
ecological filtering is to use generalized linear models, since GLMs are better at accounting for 
mean-variance relationships (Warton et al. 2015). Similarly generalized linear mixed effect 
models (GLMMs), have recently been used to test how functional traits influence the 
occurrence of bee species (Kremen and M'Gonigle 2015). However, the univariate approach 
has so far been limited to testing the influence of ecological filtering. Here we expand on this 
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approach and suggest a novel analytical framework allowing the inclusion of the influence of 
stochastic processes. We use this framework to test if dispersal limitation, ecological drift as 
well as ecological filtering influence the assembly of bee communities. 
Stochastic processes may be important determinants of bee diversity, and communities 
at northern latitudes in the northern hemisphere may be especially susceptible since they are 
on the limits of the distributional range of many species (Nieto et al. 2014). They therefore 
provide a good model system for testing the combined influence of stochastic and deterministic 
processes on community assembly. For instance, that foraging ranges and nesting behavior 
determine the response of bees to habitat isolation (Williams et al. 2010), suggests dispersal 
limitation could influence bee community assembly and supports the idea that dispersal rates 
may be partly deterministic (Lowe and McPeek 2014). Indeed, as central place foragers, bees 
show more pronounced distance decay functions from source habitats than the more 
ephemerally distributed hoverflies (Syrphidae) (Jauker et al. 2009).  
The influence of dispersal limitation can be assessed through increases in species 
turnover among sites with increasing distances (Anderson et al. 2011). Communities that are 
connected through species dispersals should have a more similar species composition than sites 
that are unconnected (Leibold et al. 2004). In the approach proposed in this paper, we follow 
this rationale. However, estimating the species turnover among sites within a metacommunity 
results in a multivariate matrix that includes all inter-site distances, which is unsuited for 
univariate analyses. We therefore create a univariate variable ‘Distance to source habitat’ that 
allows estimating the average probability of a species being present in a local community as a 
function of the geographic distance to the nearest community where the species occurs. For 
each species by site combination, we calculate the distance to the nearest site where that species 
occurs. A strength of this approach is that it allows the inclusion of interaction terms between 
functional traits hypothesized to influence dispersal limitation and the geographic distance to 
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the nearest conspecific. Our proposed variable, the ‘Distance to source habitat’ thereby 
characterizes the influence of the proximity of suitable habitat patches on the occurrence of 
species and allows the influence of dispersal limitation to be characterized using univariate 
GLMMs within existing frameworks (Kremen and M'Gonigle 2015). 
If communities are not connected through the dispersal of species, neutral theory 
predicts that ecological (species) drift will lead to the mono-dominance of one species. In 
contrast, if immigration is unrestricted, communities consist of a random sample of individuals 
from the regional species pool (Rosindell et al. 2011). Bee diversity often declines with 
elevation (Hoiss et al. 2012), and communities at high latitudes are usually more dissimilar 
than those at low latitudes suggesting a higher degree of habitat isolation (Sydenham et al. 
2015). The probability of species occurring in favorable conditions should therefore mirror 
their regional abundance, whereas the relative probability of occurrence should be lower in 
high elevation sites due to too a lower abundance (Hoiss et al. 2013) and a more patchy 
distribution of resources.   
To explore the relative importance of dispersal limitation, ecological drift and 
ecological filtering we use a model system of solitary bee communities comprising 44 species, 
from 46 sites in southeastern Norway (Fig. 2). The sites encompassed gradients in elevation, 
latitude and from being dominated by Ericaceous shrubs too being dominated by forbs, 
providing resources for a broader spectrum of bees (Hanula et al. 2015, Sydenham et al. 2015). 
We tested if the probability of species occurring in communities was related to: 
(I) Dispersal limitation; the mean occurrence of a species decreases with increasing 
distance to the nearest site where conspecifics occur. Dispersal limitation may 
be non-neutral in that rate of decrease in occurrence with distance among sites 
depends on foraging range and nesting behavior. 
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(II) Ecological drift; the mean occurrence of a species increases with its abundance 
in the surrounding metacommunity and this positive relationship is strongest at 
high elevations due to ecological drift.  
(III) Ecological filtering; the mean occurrence of non-Ericaceae affiliated species 
increases with the species richness of forbs, whereas the mean occurrence of 
Ericaceae affiliated species decreases. We selected this specific trait and 
ecological filter combination as it has previously been shown to be an important 
determinant of solitary bee diversity within our study system (Sydenham et al. 
2015).  
Materials and Methods 
We combined two datasets on solitary bees in power line clearings (sites) where bees had been 
sampled using flight-interception traps installed following snowmelt (April/May), emptied four 
times during the trapping season and removed in the early autumn (August/September). In 
‘Dataset 1’, 3, 4, 4 and  3 traps per site were sampled during the first, second third and fourth 
sampling period, respectively. The sites in ‘Dataset 2’ were sampled during an experiment with 
three treatment plots per site and three traps per treatment plot (Fig. 2, Supplementary 
methods). Plant surveys were conducted within 1m2 subplots. Subplots in ‘Dataset 1’ were 
arranged in eight 5m2 rectangles placed 50 meters apart along the direction of the power line 
clearing. In ‘Dataset 2’ nine subplots were sampled in each of the three treatment units. We 
used the species richness of forbs within sites as a proxy for resource diversity; high values 
indicate floristically diverse sites, and low values are characteristic of Ericaceous shrub 
dominated sites (Sydenham et al. 2015). Estimated maximum foraging ranges (Supplementary 
methods), nesting behavior (above- vs. below-ground) and Ericaceous affiliation (specialists 
vs. non-specialists) for all species were obtained from the European pollinator database 
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established during the ALARM and STEP projects and maintained by M.K., S.G.P. and 
S.P.M.R.  
We combined site and species-specific information into one dataset (Table 1, 
Supplementary methods). We used binomial GLMMs in the lme4 [18] library in R [19] with 
the presence of species within sites as response variable. Functional traits were; the numerical 
variable Foraging range and the categorical variables Ericaceae affiliation and Nesting 
behavior. The Forb species richness and Elevation for each site were included as ecological 
filters. We included the interaction terms Distance to source habitat × Foraging range, 
Distance to source habitat × Nesting behavior, Forb species richness × Ericaceae affiliation 
and Elevation × Regional abundance and their main effect terms as fixed effects. Species 
identity, Site identity, Study design and Sampling year were included random intercept terms. 
Forb species richness × Ericaceae affiliation was included as a random slope to account for 
the differences in plant survey protocols between study designs. The binomial GLMM was 
fitted with the complementary log-log link due to imbalances in the number of presence and 
absences (Zuur et al. 2009). All numerical variables were centered to zero means. We excluded 
fourteen species from the analysis since they only occurred within single sites and their 
Distance to source habitat therefore returned missing values. We tested the influence of 
Elevation on the presence of single-site inhabitants in a separate GLMM analysis 
(Supplementary methods). We simplified models by first dropping random effects that 
increased the Bayesian Information Criterion (BIC). We then used likelihood ratio tests to 
conduct a backward elimination of fixed effect terms. One species was an influential outlier 




Our combined studies included 885 individuals from 44 species of solitary bees. The estimated 
probability of a species occurring within communities decreased from 13.5% to 3.2% as the 
distance to the nearest source habitat increased from 5.5 to 203 km (Fig. 3, table 2), 
irrespectively of foraging range or nesting behavior (Supplementary methods). Ecological drift 
was most pronounced at high elevations as the interaction term Elevation × Regional 
abundance showed that the probability of regionally rare species occurring in communities 
decreased more rapidly with elevation than it did for regionally common species (Fig. 3, table 
2). Ecological filtering decreased the occurrence of Ericaceae specialists from 13.7% to 5.9% 
and increased the occurrence of non-Ericaceae affiliated species from 5.6% to 27.9% as the 
species richness of forbs increased from zero to 41. The probability of occurrence of single-
site inhabitants decreased with elevation (Fig. 3, table 2).  
Discussion 
By expanding on approaches that test the influence of ecological filtering (Kremen and 
M'Gonigle 2015, Warton et al. 2015) we show that both stochastic and deterministic processes 
influenced the assembly of bee communities (Fig. 3, table 2).  
The probability of species occurring in sites decreased with the distance to the nearest 
site where their habitat conditions were met suggesting that bee communities are dispersal 
limited. That dispersal limitation is an important process in the assembly of bee communities 
is supported by that the similarity in species composition decreases with geographic distance 
among similar habitats (Murray et al. 2012). However, it was somewhat surprising that 
foraging ranges and nesting behavior did not influence the dispersal limitation in our study 
system, since these traits have been shown to influence the vulnerability of bees to habitat 
isolation more generally (Williams et al. 2010). It may be that the inter-site distances in our 
study were too large (≥5.5 km) to account for trait specific responses to dispersal limitation or 
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that foraging ranges are not a consistent proxy for dispersal capability (Murray et al. 2009). For 
instance, Colletes hederae and other species have, within recent years, crossed distances greater 
than their predicted foraging ranges and colonized the British Isles from continental Europe.  
The decrease in species occurrences with elevation depended on their regional 
abundance. Bee communities at high elevation have previously been shown to consist of a few 
widely distributed lowland (e.g. Lasioglossum calceatum) and montane (e.g. L. fratellum) 
species (Hoiss et al. 2012). Our results suggests that pure sampling effects could also explain 
the under-representation of rare lowland species at high elevations, where single-site occupants 
(mainly lowland species) were also less likely to occur (Fig. 3, table 2), suggesting an increased 
role of ecological drift under unfavorable environmental conditions.  
The role of stochastic processes in community assembly could have important bearings 
for conservation planning if the success of habitat management practices is less predictable in 
areas with harsh environmental conditions. For instance, the effect size of agri-environmental 
schemes on promoting local bee diversity depends on the availability of source habitats in the 
surrounding landscape suggesting (Scheper et al. 2013) suggesting that connectivity among 
sites should be considered in habitat management plans.   
The approach used here allows estimating the influence of stochastic and deterministic 
processes on community assembly. A strength of focusing on species abundances (Warton et 
al. 2015) or occurrences (Kremen and M'Gonigle 2015), instead of multivariate diversity 
indices is that the framework is reducible to meta-population ecology as analyses can be 
restricted to single species. Moreover, differences in the metacommunity abundance among 
species are related to biogeographic processes since speciation events and long distance 
dispersal may explain the commonness (i.e. abundance) of species and clades within regions 
(Warren et al. 2014). In addition to elucidating the relevance of stochastic processes for 
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conservation management, the approach used in this paper therefore also allows for a heuristic 
link between meta-population ecology and biogeography and thereby provides a step towards 
a reductionist community ecology. 
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Table 1. The original data frames required for the analyses and description of the variables they 
include. The derived data frame contains all species1...j-site1…k combinations and thereby j×k 
rows.  
Original data frames Rows Columns Description 
 Community data 
frame 
Site1…k Species1...j Abundances of speciesj in 
sitek 
 Traits data frame Species1…j Functional trait1…t Traitt values for speciesj 




Ecological filterse and site 
information for sitek 
 Spatial data frame Site1…k Spatial coordinates Geographic position of 
site1...k 
Columns in derived 
data frame 
Description Range in this study 
 Presence Presence/absence of the jth species 
in the kth site 
Mean = 0.17 of sites 
occupied per species 
 Local abundance Abundance of the jth species in the 
kth site 
Mean = 0.44 (range: 0; 37) 
 Species identity Identifier of the jth species 44 species 
 Site identity Identifier of the kth site 46 sites 
 Study design Grouping factors for Dataset 1 and 2 Dataset 1; 27 sites, Dataset 
2; 19 sites 
 Sampling year Grouping factor for sites for 
sampling years 
2009; 9 sites, 2010; 8 sites, 
2013; 29 sites  
 Species traits tth trait of the jth species (one 
column per trait) 
Nesting behavior; % Above 
ground = 69% 
Foraging range: Mean = 
0.84 km (range: 0.05;5.7) 
 Environmental 
condition 
eth environmental variable value for 
the kth site (one column for each 
variable) 
Forb species richness; 
Mean = 13.5 (range = 0; 41) 
Elevation; Mean = 248 m 
(range: 36; 568) 
 Distance to source 
habitat 
Distance from the kth site to the 
nearest site where the jth species 
was found. For single-site occupants 
the calculation of this variable 
returns a missing value. 




Abundance of the jth species across 
all sites. 
Mean = 20.11 individuals 
(range: 2; 124) 
 Regional abundance Metacommunity abundance – Local 
abundance 
Mean =  19.68 individuals 




Table 2. Results from binomial GLMM on the presence of solitary bee species within power 
line clearings in southeast Norway (See text and Supplementary methods for details). 
GLMM species occurring in > 1 site β s.e. z p 
 Intercept -2.283 0.129 -17.71 <0.001 
 Forb species richness 0.465 0.097 4.82 <0.001 
 Ericaceae affiliated 0.071 0.294 0.24 0.809 
 Distance to source habitat -0.275 0.102 -2.70 0.007 
 Elevation -0.460 0.119 -3.88 <0.001 
 Regional abundance  0.723 0.074 9.75 <0.001 
 Forb species richness × Ericaceae affiliated -0.703 0.186 -3.78 <0.001 
 Elevation × Regional abundance 0.098 0.046 2.14 0.033 
 Random effects σ s.d. obs. groups 
  Site identity (intercept) 0.264 0.514 1978 46 
  Species identity (intercept) 0.091 0.301  43 
GLMM on species occurring in 1 site β s.e. z p 
 Intercept -4.550 0.578 -7.86 <0.001 
 Elevation -1.292 0.435 -2.97 0.003 
 Random effects σ s.d. obs. groups 





Figure 1. The hypothesis of how stochastic and deterministic processes drive community 
assembly within habitats (A-D). Species within the regional species pool are characterized by 
traits that define their habitat affiliation as well as their relative abundance compared to other 
species. Dispersal connects proximate communities in areas of similar habitat conditions. The 
absolute abundance of individuals may differ between sites due to differences in habitat size 
(A>B) but the relative abundance of species remains the same. Ecological filtering only allow 
the subset of species that possess the traits required by the environment to establish in sites (C). 
If habitats are isolated (D), ecological drift will eventually lead to the mono-dominance of the 




Figure 2. Map of study area marking the location of the 27 sites from ‘Dataset 1’ (red circles). 
9, 8 and 10 sites were sampled in 2009, 2010 and 2013, respectively. The 19 sites from ‘Dataset 
2’ (black circles) were sampled in 2013. Bees were sampled using window traps with four and 





Figure 3. Binomial GLMM on the presence of solitary bee species in 46 power line clearings 
as a function of the Distance to source habitat, Ericaceae affiliation × Forb species richness 
and Regional abundance × Elevation. The influence of the interaction Regional abundance × 
Elevation is plotted at three difference levels of Regional abundance (lowest = blue, 
intermediate = pink, highest = green). The presence of single-site inhabitant decreased with 








This document describes the characteristics of the datasets used in the analyses, the backward 
elimination procedure used to generate the final model presented in the main text (Fig. 3, Table 
2) and the additional analysis on single-site occupants. 
Data collection 
Dataset 1 consisted of nine sites sampled in 2009, eight in 2010 and ten in 2013. Dataset 2 
consisted of 19 sites sampled in 2013. Plant surveys were conducted within 1-m2 subplots 
within each site (Fig. 2). We visually estimated the total cover of all vascular plant species  
found within subplots and calculated the species richness of forbs for each site. The elevation 
of each site was determined from Ar5 digital maps (http://www. 
skogoglandskap.no/temaer/ar5). 
Community data frame: 
A total of 46 sites and 58 bee species were sampled (Table S1). The majority of species occurred 
with less than 20 individuals in the metacommunity and occupied fewer than 10 sites, the 
majority of sites had fewer than 25 individuals and 10 species present (Fig. S1). 
Functional trait data frame: 
The functional traits data frame contained the mean intertegular distance (ITD) and foraging 
range of each bee species as well as the nesting biology as a categorical variable. The foraging 
range was estimated from the equation; foraging range = 10-1.363+ 3.366×log10(ITD) (Greenleaf et al. 
2007). The distribution of foraging ranges was skewed and only Megachile nigriventris was 
expected to be able to forage at distances greater than four kilometres from the nest (Table S1). 
There was also a slightly larger number of below ground nesting bees but both nest trait groups 
contained ≥ 22 species. There was no significant difference in the estimated foraging ranges 
between below ground nesting bees and above ground nesting bees (Two-sample t-test; d.f. = 
28.7, t = 0.83, p = 0.413). Three species were Ericaceae specialists and accounted for as much 
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as 17% of the 901 individuals sampled (Fig. S2). We focused on the Ericaceae affiliated and 
non-Ericaceae affiliated species, including other oligolectics, since species within these two 
groups have been shown to have different habitat preferences (Hanula et al. 2015). In particular, 
the proportion of Ericaceae affiliated species has been shown to increase with the dominance 
of Ericaceous shrubs (Sydenham et al. 2015). 
Environmental data frame: 
The environmental data frame contained the numerical variables Forb species richness and 
Elevation and the categorical variable Study design with two levels (Dataset 1 vs. Dataset 2). 
We used a Spearman’s rank correlation to test for correlations between Elevation and Forb 
species richness. The variables were not correlated when both datasets were combined (rho = 
0.03, p = 0.84) or when the relationship was tested individually for Dataset 1 (rho = 0.15, p = 
0.46) and Dataset 2 (rho = -0.23, p = 0.35). We used the function sm.density.compare in the 
‘sm’ library (Brownman and Azzalini 2014) in R to apply a bootstrap test with 1000 samples 
to test if the density distributions of Elevation and Forb species richness were similar for both 
datasets. The density distribution of Elevation did not differ between the two datasets (p = 0.46). 
However, the density distributions of Forb species richness were not equal between the two 
datasets (p = 0.02) and there was a higher proportion of sites with more than 10 species of Forbs 
in Dataset 2 than in Dataset 1 (Fig. S3). 
 The differences in the density distributions of Forb species richness could be due to the 
sites in Dataset 2 actually having a richer flora than sites in Dataset 1, in which case the two 
datasets would complement each other by extending the gradient in floral diversity. However, 
the plant survey protocol differed between the two datasets (Fig. 2). Dataset 1 had 20 1-m2 plant 
plots placed along the centre of the power line clearing, and a parallel set of 20 plant plots 
situated along the edge. In contrast, Dataset 2 had 27 plant survey plots located in the centre of 
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the power line clearing, arranged in a regular grid. This could have increased the detection rate 
of Forbs in Dataset 2 compared to Dataset 1 since the diversity of plants is higher in the centre 
compared to in the edge (Eldegard et al. 2015). This potential bias in the estimation of the 
resource diversity within clearings could influence the relationship between the estimated 
probability of species occurring in a site and the forb species richness within the site. We 
accounted for this in the statistical analyses (see below). 
Spatial data frame: 
The spatial data frame contained the geographic coordinates for each site (WGS84 UTM32). 
This was used to calculate the geographic distance among all sites (Fig. S4, min = 5.5 km, mean 
98 km. max = 277.6 km). 
Statistical analyses 
We combined the four data frames into a single data frame that was used for the analyses (Table 
1). The data frame contained all possible species-by-site combinations and the presence or 
absence of each species within each site. It also contained the trait information for each species 
as well as the environmental information for each site. We combined the geographic distances 
among sites with the presence of each species in sites to calculate the distance from each site to 
the nearest site in which the focal species had been sampled. We assumed that a species being 
present in a site indicated that the habitat requirements for that species were met within foraging 
range of that particular site. The distance between the focal site and the nearest site hosting the 
focal species was used as a proxy for the distances from a site to the nearest source population 
of each species. Species were present within sites distanced within the entire spatial extent of 
the study (Fig. S5) showing that suitable habitats for bees were not situated in remotely 
distanced clusters of sites. Importantly the density distributions of ‘Distance to source habitat’ 
from sites in which the focal species was both present and absent overlapped. Our study area 
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thereby included sites with suitable and unsuitable habitat conditions at a variety of geographic 
distances (Fig. S5).   
The final variable in the data frame was the total number of individuals of each species found 
in the metacommunity, outside the focal site, and was calculated as the total number of 
individuals observed for each species minus the number of that species found within the focal 
site.  
We used binomial generalized linear mixed effect models in the lme4 (Bates et al. 2015) 
library in R (R development core team 2014) to build a full model allowing us to test the 
influence of migration limitation, ecological filtering and ecological drift on the average 
probability of a species occurring in a site. We included the interaction term Distance to source 
habitat × Foraging range since the foraging range of bees varied among the species sampled 
(Fig. S2) and we expected that this could also influence their migration ability and hence the 
distance decay rate in the probability of occurrence. We also included the interaction term 
Distance to source habitat × Nesting behaviour to test if the nesting resources sought by bees 
made them more migration limited. This was done since the study area was dominated by 
forests, with dead wood (standing dead trees, stumps, snags and logs) accumulating along the 
edges of the power line clearings. Dead wood may therefore be more widely distributed within 
the study area than deep and sandy soils, which are restricted to river and marine sediments. 
Bees that nest below ground may therefore experience a more aggregated distribution of nest 
sites than above ground nesting bees, which nest in dead wood or in cavities found above 
ground. 
We included the interaction term Forb species richness × Ericaceae specialist where 
Ericaceae specialists was a categorical variable with two levels (i.e. Ericaceae specialist vs. 
non-Ericaceous affiliated). This allowed us to test if changes in the probability of occurrence 
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with Forb species richness depended on whether or not the species was affiliated with 
Ericaceous shrubs and thereby if Forb species richness acted as an ecological filter. 
The interaction term Elevation × Regional abundance was included to test if the 
influence of Ecological drift increased with Elevation, since species richness and abundance 
decreases with elevation, and since species found at high elevations tend to have broader 
distributional ranges (Hoiss et al. 2012) which may be caused by elevation acting as an 
ecological filter. However, since the species, functional and phylogenetic composition in bee 
species assemblages is usually less predictable at high latitudes (which correlates with 
elevation) (Sydenham et al. 2015), it may also be a sampling effect if the probability of 
observing regionally rare species decreases as less individuals are present. The latter would be 
a neutral process with an end result equivalent of that of ecological drift (Hubbel 2001, 
Rosindell et al. 2011). 
We included the categorical variables Species identity, Site identity, study design and 
Sampling year as random intercepts to account for variations in the mean probability of 
occurrence within each of these random effects. We also included the interaction term Forb 
species richness × Ericaceae specialist as a random slope for Study design to account for the 
differences in Forb species richness distributions between study designs. This allowed us to 
account for differences between study designs in the relationships between the Forb species 
richness × Ericaceae specialist interaction and the average probability of a species occurring 
within a site. We removed 14 species that only occurred within a single site from the dataset, 
leaving 44 species for the analyses. This was done since including these species produced 
missing values for the Distance to source habitat when the focal site was the one site they 
occurred in. Their inclusion would thereby produce a missing value in the GLMM for the only 
site they occurred in, and inflated the number of absences in the analysis. Following Zuur et al. 







We simplified the model by first dropping random effects that did not account for a significant 
amount of variation by comparing the Bayesian Information Criterion (BIC) between the full 
model and the simplified model. We continued with the simplification of random effect terms 
until the BIC increased following the removal of a random effect (i.e. the full model provided 
a better fit to the data that the simplified model). We then used likelihood ratio tests and 
subjected the resulting model to backward elimination of fixed effects terms until all variables 
were significant (p ≤ 0.05). 
The random intercept Sampling year accounted for <0.001 of the variance and removing 
this variable reduced the BIC value (ΔBIC = -7.61, BICcomplex model ~ 1569, BICreduced model ~1561) 
and Sampling year was dropped from the model. The variance accounted for by the random 
slope Forb species richness × Ericaceae specialists was <0.001. Reducing the interaction term 
to its main effect terms reduced the BIC value (ΔBIC = -30.46, BICcomplex model ~ 1561, BICreduced 
model ~ 1531) and it was dropped from the model. At the next step we removed the random slope 
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Forb species richness  since it only accounted for 0.001 of the variance and excluding this 
random effect reduced the BIC value (ΔBIC = -22.78, BICcomplex model ~ 1531, BICreduced model ~ 
1508). At the next step we removed the random intercept term Study design as it only accounted 
for 0.001 of the variance and its removal did not increase the BIC value (ΔBIC = -0.002). We 
then removed the random slope term Ericaceae specialist as the variance accounted for by the 
differences in slopes between study designs was only 0.002 for Non-Ericaceae affiliated species 
and 0.010 for Ericaceae specialists and its removal reduced the BIC value (ΔBIC = -22.82, 
BICcomplex model ~ 1508, BICreduced model ~ 1485). The fact that all random effect terms, both 
intercepts and slopes, associated with study design were dropped from the model suggests that 
the differences in study designs did not influence the variance structure in model. We then 
removed the random intercept term Species identity as this accounted for 0.12 of the variance, 
compared to the 0.25 accounted for by the random intercept Site identity. However, removing 
Species identity increased the BIC value by 2.39 and it was therefore included in the model. 
 The LRT test showed that all variables contributed to explaining the presence of species 
within local communities (Table S2). However, the estimated influence of Distance to source 
habitat × Foraging range was biased due to the unequal density distribution of foraging ranges 
and specifically the presence of Megachile nigriventris with an estimated foraging range of 5.69 
kilometres and occurrences within three sites separated by 127, 149.5 and 163 kilometres. We 
corrected for this bias in two ways.  
We first ran the same model but excluded M. nigriventris from the analyses and rescaled 
the variables to zero means, which reduced the influence of Distance to source habitat × 
Foraging range (d.f. = 1, LRT = 0.04, p = 0.849). We therefore first excluded the interaction 
term from the model and thereafter  the non-significant fixed effect term Foraging range (d.f. 
= 1, LRT = 0.14, p = 0.71). The interaction term Distance to source habitat × Nesting behaviour 
was not significant (d.f. = 1, LRT = 3.09, p = 0.079) and was dropped from the model followed 
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by the exclusion of Nesting behaviour (d.f. = 1, LRT = 0.01, p = 0.99). The final model when 
M. nigriventris was excluded from the dataset therefore included the main effect term Distance 
to source habitat and the interaction terms Forb species richness × Ericaceae specialist and 
Elevation × Regional abundance (Table S2). 
As an alternative approach, we included  M. nigriventris in the analysis, but corrected 
for biased estimates of the influence of Distance to source habitat × Foraging rangeby 
transforming the Foraging range variable. The density distribution was skewed towards short 
home ranges (25th quantile = 152 metres, 50th quantile = 514 metres, 75th quantile = 1,093 
metres). We therefore assigned all foraging ranges larger than the third quantile the same value 
(1,093 metres) so that all species with foraging ranges larger than one kilometre were treated 
equally. This transformed variable was called Density corrected Foraging range. We rescaled 
all numerical variables to zero means and reran the final model from the analyses on the 
untransformed data (where M. nigriventris had been included), but this time using the 
transformed foraging range variable. The interaction term Distance to source habitat × Density 
corrected Foraging range was not significant (d.f. = 1, LRT  = 3.11, p = 0.078) and was dropped 
from the model followed by dropping of the main effect term Density corrected Foraging range 
(d.f. = 1, LRT  = 0.86, p = 0.354). The final model included the interaction terms Forb species 
richness × Ericaceae specialist, Distance to source habitat × Nesting behaviour and Elevation 
× Regional abundance (Table S1). M. nigriventris was an influential outlier whose presence in 
the analyses led to the inclusion of the Distance to source habitat × Foraging range interaction 
term in the original model, and the Distance to source habitat × Nesting behaviour in the 
Foraging range density corrected model (Table S2).  We therefore present the results from the 




The 14 species that were single site occupants (Table S1) and therefore removed from the 
analyses were all mainly lowland species (except from O. inermis). We therefore ran an 
additional analysis to test if the probability of observing these species decreased with Elevation. 
We fitted the presence of the species using a binomial GLMM with a cloglog link function. The 
centred Elevation was included as a fixed effect and Site identity as a random effect. Species 
identity was excluded as a random effect as this improved model fit (ΔBIC = -6.47, BICcomplex 
model ~ 147, BICreduced model ~ 141). The estimated probability of observing single site occupants 
decreased from 9% to c. 0% with Elevation (df = 1, LRT = 9.63, p 0.002) following the same 
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Table S1. List of species sampled in 46 power line clearings in south-eastern Norway. For each 
species, the table shows the number of sites that the species occurred in (Presences), the  total 
abundance, i.e. number of individuals in the metacommunity, and the species’ functional traits. 
ITD = mean intertegular distance (body size). Species marked in bold were excluded from the 
analyses as they only occurred within a single site. Specimens were identified using regional 
identification keys (Schmid-Egger and Scheuchl 1997, Amiet et al. 1999-2004, Amiet 2007) 
and voucher specimens are stored in the entomology collection at the Norwegian University of 
Life Sciences’, Department of Ecology and Natural Resource Management. 







      
Andrena bicolor 2 2 None Below ground 2.05 
Andrena carantonica 3 4 None Below ground 2.76 
Andrena cineraria 3 18 None Below ground 2.78 
Andrena clarkella 17 40 None Below ground 3.17 
Andrena denticulata 2 2 None Below ground 2.13 
Andrena fucata 19 36 None Below ground 2.28 
Andrena fulvida 6 13 None Below ground 2.24 
Andrena fuscipes 9 27 Oligolectic Below ground 2.03 
Andrena haemorrhoa 7 16 None Below ground 2.58 
Andrena helvola 5 7 None Below ground 2.17 
Andrena intermedia 1 1 None Below ground 1.83 
Andrena lapponica 36 124 Oligolectic Below ground 2.58 
Andrena nigriceps 1 2 None Below ground 2.54 
Andrena ruficrus 3 4 None Below ground 1.96 
Andrena subopaca 20 102 None Below ground 1.48 
Andrena tibialis 1 1 None Below ground 2.93 
Andrena vaga 2 6 None Below ground 2.85 
Andrena wilkella 1 1 None Below ground 2.16 
Colletes cunicularius 3 3 None Below ground 3.63 
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Colletes daviesanus 2 2 None Below ground 2.46 
Colletes succinctus 3 5 Oligolectic Below ground 2.95 
Hylaeus angustatus 7 9 None Above ground 1.06 
Hylaeus annulatus 14 29 None Above ground 1.47 
Hylaeus brevicornis 2 2 None Above ground 1.02 
Hylaeus communis 14 30 None Above ground 1.7 
Hylaeus confusus 34 119 None Above ground 1.36 
Hylaeus hyalinatus 3 7 None Above ground 1.33 
Hylaeus incongruus 2 3 None Above ground 1.43 
Hylaeus rinki 5 5 None Above ground 1.15 
Dufourea dentiventris 1 1 None Below ground 1.55 
Halictus rubicundus 10 17 None Below ground 2.1 
Halictus tumulorum 2 3 None Below ground 1.46 
Lasioglossum albipes 6 20 None Below ground 1.63 
Lasioglossum 
calceatum 
7 27 None Below ground 1.8 
Lasioglossum fratellum 24 65 None Below ground 1.43 
Lasioglossum 
fulvicorne 
2 4 None Below ground 1.32 
Lasioglossum leucopus 12 44 None Below ground 1.12 
Lasioglossum morio 4 7 None Below ground 1.01 
Lasioglossum 
punctatissimum 
1 1 None Below ground 1.3 
Lasioglossum rufitarse 6 32 None Below ground 1.37 
Anthidium punctatum 1 1 None Above ground 2.71 
Chelostoma 
campanularum 
1 2 None Above ground 0.93 
Chelostoma florisomne 6 16 None Above ground 1.75 
Hoplitis claviventris 1 1 None Below ground 1.95 
Hoplitis tuberculata 2 2 None Above ground 2.24 
Megachile 
circumcincta 
1 1 None Below ground 3.35 
Megachile nigriventris 3 3 None Above ground 4.26 
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Megachile versicolor 2 2 None Above ground 3.06 
Megachile 
willughbiella 
1 1 None Above ground 3.6 
Osmia bicornis 2 2 None Above ground 3.1 
Osmia caerulescens 2 2 None Above ground 2.48 
Osmia inermis 1 1 None Above ground 3.12 
Osmia leaiana 2 3 None Above ground 2.69 
Osmia nigriventris 9 12 None Above ground 3.31 
Osmia parietina 5 5 None Above ground 2.14 
Osmia uncinata 4 4 None Above ground 2.07 
Macropis europaea 1 1 None Below ground 2.52 
Melitta 
haemorrhoidalis 




Table S2. Likelihood Ratio Test statistics from binomial GLMMs on the presence of solitary 
bee species within power line clearings, with Megachile nigriventris included in the analyses, 
and when excluded from the analyses to account for biases in the estimated influence of the 
interaction term ‘Distance to source habitat × Foraging range’. 
 d.f. LRT p-value 
M. nigriventris included in the analyses    
 Ericaceae specialist × Forb species richness 1 15.5 <0.001 
 Distance to source habitat × Foraging range 1 6.4 0.011 
 Distance to source habitat × Nesting behaviour 1 5.2 0.022 
 Elevation × Regional abundance 1 4.5 0.034 
M. nigriventris excluded from the analyses    
 Distance to source habitat 1 7.49 0.006 
 Forb species richness × Ericaceae specialist 1 16.09 <0.001 
 Elevation × Regional abundance 1 4.60 0.032 
M. nigriventris included in the analyses (Foraging range density corrected) 
 Ericaceae specialist × Forb species richness 1 15.86 <0.001 
 Distance to source habitat × Nesting behaviour 1 5.5 0.019 





Figure S1. The distribution of abundances, the number of sites occupied by species and the 




Figure S2. The distribution of functional traits among the 58 species of solitary bees sampled 
in 46 power line clearings in southeast Norway (Fig. 2). The foraging range was estimated 






Figure S3. The density distributions of Elevation and Forb species richness within each of 










Figure S5. The density distributions of the distances from local sites to sites where the focal 
species was found (i.e. source habitats). Distances are calculated from sites where the focal 
species was either present or absent as well as for the shortest, median and longest distances 
between source habitats. Density distributions were calculated when all species that occurred 
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